THE ECOTOXICOLOGY OF ENGINEERED NANOPARTICLES TO FRESHWATER FISH by Shaw, Benjamin John

This copy of the thesis has been supplied on condition that anyone who consults it is 
understood to recognise that its copyright rests with its author and that no quotation 
from the thesis and no information derived from it may be published without the 
author's prior consent. 

THE ECOTOXICOLOGY OF ENGI^EERED NANOPARTICLES TO 
FRESHWATER FISH 
by 
BENJAMIN JOHN SHAW 
A thesis submitted to the University of Plymouth 
in partial ftilfilment for the degree of 
DOCTOR OF PHILOSOPHY 
School of Biomedical and Biological Sciences 
Faculty of Science 
August 2011 
Benjamin John Shaw 
3 
The ecotoxicoiogy of engineered nanoparticles to freshwater fish 
Abstract 
The use of nanoscale materials is growing exponentially, but there are also concerns 
about the environmental hazard to aquatic biota. Metal-containing engineered 
nanoparticJes (MPs) are an important group of these new materials, and whilst there are 
undoubtedly a plethora of beneficial uses for these NPs, it is essential that an 
appropriate risk assessment is carried out in order lo protect the environment and human 
health, with the consumption of contaminated fish a distinct possibihty. The current 
study aimed to assess the bioavailabihty, uptake and toxicoiogical effects of two metal-
NPs (TiO:: NPs and Cu-NPs) to fish fi"om both dietary and watertiome exposure routes 
and where appropriate compare them to their bulk counterpart. Whole body system 
effects were assessed along with the influences of the life stage of exposed fish and 
abiotic factors on toxicity. A technique to improve the quantification of Ti from TiO? 
NPs in fish tissue was also developed- Effects fit)m exposure to dietary Ti02 NPs 
manifested similarly to traditional dietary metal exposure, with no reduction in growth, 
but some sublethal affects. Exposure to waterbome Cu-NPs showed that rainbow trout 
were more acutely sensitive lo CUSO4 than the NPs. but that despite limited uptake 
several body systems were affected (most notably ionoregulation). Larvae were more 
sensitive to CUSO4 than Cu-NPs, but no differences were seen with embryos, whilst 
larvae were more sensitive than embryos. Abiotic factors did have an effect on acute 
Cu-NP toxicity, though not always in a predictable manner, with some effects more 
pronounced than with CUSO4. Overall, it appears that metal-NPs are not as acutely toxic 
as their bulk counterparts, but sublethal effects, were routinely observed. As TiO: NPs 
appear more toxic than its bulk counterpart, current legislation goveming safe 
environmental limits may have to be adjusted, though the situation with Cu-NPs isn't as 
clear and further investigation is required. However, the risk of human exposure via the 
consumption of NP contaminated fish fillets is extremely low. 
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Chapter 1. General Introduction. 
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1.1 introduction 
The ecophysiology and toxicology of trace metals in fish has been the focus of 
extensive research for many years {Henry and Atchison, 1991; Spry and Weiner, 1991; 
Wendelaar Bonga and Lock, 1992; Handy, 1996; Clearwater et al., 2002; Kamunde and 
Wood, 2004; Handy et al., 2005). This has led to a consensus view on the main effects of 
metals on fish, as well as the associated environmental hazards and risks (review. Campbell 
et al., 2006). It is well established that fish have essential nutrition requirements for trace 
metals (e.g. copper, zinc, iron, Buiy et al., 2003), and that some trace metals are "non-
essential" with no known or important biological role (e.g. mercury, silver). The 
bioavailability and biological uptake of trace metals by fish has been given special attention 
by researchers. These studies include detailed models of trace element speciation in water 
(e.g., free ion activity models, van Leeuwen et al., 2005) and investigations on the uptake of 
particular trace metal species by fish (e.g., Piayleet al., 1993). The effects of abiotic factors 
in water chemistry, such as pH and water hardness, on metal uptake and toxicity are well 
known (e.g., Cusimano et al., 1986; Erickson et al., 2008) and models have been constructed 
to predict metal toxicity (e.g., biotic ligand models; Paquin et al., 2002; Niyogi and Wood, 
2004). The target organs, mechanisms of sequestration and storage of metals in the biological 
systems offish, and excretion have also been studied (e.g., Grosell et al., 1997), as well as the 
effects upon fish behaviour (review, Scott and Sloman. 2004). 
In recent years, novel chemical engineering techniques have produced nanomaterials 
(NMs), and the apphcafion of these materials in product and processes is known as 
nanotechnology. Engineered nanomaterials comprise of numerous different physical forms 
and some of these materials have adverse effects on fish including; carbon nanombes (e.g.. 
Smith et al., 2007), carbon spheres called fiillerenes (e.g., Ceo. Zhu et at., 2007) and 
22 
nanoparticles (NPs) made from metals (e.g., Cu, Griffitt et al., 2007), metal oxides (e.g., 
TiO;, Federici et al., 2007), or composites made of several metals (e.g.. quantum dots, King-
Heiden et al., 2009). Engineered NPs can also be made into many different shapes (e.g., 
wires, rods or spherical particles), and can be functionalised with almost any type of surface 
chemistry. Thus even carbon-based nanomaterials can be functionalised with metals, for 
example; metal-coated carbon nanotubes (Meng et al., 2009a) and metal encapsulated 
fullerenes, known as endohedral metallofiillerenes, (SUwa, 1996). Also in development are 
hybrid versions of (nano)materials containing more than one NP or metal (e.g., ZnS:Cu, ZnS 
nanoparticles co-doped with Pb' ' and Cu \ Yanget al., 2001: Cu-dopedCdSe nanocrystals, 
Meulenberg et al., 2004; CdS-TiOi nano-composite. So et al.. 2004: Ag-Cu nanoparticle-
doped dental amalgams, Chung et al., 2008; Cu-TiO: nanocomposite coatings, Ramalingam 
et al-, 2009). This has led to considerable debate on how to classify these new materials, but 
engineered nanomaterials are generally considered to be materials with at least one dimension 
of less than 100 nm (Roco, 2003). This definition has been adopted by the British Standards 
Institution, the American Society for Testing Materials, and the Scientific Committee on 
Emerging and Newly-Identified Health Risks (see reviews on NPs, Handy et al., 2008a; 
Klaine et al., 2008). However, it is important to note that this is a somewhat arbitrary size cut 
off from the view point of ecotoxicity, and it may be prudent to also consider aggregates of 
NPs that can be a few hundred nanometers wide (Handy and Shaw, 2007a) or that have a 
distribution of particles around the nanoscale; but may have some primary particles larger 
than 100 nm (Handy et al, 2008a). 
The focus of this review is on nanomaterials that contain metals, e.g., nanoparticles 
made of metal or metal oxides (hereafter referred to as nanometals). Some of the types of 
nanometals and their product applications are outlined in Table 1.1, and although these uses 
will likely be continuously changing and evolving with commercial markets. 
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Table 1.1. Nanoparticles in production and examples of current or proposed use. 
Nanoparticle or nanomaterial Application 
Aluminium oxide 
Qo Fullerenes 
Carbon nanotubes (single or multi 
walled) 
Ceramics 
Copper or copper oxide 
Gold 
Iron oxide 
Iron sulphide 
Nanocrystals 
Nano-rods 
Polymers 
Optical polishing, cosmetics, clothing 
Hydrogen storage, drug delivery, therapeutics, 
coatings & pigments, lubrication, cosmetics 
Hydrogen storage, drug delivery, textiles, 
electronics, water purification, sporting equipment 
Electronics, anti-oxidants, car polish 
Lubrication oil additive, electronics & computer 
processors, conductive coatings, printer inks, 
sintering additives, 'anti-aging' cream & skin 
conditioner, mineral supplements 
Drug delivery, labels for immunocytochemistry, 
biological hazard detection e.g. ricin, E. Coli, 
mineral supplements 
Ultrafiltration, oxidation reduction catalyst 
Removal of organochlorine pesticides from 
drinking water 
Insulators, drug delivery 
Electronics, sensors & sensing devices 
Therapeutics, coatings & pigments, lubrication, 
absorbents 
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Quantum dots 
Silica 
Silver 
Medical imaging, photonics 
Photovaltaics, optics & optical devices, anti-
graffiti paint, cosmetics 
Antibacterial uses in water treatment, fabric 
softener, clothing, soft toys, wound dressing, 
kitchen utensils and appliances, computer 
keyboards, food storage containers, and baby 
products {e.g. cups) and uses in contraception and 
toothpaste 
Paint, sunscreen, cosmetics, capacitors, building 
materials, catalyst, air clearance, anti: bacterial, 
viral, algal, fimgus & mould coating for domestic 
baths, sporting equipment 
Nano-vitamins (some vitamins Vitamin E; Food, beverages & cosmetics, vitamins 
encapsulated in nano-delivery vehicles) B12 & E; cosmetics 
Titanium dioxide 
Zinc oxide Sunscreen, cosmetics, cosmetic remover, foot 
deodorant, car polish 
Data source: The Project on Emerging Nanotechnologies, The Woodrow Wilson 
International Center for Scholars; http://www.nanotechproject.org/inventories/consumer/. 
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It is clear that these new materials can include particles made from different types of 
metals, including metals that are consider to be toxic in the traditional dissolved form (e.g., 
Ag, Hogstrand and Wood, 1998; Cu, Handy, 2003; Zn, Hogstrand and Wood. 1996). It is 
therefore important to detennine whether or not the alternative "nano" forms of metals are 
also toxic. Moreover, nanotechnology is a rapidly expanding industry. In 2006 the 
nanotechnology sector had achieved a multibillion dollar market, with predictions that it will 
grow to a trillion US dollars by 2015 (Aitken et al., 2006). Lux business forecast also 
suggests that nanotechnology products are worth about 1,500 billion dollars in 2010 
(http://www.nanowerk.com/spotlight/spotid= 1792.php). The Woodrow Wilson International 
Centre for Scholars product inventory of nanomaterials, indicted that 1015 different nano-
containing products were on the market in 2009, and these products mostly involved metal-
based nanomaterials (http://www.nanotechproject.org/inventories/consumer/anaIysis_draft). 
Peer reviewed scientific reports also show that products containing nanometals are well 
represented (Hansen et al., 2008). It is therefore likely that nanomaterials are already being 
relea.sed into the enviroimient (Owen and Handy, 2007: Ju-Nam and Lead, 2008; Gottschalk 
et al., 2009). Modelling techniques have predicted low |ig 1"' concentrations of NPs in the 
environment over the long term (Boxall et al., 2007), and this has beem confirmed by field 
measurements for at least one nanometal (TiOi, Kaegi et al., 2008). It is clear that the 
environmental hazard of NPs, and especially nanometals, needs to be addressed. The overall 
aim of this review is therefore to use our existing conceptual framework of metal toxicity in 
fish, and to compare and contrast this with emerging information on nano forms of metals. 
The issue of hazard is approached fi-om the view point of body systems physiology of the 
fish, starting with water chemistry and uptake routes, and consideration of the toxicological 
principles of absorption, distribution, metabofism, excretion (ADME). Lethal toxicity and 
sublethal toxic effects are described with some speculation on toxic mechanisms likely to be 
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of concern for nanometals, as well as the likely effects on the stress response offish. Finally, 
consideration is given on the interpretation of physiological effects data on nanomaterials in 
the context of hazard assessment and whether or not the current approaches used for 
dissolved metals would also be "fit for purpose" for nanometals. 
1.2 Water chemistry and bioavailability 
The importance of water chemistry on the bioavailability of metals has been 
extensively investigated over many years. The main paradigm is that the free metal ion is the 
bioavailable chemical species, and therefore research has focused on identifying metal 
speciation in water and how this is influenced by abiotic factors such as pH, and the presence 
of ligands in the water that may remove free ions (e.g.. dissolved organic matter), anions that 
can complex metals or form anionic metal species (e.g., chloride, hydroxyl ions), or cations 
(e.g., H^, Ca^ ,^ Mg^^ Na"^ that may be competing for biological uptake with trace metals 
(e.g., Cusimano et al., 1986; Campbell, 1995; Bervoets and BlusU 2000; Wood, 2001; Pyle et 
al., 2002; van Leeuwen and Galceran, 2004; van Leeuwen etal., 2005; Ericksonetal., 
2008). For elements that have different redox states, the level of oxygenation and/or redox 
potential of the natural water may also be a consideration in calculating the metal speciation 
(e.g., the metalloid arsenic, Cheng et al., 2009). However for most of the simple equilibrium 
models (e.g., WHAM speciation model, MFNEQL), the main factors are the total 
concentration of the metal, pH, concentrations of divalent cations (or total hardness of the 
water), and the electrolytes contributing to ionic strength (e.g.. bulk NaCI concentration in 
freshwater or seawater; review, Wilkinson and Buffle, 2004). These simplified models are 
intended for practical use in predicting free metal ion concentrations, and have been applied 
successfully in hazard assessment for many years (e.g., corrections for water hardness or pH 
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in metals legislation) and to predictive models of acute metal toxicity (e.g., biotic ligand 
models, BLM. Playle el al., 1993; HoUis et al., 1997; Paquin et al., 2002). 
The environmental chemistry and ecotoxicity of engineered NPs has recently been 
reviewed (see Handy et al., 2008a). This chemistry shares some superficial similarities with 
metal chemistry in that abiotic factors such as pH, the presence of divalent ions, and ionic 
strength can influence the colloidal behaviour (aggregation) of NPs. However, the reasons for 
these interactions are often fiindamentally different to those for dissolved metals. Current 
metal speciarion models are equilibrium models, whereas the behaviour of NPs is described 
in a very different way by dynamic process where the system is dependent on the amount of 
energy added to the NP dispersion and the physico-chemical properties of the particles 
(called Deijaguin, Landau, Verwey and Overbeek (DLVO) theory, see Handy et al., 2G08a 
for discussion). These physico-chemical properties include particle size, shape (aspect ratio), 
and surface charge (often measured as zeta potentials). The ability of a particle to colloid and 
aggregate with another particle will depend on these properties, as well as the kinetic energy 
of the particles, viscosity of the water and any drag on the particles, and the presence of other 
materials in natural waters such as small peptides (e.g., bacterial exudates) or 
macromolecules (e.g., humic acids) that may provide steric hindrance of particle-pMticle 
interactions. Clearly, this is a fundamentally different chemistry to the metal speciation 
models that are more familiar to the fish ecotoxicologists. 
However, there is also some common ground. One concept in NP toxicity is that the 
toxicity may be driven by the surface chemistry of the particles. The ag^gation chemistry 
will be usefijl in predicting the effective surface area of the material in the context of 
potential interaction with the organism, but the surface chemistry (reactivity) may inform on 
toxicity. These ideas are not yet proven by experimental data, but for example, one might 
expect a particle with an oxidising metal surface to cause oxidative stress on/in the organism. 
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This is certainly the case for at least one type of TiOi NPs which caused oxidative stress in 
trout (Federici et al., 2007). So, perhaps metal reacfivity rather than the concentration of the 
free metal ion will be more important in the case of NPs. Nonetheless there is a scenario 
where existing free metal ion models may apply, with some modifications. Some types of 
nanometals will eventually dissolve (albeit slowly over several hours or days) by dissolurion 
of metal ions fi-om the surface of the particle. This is probably the case for Ag-NPs and Cu-
NPs in fireshwater. hi a study comparing the effects of three nanometals (Cu-NPs, Ag-NPs, 
and TiOj NPs) with dissolved metals (salts of Cu and Ag at concentrations to match 
estimated dissolved ions from each NP), Gnffitt et al. (2009) found that both dissolved and 
nanopariiculate forms of Cu and Ag increased metal levels in the gill tissue after 48 h. 
Copper accumulation in the gill was similar following exposure to both soluble and 
nanoparticulate Cu; and the authors interpreted this as uptake of dissolved Cu from the Cu-
NP. Conversely, branchial Ag levels were much greater in fish exposed to Ag-NPs compared 
to dissolved Ag, indicating that the NPs themselves (not dissolved Ag from the NPs) were 
contributing to the branchial Ag burden (Griffitt et al., 2009). As the authors do not mention 
rinsing excised gills in, for example, ion-free water prior to analysis, it is possible that Ag-
NPs associated with the gills, but not actually taken up into the cells, contributed to total 
burden. Though they do acknowledge the possibility of Ag-NPs being trapped in the mucous 
layer, this is not gill Ag burden per se, although il does suggest that Ag-NPs could act as a 
respiratory irritant similar to other NPs (e.g., single-walled carbon nanotubes (SWCNT), 
Smith et al., 2007). Scown et al. (2010) also observed increased Ag burden in the gills and 
liver of fish exposed to different sized Ag-NPs (10 and 35 nm particles compared to bulk Ag 
and AgNOj), though similarly no mention was made of rinsing tissue samples to remove 
associated, but not internally localised, NPs (particularly relevant to gill samples) prior to 
analysis. However, increased hepatic Ag (twice that of the gills) does indicate that there was 
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some uptake and transport of Ag from the MPs, which the author's state cannot be explained 
by dissolution of Ag ions alone. As gut Ag was not assessed the possibility of hepatic uptake 
via the gut (stress induced drinking and incidental NP ingestion) cannot be excluded. 
In situations involving dissolution, the NP is acting as a "delivery vehicle" for the 
metal ions, and when the NP sticks to gill surface (for example) it could release locally high 
concentrations of metal ions, or provide a sustained slow release of metal ions onto the 
epithelia. In this scenario the free metal ion concentration would be driving toxicity, and it 
would be relatively straight forward to add an empirical correction fector (measured 
experimentally) for the dissolution rate of free metal ions for a known mass concentration of 
particles in a particular water quality. 
There is also evidence of "delivery vehicle" effects when the metal is present as a co-
contaminant with a NP. This may be related to the abihty of metals to adsorp to the surface of 
some negatively charged NPs (Handy et al.. 2008b). For example, Zhang et al. (2007) 
exposed carp to TiOz NPs and found that the fish accumulated 146 % more Cd in the 
presence of the TiO; NPs compared to when fish were exposed to Cd alone. Similarly, carp 
exposed to the metalloid, arsenic (As(V)), in the presence of TiOi NPs accumulated 132 % 
more As than fish exposed to an equal concentration of As only (Sun et al.. 2007). In a follow 
up study. Sun et al. (2009J investigated the impact of TiO; NPs on arsenic speciation and the 
uptake in carp of the more toxic form; As (HI). However, in separate speciation experiments 
(no fish), when introduced to TiO; NP containing water under natural light. As (111) rapidly 
oxidised to the less toxic As (V), although experiments without sunlight resulted in less than 
3 % of As (in) changing to As (V). Therefore in the experimental conditions used (i.e., under 
sun light), fish were not exposed to great amounts of As (III), although it remains to be seen 
if increased toxicity would manifest in fish living in conditions with less namral light. Many 
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NPs have a net negative charge (anionic surface) in natural water and the possibility of NPs 
increasing metal toxicity via a vehicle or mixmres effect clearly requires further study. 
1.3 Absorption of nanoparticles compared to metal ions 
The mechanisms of metal uptake across biological membranes involves carrier-
mediated transport on metal ion transporters (reviews. Bury et al., 2003; Handy and Eddy, 
2004; Bury and Handy, 2010). The bioiogical uptake and unstirred layer chemistry of NPs in 
fish gills has been recently reviewed in detail (see Handy et al.. 2008b), and the main 
differences between metal ions and NPs are summarised (Fig. 1.1). The central issue is that 
NPs are too big to use ion transporters, or paracellular diffusion pathways, and that the most 
likely route of uptake is by endocytosis pathways (Fig. 1.1). if this is true, then the scientific 
commimity will need to reconsider the basic assumptions in metal uptake, and revise them for 
nanomelals. For dissolved metals, bioavailability is assumed to be a function of metal 
speciation since only certain metal species will fit the relevant ion transport pathway, and 
diffusion of metal ions through the hydrophobic core of membranes is excluded (Campbell 
and Stokes, 1985; Campbell, 1995; Escherand Sigg, 2004). 
For very small NPs (< 20 nm) that may obtain a hydrophilic surface coat (e.g., steric 
effects coating the particle with phospholipids), or achieve no net charge to become 
hydrophobic (e.g., positively charged nanometals that are mcidentally coated with biological 
anions such as those found in mucus. Handy and Maunder, 2009); it remains theoretically 
possible for these materials to diffuse through the cell membrane. We should therefore add a 
diffusional component for nanometal uptake that is both a function of particle size and the 
hydrophobic ity of the particle surface. Endocytosis should also be modelled, and here 
evidence may be drawn fi"om trace metals that are known to use endocytosis pathways for 
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Figure. 1.1. An idealised diagram of the freshwater fish gill showing the mechanisms of 
uptake for electrolytes, toxic metal ions (Me^), and electroneutral diffiision of some small 
organo-roetals (CHs-Me), compared to nanoparticies (NPs, filled circles). Modified from 
Handy et al. (2008b), and Handy and Eddy (2004). The substances in the bulk solution (the 
freshwater) must diffuse into an unstirred layer (USL) comprising of water/mucus secretions, 
prior to transfer across the gill epithelium. The upper portion of the diagram shows 
electrolytes and toxic metals ions which diffuse into the USL, and may bind to strands of 
mucus (mostly polyanionic) where the exclusion of free anions like CV from the mucus layer 
32 
contributes to the Donnan potential at the apical surface. Electrolytes and toxic metal ions 
usually move through the cell using ion transport pathways (Na" transporters are illustrated 
here). In contrast, small electroneutral organo-metals may diffuse into the USL and then 
through the cells (transcellular diffusion), or between the cells via the tight junctions 
(paracellular diffusion). The situation for NP uptake across the gill will be a litde different. 
NPs will diffuse into the USL, albeit at a slower rate than smaller molecules or solutes, and 
may be influenced by humic substances (HS). Cationic NPs will bind to strands of mucus 
(electrostatic attraction, timdamentally similar to other cations), but regardless of surface 
charge, may also become entangled in the mucoproteins (steric hindrance) to prevent uptake 
by the epithelial cells. NPs are too large to be taken up by ion or other transporters on the cell 
membranes, and although diffusion cannot be excluded for tipophiUc NPs. The Ca"' and 
Mg^* rich environment in the tight junctions suggest that NPs would aggregate rather than 
diffuse through the paracellular route. In addition, some nanometals may release free metal 
ion (Me^ by dissolution of ions into the bulk solution. In contrast, nanomaterials can also 
show surface adsorption of metals, and this is likely to be faster in the higher ionic strength of 
the USL. Diffusion of charged NPs into the USL will be affected by the Donnan and 
transepithelial potentials, in a similar way to other charged substances. NP uptake through 
vesicular transport seems likely. 
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uptake (e.g., Cu, Handy et al., 2000). However unlike dissolved metals, it will not be the 
activity of a metal ATPase controlling the loading of intracellular metal-containing vesicles 
(e.g., Cu ions via the Cu-ATPase), but instead, the bulk endocytosis of particles at the apical 
membrane. Clearly, for the latter the control of the cytoskeleton, membrane turnover, and 
related aspects of cell volume control will be critical, and metals are known to influence 
regulatory volume decrease (e.g., Cu, Kramhsft et al., 1988). The rate limiting step in NP 
uptake may not be the basolateraJ step as so often is the case for metal ions (Handy et al., 
2008b). However, if the nanometal dissolves to release free ions then the current uptake 
models would also apply. Some of the apical events, such as the protective role of mucus, 
would also seem appropriate for NPs (Handy et al., 2008b). Smith et al. (2007) have already 
observed precipitation of carbon nanotubes in the gill mucus of trout. Similar to metai ions, 
the uptake site (e.g., gill, intestine) could also be a target organ for toxic effects. Some NPs 
are respiratory toxicants in fish and produce gill pathologies which are similar to those for 
metal ions (Federici et al, 2007; Smith et al., 2007). Similar to surface acting metals (e.g., AI, 
Handy and Eddy. 1989), it remains possible that some NPs can exert toxic effects without 
appreciable uptake of the metal into the internal organs (e.g., short waterborae exposures to 
TiOi, Federici et al., 2007). 
1.4 Distribution, metabolism and excretion of nanometals 
Handy et al. (2008b) reviews the possible mechanisms of absorption, distribution, 
metabolism, and excretion (ADME) for NPs in fish. This review identifies numerous 
knowledge gaps on the ADME of NPs, and most of this is centred on a lack of routine 
methods for the direct measurement of NPs in tissues in order to establish body distributions 
and target organs. Current approaches involve electron microscopy of dissected tissues, 
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which is very labour intensive way of determining the presence or absence of nanometals (see 
Handy et al., 2008a for discussion of NP detection methods). The development of 
radiolabelled metal NPs is needed, but even here there are technical concerns. For example, if 
the exterior of the NP is labelled with a metal isotope, it may be possible for the label to 
become detached by dissolution of the NP in the tissue. Clearly, such methods will need 
thorough vahdation. The detection of metal in fish tissues remains possible using acid 
digestions followed by ICP-MS or ICP-OES for the metal of interest (e.g., Federici et al., 
2007; Ramsden et al., 2009). However, nanometals do not behave the same way as metal ions 
in ICP-MS, and standard protocols for metal digestion and analysis may not work for NPs. 
Substantial modifications and revalidation of spike recovery tests, etc., are needed for 
nanometals. Some researchers report very poor recoveries of total tissue metal contents fi-om 
nanometals (e.g., 28 %, Scown et al., 2009). Such poor recoveries typically generate large 
error bars on mean data values for the metal content of individual tissues, and it is likely that 
important differences in tissue metal content are lost due to poor resolution in the method. 
However careful adaptation of methods, involving correcting instrument calibrations for NPs, 
the addition of surfactants or dispersants, and careful stirring of samples while they are being 
drawn into flie instrument can result in much improved metal recoveries (e.g., Ramsden et al., 
2009). It is possible to identify target organs on the basis of biological effects, but as Federici 
et al. (2007) point out for TiO^ NPs al the gills, surface acting toxicants can generate injury to 
internal organs through secondary means (e.g. diffusion of oxygen radicals). There is a 
concern that some oxidising nanometals could be potent surface acting toxicants, and 
therefore, injury to an internal organ does not necessarily confirm the presence of the 
nanometal in that organ. Nonetheless on the basis of biological effects, a number of target 
organs have been suggested for nanometals including the gills, gut, liver and brain (see 
below). Some of these are also well known target organs for metal ions. 
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Studies on the metabolism and excretion of nanometals are limited for similar 
technical reasons to those outlined above. Fish normally excrete trace metal ions via the liver 
a$ the central compartment in metal metabolism, with urinary losses usually being small {e.g., 
Grosell et al., 1998). The gills may also be able to excrete metal ions from the systemic 
circulation by active efflux on branchial ion transport pathways, but this would not apply to 
nanometals. The molecular weight cut off in the vertebrate kidney (circa 60 kDa) would 
suggest that NPs would not pass through the glomerular filter. This leaves the liver as the 
most likely route of excretion for nanometals (see discussion in Handy et al., 2008b). Fish are 
known to deposit metal granules in the liver (e.g. Lanno et al. 1987), and it would seem 
logical that nanometals could also form hepatic deposits. It remains unknown if such deposits 
of nanometals exist, or whether or not they would remain as inert storage granules in the 
liver, or be excreted via the bile in fish. 
1.5 Lethal toxicitj' of engineered nanoparticles in fish 
Only a few lethal toxicity tests have been conducted using nanometals in fish (Table 
1.2). The literature on fish and invertebrates indicate that acute lethal concentrations are in 
the mg/l, rather than pg/1 range. This suggests that metal-containing NPs, such as poorly 
soluble metal oxides, may have low toxicity. Concerns remain that nanometals that show 
dissolution of metal ions will show acute lethal toxicity in the ng/l range. This is especially 
worrying for toxic metals where the nano form may dissolve. GrifiStt et al. (2007) reported 
48-h LCsoconcentrations of 250 jig 1"' and 1.56 mg I"' in adult zebrafish (Danio rerio) 
exposed to dissolved Cu and Cu-NPs (80 nm primary particle size) respectively. However, 
following its addition to water 50-60% of added Cu-NP mass was observed to fall out of 
suspension due to rapid aggregation of the NPs. 
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Table 1.2. Summary of studies carried out into the toxicity of organic and inorganic nanoparticles to fish and fish cell lines 
Nanomaterial & Exposure 
additional information* conditions 
Fish species Effects Study 
T" Ag-NPs (5-20 nm particle 5-100 i^g I ' for Zebrafish (Danio 
size) 72 h rerio) embryos 
Ag-NPs (dry powder 
mean primary particle size 
of 26.6 ± 8.8 nm) 
stabilised with 0.5 % 
sodium citrate solution, 
sonicated with a probe 
sonicator for six 0.5 s 
pulses prior to dosing 
0-10 m g l ' 
followed by 
experiments 
with fish 
exposed to 0.6-
2.78-fold the 
LC50 (both for 
48 h) 
Zebrafish {Danio 
rerio) 
Dose-dependent increases in mortality & decreases in heart Asharani et al. 
rate. Hatching only affected at highest treatment. Most isfPs (2008) 
deposited in the cell nucleus, but uniform distribution of 
NPs was seen throughout the embryo. Body malformations 
in embryos exposed above 50 i^g I '. 
Ag-NP LC50 of 7.07 mg f' in adult fish and 7.20 mg t ' in 
larvae; less toxic than soluble Ag 
Griffitt et al. 
(2008) 
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Ag-NPs (particle size of 
10-20 nm; stock diluted 
with municipal water and 
dechlorinated) 
Ag-NPs(5.9,15.3, 5L2, 
and 108.9 nm measured 
mean particle sizes) 
0-20 ng r ' from Zebrafish (Danio 
2.5 to72 hpf rerio) embryos 
0-250 nM for 
120 hpf 
Ag-NPs (49.6 nm mean 0-50 tig l ' for 
particle size, 99 % purity). 96 h and 0-25 
stock sonicated for Ih in 2 (jg p' for 10 d 
min bursts followed by 
stirring for 14 d and 
filtration (200 nm) 
Yeo and Kang, 
(2008) 
Zebrafish (Danio 
rerio) embryos 
Dose-dependent effects included slow hatching rates, 
abnormal development, and increased catalase activity 
suggested by the authors as possibly linked to effects on 
gene expression from NPs entering the cell nucleus and 
ROS initiated DNA damage. 
Exposure to 250 nM of each Ag-NP treatment resulted in Bar-Ilan et al. 
particle size dependent mortality after 24 h (80, 64, 36, and (2009) 
3 % mortality respectively) rising to 100 % at 120 hpf. 
Uptake of Ag into the embryo not seen in control fish. 
Japanese medaka Similar 96 h LCjo values for Ag-NPs and AgNO;* (34.6 ± Chae et al. 
(Oryzias lalipex) 4- 0.9 and 36.5 ± 1.8 ^g l ' respectively). Expression of stress (2009) 
5 months old related genes indicated different modes of toxicity between 
Ag-NPs and soluble Ag ions (AgNOj). 
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Ag-NPs (dry powder 1000 [ig I"' Zebrafish (Danio 
mean particle diameter (representing the rerio) 
26.6 ± 8.8 nm), sonication NOEC) for 48 h 
for 6 s in 1 s bursts prior 
to dosing 
Ag-NP8 (commercial 0-20 |ig I" for 
name of Nanocid, particle up to 96 h 
size of 4.5 nm, data taken 
from manufacturers 
website) 
Ag-NPs (splierical 24 h LC50 
particles, 5-20nm in (concentration 
diameter), stock deionised range not 
using ion exchange resio reported, 
and sonicated for 30 s followed by 0-
prior to dosing 120 mg !'' for 
24 h 
Rainbow trout 
{Oncorhynchits 
mykiss) 
Zebrafish (Danio 
rerio) 
Gill filament width not affected by Ag-NPs. though Griffitt et aL 
dissolved Ag increased width by approximately 2-foId (2009) 
Branchial Ag levels in NP exposed fish almost 20 x higher 
than fish exposed to a Ag dose that matched the 
concentration of dissolved Ag from the NPs, indicating that 
intact Ag-NPs were associated with the gill. Similar pattern 
observed in whole body Ag measurements. 
48, 72, and 96 hour LCjoconcentrations of 3.5, 3.0 and 2.3 Shahbazzadeh 
|ig 1' respectively. et al. (2009) 
24 h LC50 of 250 mg I", concentration dependent increases Choi et al. 
in hepatic malondialdehyde and total glutathione, DNA (2010) 
damage and apoptosis in liver. 
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Ag-NPs (two commercial 0-25 mg V for 
Ag-NPs with nominal 96 b 
particle sizes of 35 nm and 
s 100 nm, both with 99.99 
% purity) sonicated at 15 
kHz for 1.5 h 
Ag-NPs (49, 114, and 137 lOorlOOjigl'' 
(bulk) nm mean particle for 10 d 
sizes) with sonication for 
30 min prior to exposure 
Fathead minnow 96 h LCsn values of 9.4 and 10.6 g mg l ' for the 35 and £ 
(Pimephales [00 nm Ag-NPs respectively. Concentration dependent 
promelas) embryos increase in larval abnormalities. TEM image analysis 
showed that both types of Ag-NPs were present within 
embryos following 24 h exposure. 
Juvenile isinbow 
trout 
(Oncorhynchus 
mykiss) 
Low uptake with the smallest particles most concentrated 
in gill tissue and liver (the latter along with the bulk Ag 
particles). No effects on lipid peroxidation amongst any 
treatment (TBARS assay), although possible evidence of 
oxidative metabolism in gills offish exposed to 49 nm Ag-
NPs. 
Ag-NPs (25 mn spherical 0-8 mg f' for 48 Japanese medaka 48 h LCsoof 1.03 mg l ' for adult fish, whilst 100% 
particles) h (adults) and 0- (Oryzias hiipes) embryo mortality was induced at 2 mg l ' . Retarded 
4 m g t ' for 168 
h (embryos), 
followed by 0-
1000 ^gl"'for 
60 d from 
embryo stage 10 
adults and embryos development and pigmentation seen in embryos exposed to 
>400 |ig r ' Ag-NPs with morphological malformations 
seen all Ag-NP treatments. 
Laban et al. 
(2010) 
Scown et al. 
(2010) 
Wu et al. 
(2010) 
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AI-NPs (dry powder mean O-lOmgl" for 
primary particle size of 48 h 
41.7 ± 8.1 nm) sonicated 
with a probe sonicator for 
six 0.5 s pulses prior to 
dosing 
Zebrafish {Danio 
rerio) 
Au-nanorods (65 nm 
length, 15 nm diameter; 
purified before use & 
suspended in high purity 
water) 
Au-NPs{6.5, 18,46.1, 
98.1 nm measured mean 
particle sizes) 
7.08 X 10^  
particles ml' 
Sheepshead 
Minnow 
single-dose into {Cyprinodon 
estuarine variegaius) 
mcsocosms for 
12 days 
0-250 pM for 
120hpf 
Zebrafish {Danio 
rerio) embryos 
CdS quantum dots coated 5. 50, or 500 pg Three-spined 
ill thiol terminated methyl I"' for 21 d using stickleback 
polyethylene glycol (4.2 ± a flow through {Gaslerosleus 
1 nm) suspended in water system aculeatus) 
Highest dose (10 mg 1'') not elevated enough to establish 
an LCso for adults or larvae; dissolved Al gave LC'sn 
concentrations of 7.92 mg l ' and over 10 mg l ' in adults 
and larvae respectively. 
Griffittetal. 
(2008) 
Au-nanorods did not cause acute toxicology & fish did not Ferry et al. 
accumulate detectable levels of Au in the gills, brain or (2009) 
musculoskeletal tissues (indicating low branchial & 
cutaneous uptake). Au was detected in combined samples 
of internal organs and gut content, indicating limited oral 
uptake/accumulation. 
Mortality remained below 3 % for all treatments and no Bar-llan et al. 
evidence of morphological malformations. However, (2009) 
uptake of Au-NPs was observed. 
Elevated levels of oxidised glutathione, reduced nest Sanders et al. 
building activities, and 4/6 fish from the 500 ^g I'' (2008) 
treatment displayed hepatocellular nuclear pleomorphisia. 
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0.5 or 1.0mgl"' 
for 48 h 
Carbon NP: Ceofullerenes 
(aggregates of 30-100 jim) 
dispersed in 
tetrahydroftiran (THF) 
with 'overnight' stirring 
Carbon NP: Cso ftiHerenes 
(10-200 nm aggregates) 
dispersed in water by 
stirring > 2 months 
Carbon NP: Cso flillerenes 
(10-200 nm aggregates) 
dispersed in water with 
THF or by stirring for 2 
months 
Carbon NP: CM, C70, and 
C6o(OH)24 fullerenes 
suspended in DMSO (no 
primary particle size 
given, aggregates ranged 
from-50-1200 nm). 
0.5 mg I"' for 96 
h 
0.5mgr'for48 
h 
100-500 ng r' 
for C(io and C70, 
and 500-5000 
Mg I'' for 
C«)(OH)24 from 
24hpfto%hpf 
Largemouth bass 
(Microptetvs 
salmoides) 
Fathead minnow 
{Pimephales 
promelas) 
Fathead minnow 
{Pimephales 
promelas) 
Zebrafish (Danio 
rerio) embryos 
(dechorionated) 
Reduced lipid peroxidation in gill & liver tissue (0.5 mg 1' 
treatment) and increased lipid peroxidation in brain tissue 
(both treatments).** 
OberdOrster 
(2004) 
A 42 % down regulation of the peroxisomal lipid 
transporter protein, PMP70. 
OberdOrster et 
al. (2006) 
100 % mortality in fish exposed to CM with THF between Zhu et al. 
6-18 h compared to none in the stirred CM group. The latter (2006) 
group had elevated branchial lipid peroxidation, possibly in 
the brain also. Changes in P450 protein expression due to 
increases in hepatic CYP2-Iike-iso-enzymes. 
Exposure to 200 mg l ' CM and C70 caused an increase in Usenko et al. 
malfonnations, pericardial edema, and mortality, whilst (2007) 
higher concentrations (an order of magnitude) of C6o(OH)y 
produced less pronounced effects. 
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Carbon NP: C^ fiillerenes 0-25 % (v/v) for 
(aggregates between 50- 72 h 
300 nm) dispersed in 
water by either stirring for 
7 days with sonication or 
by use of THF 
Carbon NP: C6n fullerene 
aggregates in suspension 
0-1.5 mgr 'for 
96 h 
Carbon NP: C6ofullercnes 
suspended in DMSO {no 
primary particle size 
given, aggregates ranged 
from =^  50-1200 nm) 
Carbon NP: CNT (single-
walled, 1.1 nm mean 
outside diameter, 5--30 nm 
length) dispersed in SDS 
with 2 h sonication 
0-500 Mgl-'. 
with or without 
H2O2, DEM, 
BSO, NAC or 
reduced light. 
Exposed at 24 
hpfforSd 
0.1-0.5 m g l ' 
for to days 
Larval Zebrafish 
(Danio rerio) 
Zebrafish {Danio 
rerio) embryos 
(dechorionated) 
Zebrafish {Danio 
rerio) embryos 
(dechorionated) 
Rainbow trout 
{Oncorhynchus 
mykiss) 
Survival reduced in TIIF Cm and THF control treatments, Henry et al. 
but not in the water stirred treatment. Minimal gene (2007) 
expression changes in the latter treatment compared to 
control, whilst changes seen in THF C^ and THF control 
fish deemed to be linked to a THF degradation product (y-
butyro lactone). 
Embryonic development delayed and reduced hatching Zhu et al. 
success. (2007) 
Embryos exposed in decreased light conditions generally Usenko rt al. 
experienced significantly less mortality and malfonnations (2008) 
than other treatments. A dose dependent increase in 
toxicity seen in embryos exposed with GSH inhibitors (i.e., 
DEM and BSO). 
Dose-dependent rise in ventilation rates, gill pathologies Smith et al. 
and mucus secretion (with CNT precipitation on gill (2007) 
mucus). Some dose-dependent changes in brain & gill Zn 
or Cu occurred along with statistically significant increases 
in NaVK^-ATPase activity in the gills & intestine. 
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Carbon NP: CNT (single- 0 or 500 rag 
walled, same batch as SWCNT or CM 
used above in Smith et al , kg"' diet for 6 
2007) and CM fullerenes weeks 
(as used above in Henry et 
al., 2007) 
Carbon NP: CNT (various In vitro 
forms (with or without exposure to 0-10 
functionalizations) of 
single- and multt-walled. 
diameters 10-20 nm. and 
single-walled nanohoms, 
diameter 2-3 nm) 
Ce02-NPs (25 nm particle 1000 mg P' 
size) from 24-120 hpf 
Co-NPs (dry powder mean O-lOmgl"' for 
particle size of 10.5 ± 2.3 48 h 
nm), sonicated for six 0.5 
s pulses prior to dosing 
Rainbow trout 
(Oncorhynchus 
mykiss) 
Transient elevation (week 4 only) in brain TBAI^ from Fraser et al. 
fish exposed to SWCNT. (2010) 
pg ml' for 6 or 
24 h 
Rainbow trout Dose dependent increases in inflammatory gene expression 
{Oncorhynchus (IL-IP) in all treatments, with functionalized nanotubes 
mykiss) more stimulatory than nonfimctionalized. 
macrophage culture 
system 
Klaper et al. 
(2010) 
Zebrafish {Danio 
rerid) embryos 
Zebrafish (Danio 
rerio) 
No scats toxicity and no intestinal or skeletal defects. 
Highest dose of 10 mg l ' was not enough to establish an 
LCso in adults or larvae exposed to both nano-form and 
dissolved Co. 
Ispas et al. 
(2009) 
Griffitt et al. 
(2008) 
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Cu-NPs (80 nm particles 0.1-1.5 mgl"' Zebrafish {Dmio 
in agglomerates > 1 |.im in for 48 h over rerh) 
diameter) two experiments 
C'u-NPs (dry powder mean 0-10 mg l ' 
primary particle size of followed by 
26.7 ± 7.1 nm) sonicated experiments 
with a probe sonicator for with fish 
six 0.5 s pulses prior to exposed to 0.6-
dosing 2.78-foId the 
LCsn (both for 
48 h) 
100 ngr' 
Zebrafish {Danio 
rerio) 
Cu-NPs (dry powder mean 
particle diameter 26.7 ± (representing the rerio) 
7.1 nm), sonication for 6 s NOEC) for 48 h 
in I s bursts prior to 
dosing 
Zebrafish {Danio 
Nanocopper found to be acutely toxic with a 48-LC50 of Griffitt et al. 
1.5 mg I"'. Dose dependent gill pathologies (proliferation of (2007) 
epithelial cells and oedema of primary and secondary 
filaments), inhibition of branchial Na*/K*-ATPase activity. 
Toxic effects suggested to be unexplained by the effects of 
dissolved Cu alone. 
48hLC5oof0.94mgr' in adult fish and 0.71 mgl"' in Griffm et al. 
juveniles; the latter more toxic than soluble Cu which had a (2008) 
48 h LC.sn value of 1.78 mg P' for larvae. 
Gill filament width in Cu-NP exposed fish increased by 
approximately 3.5-fold and 1.5-fold between 24-48 h 
compared to control & dissolved Cu treatments 
respectively. Branchial Cu levels simitar in Cu-NP (likely 
from dissolved Cu from NPs) and dissolved Cu treatments 
indicating low cellular uptake of Cu-NPs. 
Griffitt et al. 
(2009) 
45 
Fe-NPs (30 nm mean 
particle size) 
0-50jigl"'(100% Japanese medaka 
daily renewal) for (Oryziaa latipes), 
up to 8 day embiyos and adult 
(embryos) and 14 fish 
days (adults) 
Ni-NPs (dry powder mean 0-10 mg l ' for Zebrafish (Danio 
primary particle size of 48 h rerio) 
6.1 ± 1.4 nm), sonicated 
with a probe sonicator for 
six 0.5 s pulses prior to 
dosing 
Ni-NPs (30, 60. and 100 10-1000 mg I'' Zebrafish (Danio 
nm particles and dendritic fi^m 24-120 hpf rerio) embryos 
clusters of 60 nm 
particles) sonicated for at 
least 30 min 
Medaka embryos experienced dose-dependent decreases in Li et al. (2009) 
SOD & increases in MDA (TBARS assay), whilst adult 
medaka showed initial decreases in liver & brain SOD and 
a dose dependent, though transient, decrease in reduced 
glutathione at the start of the experiment. Adult fish 
exposed to 5 & 50 i^g I"' Fe-NPs displayed histological 
changes the gill and intestine, along with large amounts of 
aggregated Fe on the gills and lesser accumulation within 
the intestine. 
Highest dose of 10 mg l ' was not enough to establish an 
LCso in adults or larvae exposed to both nanoparticulate 
and dissolved Ni. 
Similar LD50 concentrations between the 30,60, and 100 
nm particles and soluble Ni. with dendritic clusters more 
toxic. Aggregates of Ni seen in gut lumen with 
concomitant deleterious effects such as thinning of the 
intestinal epithelium & skeletal muscle fibre separation. 
Griffitt et al. 
(2008) 
Ispas et al. 
(2009) 
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0.2-3.2 mgl"' Japanese medaka 
for 48 h and 100 {Or}'zias latipes) 
Hgr'for 10 d 
followed by 7 d 
depuration 
Se-NPs (36 nm particles) 
Si02 NPs (fluorescent 0.0025-200 mg 
core shell. 200 and 60 nm 1"' for 96 hpf 
mean particle sizes) 
sonicated for 90 min prior 
to exposure 
TiO; NPs (dry powder 
mean particle diameter 
20.5 i 6.7 nm), sonication 
for 6 s in 1 s bursts prior 
to dosing 
1000 ugl"'for 
48 h 
Se-NPs more acutely toxic than selenite (48 h LC50 values 
of 1.0 and 4.7 mg l ' respectively). Exposure to 100 pig l ' 
Se-NPs increased tissue Se burden significantly compared 
to fish exposed to an equal concentration of selenite. 
Overall trend of reduced Se after depuration, though gill 
burden remained persistent. Decreased hepatic SOD 
activity and small, though significant elevation in GSH. 
Lietal.(2008) 
Zcbrafish (Danio Adsorption of both SiOi NPs to the chorion of exposed 
rerio) embryos < 6 embryos, though no indication of uptake. No effects on 
hpf development, survival, hatching time or hatching success. 
Zebrafish (Danio 
rerio) 
No increase in gill filament width after 48 h compared to 
control. Expression of genes involved in ribosomal 
ftinction altered. 
Pent et al. 
(2010) 
Griffitt et al. 
(2009) 
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TiO. NPs (75 % rutiie, 25 0.1-1.0 mg V 
%anatase, 24.1 ± 2.8 nm 
mean particle size) 
dispersed by sonication 
Ti02 NPs (average 
particle size of 21 nm) 
for 14 days 
Rainbow trout 
(Oncorhynchus 
mykiss) 
Common carp 
{Cyprinus carpio) 
I0.0±1.3mgl"' 
Ti02 NPs in 
presence of 97.3 ± 
6.9 fig I 'Cd for up 
to25d 
TiO: NPs (dry powder 0-10 mg i'' for 48 Zebrafish (Danio 
mean primary particle size h rerio) 
of 20.5 ± 6.7 nm), 
sonicated with a probe 
sonicator for six 0.5 s 
pulses prior to dosing 
TiO: NPs (50 nm primary 0-250 mg I'' for 20 Juvenile Common 
particle size) rutiie form d 
crystal structure, sonicated 
for 30 mins 
carp (Cyprinus 
carpio) 
Changes in tissue NaVK'-ATPase activity, TBARS, and 
total glutathione, the latter two indicating mild oxidative 
stress. Some organ pathologies, including the gut. 
The presence of TiO; NPs increased uptake of Cd by 146 
% after 25 d exposure. 
Highest dose of 10 mg 1' was not enough to establish an 
LCso in adults or larvae exposed TiO: NPs, no bulk TiO: 
powder treatments were used. 
No mortalities, though fish experienced dose dependent 
increases in respiratory distress with changes in SOD, 
CAT, POD and LPO levels indicating oxidative stress 
effects (most evident in the liver). 
Federici et al. 
(2007) 
Zhang et al. 
(2007) 
Griffiit et al. 
(2008) 
Hao et al. 
(2009) 
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Ti02 MPs (average 
particle size of 21 nm) 
TiO^ NPs (dry powder 
mean particle diameter of 
34.2 ± 26.1 nm);NP 
injection solution 
sonicated for 30 min 
Ti02 NPs (24.1 ± 2.8 nm 
mean particle size), 
dispersed by sonication 
for 6 h prior to coating dry 
feed pellets 
10.0 ± 1.3 mg r ' Common carp 
Ti02 NPs in {Cyprinus carpio) 
presence of 200.0 
±10.2^gl"'Asfor 
up to 25 d 
Single dose of Rainbow trout 
intravenously {Oncorhynchus 
injected NPs mykiss) 
{mean dose 1.3 mg 
NPsicg' body 
weight) & sampled 
for up to 90 d 
0-100 mg TiOz Rainbow trout 
W s kg"' diet for 8 (Oncorhynchus 
weeks followed by mykiss) 
2 week recovery 
Accumulation of As in viscera, gills and muscle 
significantly enhanced by the presence of TiOa NPs. 
Ti accumulation in the kidney which remained for 21 d 
with significant clearance by day 90. TiO; NPs located in 
tissue vesicles surrounding the kidney tubules, though 
kidney ftinction not compromised (as indicated by plasma 
protein & creatinine levels). No accumulation in brain. 
gills, spleen, or liver. No evidence of lipid peroxidation in 
blood, liver or kidney. 
No effects to growth, nutritional performance or 
haematology. Ti accumulated in the gill, gut, liver, spleen, 
and brain (with Ti not clearing in some organs following 
recovery). Disturbances to Cu & Zn levels and a 50 % 
inhibition of NaVK'-ATPase activity seen in the brain and 
a 50 % reduction in TBARS in the gill & intestine was 
observed during exposure, though no changes to total 
glutathione. 
Sun et al. 
(2009) 
Scown et al. 
(2009) 
Ramsden et al. 
(2009) 
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TiO; NPs {anatase form. 5 In vitro exposure GFSk-Sl; goldfish TiO; NPs, in the absence of photo-activation, induced Reeves et al. 
nmmean particle size), to 0.1-1000 pg {Carassius genotoxic responses most likely as a result of free radical (2008) 
ml ' for 24 h aura/us) skin cells production. 
Ti02 NPs (75 % rutile, 25 In vitro exposure RTG-2 cells; 
% anatase, 24.1 ± 2.8 ran to up to 50 )ig I"' rainbow trout 
mean particle size) NPs between 4-24 {Oncorhynchus 
h depending upon mykLss) gonadal 
assay tissue 
TiO; NPs (21 nm particle Fish fed Daphnia Zebrafish {Danio 
size), stock solution 
sonicated for 10 min 
magna previously rerio) 
exposed to TiO: 
NPs for 14 d 
(measured Ti 
concentrations in 2 
D. magna groups 
of4.52 and 61.09 
mg g'' dry weight) 
No elevation in DNA damage in the absence of UVA Vevers and 
irradiation, though there was a significant reduction in Jba, (2008) 
lysosomal integrity over 24 h exposure. UVA exposure 
significantly increased levels of strand breaks. 
Bioconcentration factors of less than 1 in fish fed Zhu et al. 
contaminated D. magna show no biomagnification of TiO; (2010) 
NPs. However, dietary exposure to TIO^ NPs resulted in 
higher body Ti burden than seen in aqueous exposed fish in 
complementary experiments. 
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ZnO-^fPs (20 nm primary 0.1-100 mg I 
particle size, though until 96 hpf. 
aggregates ranged 
between 1037-6823 mn 
depending on time), stock 
prepared by vigorous 
stirring for 2 h 
immediately prior to 
dosing 
Zebrafish {Danio 
rerio) embryos 
Dose-dependent decrease in hatching rates with low 
incidence of pericardial edema observed 72 hpf in 50 & 
100 mg I ' treatments, affecting approximately 10 % of 
embryos by 96 hpf. Dissolved Zn was less toxic with no 
evidence of malformations. Oxidative stress suggested as 
one possible eause of toxicity following raised intracellular 
levels of ROS in ZnO-NP exposed embryos. 
Zhu ct al. 
(2009) 
THF: tetrahydrofiiran; Ag-NPs: silver nanoparticles; Al-NPs: aluminium nanoparticles; Au-NPs: gold nanoparticles; BSO: buthionine 
sulfoximine; Ce02-NPs: cerium nanoparticles; CAT: catalase; CNT: carbon nanotubes; Cu-NPs: copper nanoparticles; Co-NPs: cobalt 
nanoparticles; DEM: diethyl maleate; DMSO: dimethyl sulfoxide; Fe-NPs: iron nanoparticles; GSH: reduced glutathione; H2O2: hydrogen 
peroxide; hpf: hours post fertilisation; LPO: lipid peroxidation; MDA: malondialdehyde; NAC: A^-acetylcysteine; Ni-NPs: nickel nanoparticles; 
POD: peroxidase; SDS: sodium dodecyl sulphate; Se-NPs: selenium nanoparticles; SiO; NPs: silica nanoparticles; SOD: superoxide dismutase; 
TiOi NPs: titanium dioxide nanoparticles; ZnO-NPs: zinc oxide nanoparticles. * Additional information as provided by the authors. ** 
Subsequent studies have cast doubt on the source of toxicity with the dispersant THF suggested as pivotal to toxic effects seen (e.g. Henry et al., 
2007). 
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Dissolution of Cu ions from the particles (defined as Cu present in the supernatant of samples 
centrifiiged at 1 OOOOOg for 30 min) showed that dissolution was minimal over 48 h with 
concentrations of dissolved Cu not exceeding 0.19 ±0.05 mg !"'. representing less than 0.1% 
of the initial Cu added. Notably these dissolution experiments were conducted in the absence 
offish. The relatively low rate of dissolution caused the authors to conclude that observed 
toxicity was not due to dissolved Cu alone. Subsequent work by Griffitt et al. showed Cu-
NPs to be more acutely toxic to juvenile zebrafish than dissolved Cu, although this trend was 
reversed in adult fish (primary particle size 26.7 nm, Grifiitt et ai., 2008). In the same study 
Ag-NPs were seen to be less toxic than dissolved Ag to adult zebrafish with a Ag-NP 48-h 
LCso more than 300-fold higher than that of dissolved Ag (Griffitt et al., 2008). Perhaps 
somewhat unexpectedly. 10 mg f' dissolved Ag was not elevated enough to kill 50 % of 
juvenile (larval) zebrafish (compared to an LCso of 0.0222 mg f' in adults and an Ag-NP 
LCso of 7.20 mg I' ). The latter data may emphasise life stage differences in the toxic 
responses offish to nanometals with fathead minnow {Pimephales promelas) embryos 
proving more sensirive to Ag-NPs than zebrafish larvae (96 h LCso values of 1.25 and 1.36 
m g l ' for two different commercially available Ag-NPs respectively (Laban elal., 2010). 
1.6 Sublethal effects of nanometals compared to aqueous metal ions 
The sublethal physiological effects of waterbome metal exposure are well known 
(reviews, several metals: Wood, 2001; Ag: Hogstrand and Wood, 1998, Wood etal., 1999; 
Cd:Sprague, 1987; Cu: Taylor etal., 1996; Zn: Hogstrand and Wood, 1996). In contrast, the 
scientific community is in the early stages of collecting data on nanometais (Table 1.2). The 
typical scenario for waterbome metal exposure involves some direct effects on gill fiinctions 
(reviews, McDonald and Wood, 1993; Perry and Laurent, 1993). These can include 
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alterations to the osmoregulatory (e.g., Cd, McCarty and Houston, 1975; Giles, 1984), acid-
base (e.g., Cu, Taylor et al., 1996), or respiratory functions of the gill (e.g., nickel, Pyle et al., 
2002). Sublethal pathologies in the gill can be reflected by changes in mucous secretions 
reflecting an increase in mucous cells and chloride cells in the epithelium (e.g., Mallat, 1985), 
or evidence of oedema in the epithelium (e.g., Sola et al., 1995; Campbell et al., 1999). 
Histological changes in the gill epithelium are also associated with adaptive biochemical 
change in response to metal exposure (e.g., metailothionein induction in the gill. Dang et al., 
1999). Metals can also inhibit the branchial Na'/K^-ATPase (e.g., Cu, Li et al., 1998). 
Following this initial disruption, the fish can then experience a general loss of branchial 
ionoregulatory control, efflux of electrolytes from the blood over the gill epithelium, then 
subsequent cardiovascular collapse and death (review. Handy. 2003 and references therein). 
Notably, rainbow trout display physiological responses influenced by social status. Schools 
of rainbow trout develop a social hierarchy where the more aggressive fish in the school are 
dominant over often smaller, less aggressive fish in the group. When rainbow trout are 
exposed to Cu. the subordinate fish accumulate more waterbome Cu (and Na) than dominant 
animals (Sloman et al., 2002). A similar phenomenon has also been seen in fish exposed to 
waterbome Ag and highlights the possibility that toxic effects seen in fish following metal 
exposure may differ depending upon social rank (Sloman et al., 2003). 
Evidence is now also emerging that some nanometals can also affect the gill in similar 
ways to dissolved metals. For example, exposure to 1 mg l ' TiOi NPs in rainbow trout 
caused oedema in the gills (Federici et al., 2007). Griffin et al., (2007) found that exposure to 
Cu-NPs caused concentration-dependent damage to the lamellae characterised by 
proliferation of epithelial cells and oedema of primary and secondary filaments whilst an 
increase in gill filament width was observed in adult zebraCsh exposed to Cu-NPs, but not 
Ti02 NPs or Ag-NPs following a 48 h exposure (Griffitt et al., 2009). Notably in the later 
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study gills exposed to Cu-NPs showed significantly wider filaments than those from soluble 
Cu exposures. A concentration-dependent inhibition of branchial Na*/K^-ATPase activity 
was also observed in die Cu-NP treatments (Griffitt et al., 2007). Notably, Griffitt et a!. 
(2007) found that the inhibition of Na'/K'^-ATFase by Cu-NPs was not as great as dissolved 
Cu (inhibition in fish exposed to 0.25 mg 1"^  CuSOa approximately 5-fold that exposed to die 
same concentration Cu-NPs). Other mechanisms of respiratory toxicity are also possible widi 
metals, and for example, excess iron (irrespective of bioaccumulation) can result in iron floes 
on the giils which can ciog the gills resulting in respiratory distress (Peuranen et al., 1994; 
Dalzell and MacFarlane. 1999). This might also be highly relevant to other particles such as 
nanometals, but data remains to be collected on this aspect. 
Toxic effects of NPs on fish blood remain to be investigated- However, for TiO^ NPs, 
there seems to be no major disturbances to blood cell counts or plasma electrolytes in 
rainbow trout (Federici et al., 2007) and no evidence of lipid peroxidation (TBARS assay) in 
rainbow trout biood plasma following intravenous administration (Scown et al.. 2009). The 
effects of other nanometals on fish haematology. immune cells, and plasma biochemistry 
remain to be documented. Biochemical disturbances in internal organs have been noted, and 
in particular, oxidative stress is emerging as a potential mechanism of NP toxicity. Oxidative 
stress, and the induction of enzymes involved in anti-oxidant defence is well known for 
dissolved metals {e.g., Cd induction of glutathione peroxidase (GPx) and superoxide 
dismutase (SOD) in fish muscle, Almeida et al.. 2002; Cu induction of SOD and catalase 
(CAT), Sanchez et al., 2005). Some nanometals can also cause oxidative stress. For example. 
Federici etal. (2007) exposed juvenile rainbow trout 0-1.0 m g l ' Ti02 NPs for up to 14 days, 
which caused a rise in thiobarbituric acid reactive substances (TBARS, an indicator of lipid 
peroxidation) in the gills, liver and brain, along with increased total glutathione (GSH) in the 
gills and depleted GSH in the liver. Following exposure to 50 or 500 \ig l"' nano-cadmium 
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sulphide (quantum dots), elevated levels of oxidised glutathione were observed in the gills of 
three-spined sticklebacks (Sanders et al.. 2008). Oxidative stress was also implicated in a 
study exposing Japanese medaka to Fe-NPs (Li et al., 2009). During the latter study both 
embryos and adult medaka experienced concentration-dependent decreases in the antioxidant; 
superoxide dismutase (SOD). In adult fish, decreases in hepatic and cerebral SOD during the 
first few days of exposure were accompanied by reduced glutathione (GSH) levels in the 
brain. However, levels of both SOD and GSH returned to similar to control after 3 days and 
no differences were seen in levels of malondialdehyde (MDA, as an indicator of lipid 
peroxidation) in the liver or brain throughout the exposure. This indicates that adult medaka 
were able to successfijily protect against oxidative stress through antioxidant activity, which 
were then able to replenish following initial utilisation. Japanese medaka embryos 
experienced a different response. As with adult fish, there was a dose-dependent depletion of 
SOD within hours of exposure, but this did not recover throughout the 8 days of exposure 
(most notably in the high, 50 mg f', treatment). Lipid peroxidation product MDA was 
initially depleted following exposure, presumably regulated by antioxidants such as SOD. but 
as the experiment progressed a dose-dependent increase in MDA was seen, particularly in the 
30 mg f' treatment, which showed an almost 4-fold increase in MDA compared to control 
and lowest dose Fe-NP (0.5 mg I"') treatment by day 8. Adult fish also exhibited some 
histological and morphological alterations in the gills and intestine (cell swelling, hyperplasia 
and granulomas) which were deemed to be as a direct result of contact with the NPs (as 
evidenced for example by large aggregates of Fe-NPs on the gills and accumulation in the 
intestine, Li et al., 2009). Dietary Fe has previously been seen to cause lipid peroxidation in 
theliver and heart of African catfish (Baker etal., 1997). An increase in intracellular reactive 
oxygen species (ROS) was observed in zebrafish embryos exposed to ZnO-NPs and 
implemented in some toxic effects (see next section, Zhu et al., 2009). In vitro studies also 
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show evidence of oxidative stress from NPs in fish cell lines. Reeves et al., (2008) in a study 
using goldfish skin cells (GFSk-Sl) demonsfrated that Ti02 NPs, in the absence of photo-
activation, induced genotoxicity most likely as a result of free radical production. Vevers and 
Jha (2008) exposed RTG'2 cells to TiOi NPs with and without ultraviolet radiation (UVA) 
and found that whilst there was no elevation in DNA damage in the absence of UVA 
irradiation, there was a significant reduction in lysosomal integrity over 24 h exposure, 
suggesting that the nanometal was also capable of damaging the cells without UV activation. 
1.7 Toxicity of nanometals to early life stages offish 
Many studies have shown that the early life stages offish are especially sensitive to 
metals (reviews, e.g., Weis and Weis, 1991; Jezierska et al., 2009), and that this led to the 
loss offish populations (e.g., acidic, metal-containing spring snowmelt, Havas and 
Rosseland, 1995). There is also some evidence that some nanometals can affect the 
development and survival offish embryos. Asharani et al. (2008) exposed zebrafish embryos 
to si!ver-NPs and found the NPs distributed in the brain, heart, yolk and blood of embryos. 
Toxic effects included a concentration-dependent increase in mortality and delays in 
hatching. Developmental abnormalities consisted of twisted notochords, and slow blood flow 
associated with pericardial oedema and cardiac arrhythmia. Lee et at. (2007) developed 
techniques for imaging the transport of single silver-NPs (5-46 nm) through zebrafish 
embryos, and found that silver-NPs could penetrate the chorion via pore canals, with uptake 
kinetics characteristic of diffusion rather than active transport, in tliis study, concentration-
dependent increases in mortality were observed as well as deformities including finfold 
abnormalities, tail and spinal cord flexure/truncation, cardiac malformation, also oedema in 
the yolk sac and head. Silver NPs were also seen to attach to the surface of the chorion and 
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later detected within fathead minnow embryos (though not conclusively determined to be Ag-
NPs) exposed to one of two commercial Ag-NP products (see Table 1.2 for details) after just 
24 h exposure (Laban et al,, 2010). Yeo and Kang. (2008) saw significantly decreased 
hatching rates in zebrafish embryos exposed to Ag-NPs. Furthermore, hatched fish displayed 
abnormal notochords, weak heart beat, curved tails, and damaged or absent eyes. Catalase. an 
important antioxidant enzyme, was also induced in exposed embryos, possibly indicating 
oxidative stress as one mechanism of toxicity. 
Zhu et al. (2009) conducted a study to investigate the effects of an aggregated 
nanometal which had settled out of the water column in an attempt to mimic realistic 
environmental conditions. In their study reduced hatching rates and pericardial oedema were 
seen in zebrafish embryos exposed to ZnO-NPs, which was not likely to be attributable to 
dissolved Zn fi"om the NPs with a positive control group (exposed to dissolved Zn) 
experiencing far fewer toxic effects. Reactive oxygen species (ROS) generation was higher in 
ZnO-NPs exposed embryos compared to exposure to dissolved Zn, although notably, 
embryos exposed to the latter showed up regulation of genes for enzymes involved oxidative 
stress responses. These genes were not up regulated in ZnO-NPs exposed embryos, with 
levels below controls at some time points. The authors concluded that disruptions in the 
ability of the embryos to counteract effects fi"om ROS cannot be discounted, with ZnO-NPs 
exposed animals experiencing disruptions to hatching rates and physical development that 
could possibly have been associated with oxidative stress. Reduced hatching rates were also 
seen in zebrafish embryos exposed to Zn-NPs along with decreased survival, delayed embryo 
and larval development and tissue damage (ulceration). However, exposure in the same study 
to bulk ZnO caused comparable effects and similar acute toxicity, with LDso concentrations 
of 1.793 and 1.550 mg 1"' for nanoscale and bulk ZnO respectively (Zhu et a!., 2008). In the 
same study exposure to titanium dioxide and alumina did not cause toxicity. 
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Size and shape effects of a nanometal on fish embryos were investigated by Ispas et 
al. (2009). In their study, dechorionated zebrafish embryos were ejqrosed to spherical Ni-NPs 
of different sizes (30, 60, and 100 nm diameters) and a dendritic structure consisting of 
aggregated 60 nm particles (particle size distribution of 540 nm) with comparisons made to 
soluble Ni salts. Nicke! NPs were equally, or less toxic than nickel salts {LD50). but, dendritic 
clusters were markedly more toxic than both NPs and soluble Ni, (LD50 of the three NPs 
between 221-328 mg I*', soluble Ni; 221 mg I'', whilst dendritic clusters had an LD30 of 115 
mg r ' ) . Interestingly, although both nano- and soluble nickel had similar acute toxicity, 
sublethal affects manifested in different ways, with organ defects (similar in embryos 
exposed to Ni-NPs and dendritic clusters), absent in those exposed to soluble Ni, or at least 
until much higher concentrations. These effects included a thinning of the intestinal wall and 
skeletal muscle fibre separation. Analogous to data fi-om Cu-NP experiments (previously 
detailed), the majority of toxic effects seen from Ni-NPs do not stem from dissolved Ni from 
the NPs, with Ispas et al. (2009) suggesting that only 2.4-3.8 % of the observed toxicity was 
due to soluble metal. As discussed in the previous section, oxidative stress may be one 
mechanism of nanotoxicity in fish at the embryonic stage (e.g., Li et al., 2009), however a 
comparison of these effects in embryos exposed to dissolved metals is difficult due to the 
sparsity of data in the literature. This is most likely related to the difficulty in making such 
measurements in individuals due to the small size of embryos. 
Numerous studies on the lethal and developmental affects of dissolved metals to early 
life stage fish, have led researchers to suggest that embryos are less sensitive than larval fish 
(e.g., Eaton et al., 1978; McKim et al., 1978; Dave, 1985; Shazili and Pascoe, 1986;Scudder 
et al., 1988; Kazlauskiene and Stasiunaite, 1999). However, Johnson et al. (2007) argue that 
embryos exposed after the chorion has hardened may display reduced sensitivity compared to 
those exposed beforehand (i.e., < I h post-fertilisation) due to the protection afforded by this 
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membrane. Therefore, when using fish embryos in {eco)toxicology tests, including those with 
NPs, it may be prudent to commence exposure within an hour of the eggs being laid in order 
to enable a more environmentally realistic appraisal of any effects (Johnson et al., 2007), 
although dechorionation presents an alternative, albeit more unrealistic, option. 
1.8 Dietary exposure to nanometals 
The consensus view is that dietary metal exposure is the main mode of chronic 
exposure of wild fish to metals, and that whilst dietary metals are not acutely toxic, there can 
be long term sublethal effects (review. Handy et al., 2005). These sublethal effects can 
include dose-dependent effects on growth (Clearwater et al., 2005), although fish usually 
adopt a bioenergetic strategy that preserves growth at the expense of other aspects of 
metabolism (Handy et al., 1999; Campbell et al.. 2005a). The sublethal effects include 
increased costs of aerobic metabolism with subsequent changes in swimming performance 
(Campbell et al., 2002) or the ability to compete for food (Campbell et al.. 2005b). Fish can 
also show subtle pathological changes in the liver (e.g., fatty change, foci of necrosis. Handy 
et al., 1999; Shaw and Handy, 2006) and evidence of transient oxidative stress (Baker et al., 
1998: Bemtssen et al., 2000; Hoyle et al., 2007). The osmoregulatory effects of dietary metal 
exposure are much less severe than via the aqueous route, although disturbances to tissue 
electrolytes and Na*/K'-A7Tase are sometimes recorded (e.g., Hoyle et al., 2007). 
To the authors knowledge, apart fi"om one report (Ramsden et al., 2009), there is very 
little information on the sublethal effects of dietary exposure to nanomelals in fish. In mice, 
acute toxic effects can be observed (often after a single gavage of mg doses of the 
nanometal). For example, Chen et al. (2006) found that Cu-NPs caused some pathology in the 
kidney, spleen and liver, some of which were classified as being severe or 'deadly severe'. 
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Wang et al. (2006) observed severe symptoms of lethargy, with vomiting and diarrhoea for 
the first few days, in mice orally exposed to Zn-NPs. Two mortalities occurred after the fu-st 
week, witfi both animals showing aggregations of Zn particles in the intestine (Wang et al., 
2006). In a study by Wang et al. (2007) no acute toxicity was seen in mice exposed to either 
nano-sized (25 or 80 nm) or fine (155 am) TiO^ particles by single oral gavage. However, 
changes to serum biochemical parameters and cellular pathology in hepatocytes were noted. 
In the only detailed nutritional toxicity study of nanometals in trout. Ramsden et al. (2009) 
observed no impact on growth or nutritional performance, but some changes to Cu and Zn 
levels in the brain, along with a 50 % inhibition of brain NaViC' -ATPase activity. Statistically 
significant decreases in TEARS in the gill and intestine compared to control were also seen 
dimng the experiment, although no changes to the total glutathione pool were observed. 
These data support the notion that nanometais could produce similar subtle toxic effects to 
metal salts in the diet, without compromising growth. Notably, Ramsden et al. (2009) 
compared their results for TiO; NPs against the known hazard from other metals, and argued 
that based on sublethal effects without inhibition of growth, the dietary hazard from TiOi 
NPs was similar to mercury at equivalent oral doses. 
The main target organs for the dietary exposure route, and whether or not nanometals 
will accumulate in the edible flesh of fish to present a human health risk, remains to be 
established. Absorption efficiencies for essential metals ranges from around 30-70 % in the 
diet offish (Handy, 1996), although values for non-essential toxic metals can be ooly a few 
percent or less of the total oral dose (e.g., Cd, Franklin et al.. 2005). There are no data on 
dietary uptake efficiency for nanometals in fish (or rodents), but the data of Ramsden et al. 
(2009) suggests that the uptake of TiO: NPs will be a few % of the total dose and with simitar 
target organs to other dietary metals. The effects of nanometals on luminal chemistry in the 
gut, and the availability of nutrients from the gut lumen are unknown; as are the effects of 
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nanometals on gut function. Nonetheless, the drinking of contaminated water can result in 
severe erosion of the gut epithelium in trout (TiOi NPs, Federici et al., 2007). This effect was 
not observed with dietary exposure via the food (Ramsden et al., 2009), suggesting the 
presence of food or organic matter in the gut lumen will have protective effects on the oral 
toxicity of some NPs in fish. 
1.9 A perspective on risk assessment 
A key question for ecotoxicologists and regulators is whether or not there are 
additional risk from the nanoform compared to the dissolved metal. TTiis needs to be 
addressed on a case by case basis for each nanometal, but overall, the sublethal effects 
observed for NPs are (so far) comparable to existing metals. However, the mechanisms of 
uptake and bioavailability of nanometals are likely to be very different to dissolved metals, 
with the formernot being able to utilise ion transporters for the uptake of NPs, but instead 
using other mechanisms such as endocytosis (Handy et al., 2008b). It is also clear that NP 
chemistry is very different to that of dissolved metals (Handy et al., 2008a), and the 
equilibrium models we currently use to calculate free metal ion concentrations have limited 
theoretical foundation for its use with nanometals. The chemistry of NPs is fiindamentatly 
different (dynamic instability, not an equilibrium process), with perhaps one very important 
exception; the dissolution of free metal ions from the surface of NPs. In the latter case, it may 
be possible to apply existing biotic ligand models to the dissolved fraction. The metals 
community has also been working on more sophisticated models for the behaviour of metals 
in natural water which account for metal binding to soft colloids in the water column (e.g., 
humic acids), and the compartmentalisation of metals in other colloidal fractions (Rotureau 
and van Leeuwen, 2008; Duval, 2009). Natural colloids operate at the nanoscale, and it may 
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be possible to develop bioavailability models for nanometals by incorporating knowledge on 
natural colloids {e.g., Lead and Wilkinson, 2006) with aspects of metal speciation, and the 
behaviour of engineered NPs. This would be an important step in enabling regulatory 
agencies to link the hazard information from physiological effects studies with the 
environmental chemistry of nanometals. Ideally, for the regulatory agencies it would be 
preferable to be able to apply corrections for water hardness, pH, ionic strength, etc., in a 
similar way to dissolved metals. Particle theory suggests that such abiotic factors will be 
important (Handy et al., 2008a), and while this may lead to empirical corrections to water 
quality standards that could be applied by regulators, one must not forget that the reasons 
behind such collections will be fundamentally different to that for dissolved metals. 
The advent of increasingly complex hybrid versions of (nano) materials containing 
more than one NP or doped metal (e.g.. Yang et al., 2001), suggests it may be important to 
elucidate whether these nanohybrids exert a mixtures effect that would be equivalent to the 
sum of the individual metal components {or cause synergistic effects), and whether the 
unique properties of the material would require some novel approach to the issue of 
composite materials. Clearly, the stability of such composite materials in both the water and 
tissues may be critical in any mixture effect. This and other aspects of metal toxicity will 
need revisiting as new nanomaterials emerge in order to ascertain any potential hazard and 
risk. 
1.10 Hypothesis 
It is hypothesised that NPs will be both acutely and subiethally toxic to fish from 
waterbome exposure, but that in comparison to known metal toxicants such as copper, the 
'bulk' (i.e., soluble) version will be more toxic than the NPs. Also chronic dietary exposure 
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will result in sublethal effects with secondary affects possibly leading to death. However, due 
to their small size and subsequent physico-chemical properties such as particle shape, surface 
area and surface charge it is hypothesised that engineered nanoparticles are able to exert 
effects on fish that are unique in comparison to the bulk versions of the same material. 
However, it is also possible that any 'nano' effect could be offset by the propensity of 
nanoparticles to fomi aggregates, thus the animal may not be exposed to the primary 
nanoparticle. but much larger aggregates. Using Cu * and Cu-NPs as examples Fig. 1.2 
highlights some of the hypothesised differences in bioavailability of NPs to fish, whilst Fig. 
1.3 illustrates the potential differences in ADME and toxicological effects. 
63 
Mr UV Light 
Cu-NPs 
Excretion 
NOM Competingcatioos H' 
? 
i 
h 
• » 
* 
'it" 
e 
(-
I 
Figure 1.2. Conceptual diagram showing the differences in bioavailability of a metal salt 
versus the corresponding metal NP with some example abiotic factors. Copper has been used 
as an example. Ultraviolet light may affect some NPs, though probably not Cu-NPs. Dashed 
lines indicate limited bioavailabihty, with unbroken lines showing high bioavailabihty. Blue 
lines represent known effects, whilst red lines show possible interactions. Squiggly lines 
represent namral organic matter, red and green filled circles represent competing cations such 
as Ca^\ purple filled circles represent hydrogen ions as an indicator of pH. orange filled 
shape represents benthic organisms, pink filled, joined rectangles represent fish epithelial 
tissue such as the gill or gut epithelia. Single NPs are represented by black dots with space 
between, whereas aggregates of NPs are represented by larger, irregular black shapes and 
circles. 
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Figure 1.3. Conceptual diagrams showing the differences in absorption, distribution. 
metabolism, and excretion (ADME) and toxicity of a metal salt (a) versus the corresponding 
metal NP (b). Copper has been used as an example with empirically derived responses for 
panel (a) and some predicted responses for panel (b). Note that non-essential metals and 
metal based NPs could result in marked differences in ADME. Diagram conception based on 
Handy et at. {2008b). 
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1.11 Aims of the thesis 
Nanoparticles are already in the aquatic environment (e.g., Kaegi et al., 2008) and it is 
therefore likely that wild fish populations are being exposed to these new materials (Handy el 
al., 2008b}. Fish are important organisms in aquatic ecosystems and are commonly used as 
test animals in ecotoxicology. The use and production of metal containing NPs and NMs is 
expected to increase exponentially in the next decade. The thesis has several major scientific 
aims. These include 'proof of principal* toxicity studies to demonstrate whether or not 
nanometals can produce adverse effects in fish. The approach used here considers NPs 
consisting of both biologically essential (e.g. copper) and non-essential (e.g. titanium) metals; 
via both waterbome and dietary routes of exposure, and effects on different life stages or 
species offish. These studies will involve detailed measurements of the tissue metal levels, 
and effects on the internal organs (biochemical disturbances, pathologies, metal 
accumulation) so that an overview of how the traditional rules of metal toxicology apply to 
nanomaterials, or indeed, if a new paradigm is needed to explain nanotoxicity. There are 
currently large knowledge gaps on ADME, the sensitivity of juvenile stages compared to 
adults, and species differences in toxicity. This thesis will contribute to filling these 
knowledge gaps for fish as well as addressing whether existing methods for metal 
ecotoxicology are valid for this new frontier in toxicology or whether there is a requirement 
to develop new methodologies or amend of existing methods. Some aspects of the work 
therefore also focus on the measurement of metals from nanomaterials in fish tissues. 
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The specific experimental objectives of the study are to: 
1. Address the issue of nanometal quantification in fish tissue by assessing the efficacy 
of existing tissue digestion and ICP methods and developing them for NPs where 
required. 
2. Assess the effects of dietbome TiOi NPs to rainbow trout to compHment a previous 
study on aqueous exposure to TiOi NPs in this species, where incidental drinking of 
water contaminated with these NPs resulted in gut pathologies. 
3. To assess body system effects on rainbow trout from exposure to waterbome Cu-NPs 
and compare these effects to a similar dose (by mass) of soluble Cu. 
4. Assess the lethal toxicology of aqueous Cu-NPs to early life stage zebrafish and 
investigate the effects of varying water quality parameters such as NOM, pH, and 
Ca^^. along with a known Cu chelator (EDTA). 
5. Reflect on the overall results in the context of the dissolved metal toxicity paradigm, 
and indicate if nanometals require new thinking, or present new hazards to the 
environment. 
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Chapter 2. General methodology 
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2.1 Risk assessment 
Prior to each experiment risk assessments were conducted Lnciudmg generic risks 
(e.g. use of electrics in an aquarium environment) and those specific to certain experiments 
(e.g. handling of nanoparticles), and Control of Substances Hazardous to Health (COSHH) 
forms completed accordingly. 
2.2 General chemicals 
Generic chemicals and reagents used throughout (not specific to a particular 
experiment) are listed in Table I. Analytical grade reagents, or higher quality, we used in all 
experiments. 
2.3 Fish husbandry' and water quality 
A fish husbandry plan was devised prior to the start of each experiment. These plans 
set out the lower and upper limits of acceptable general water quality parameters for 
maintaining fish health during experiments such as pH, temperature, water hardness, and 
dissolved oxygen levels. The water quality considerations included meeting the husbandry 
requirements of the species, whilst also adhering to the specific requirements of the 
experimental design such as maintaining NP exposure concentrations. Consequently, 
different aquarium systems were employed to achieve different types of exposure including 
semi-static exposures in glass tanks, and the use of recirculating aquaria for dietary exposure 
studies (see experimental design for each experiment). 
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Water quality parameters were monitored throughout the experiment so that they were 
maintained within the limits set out in the fish husbandry plan in order to minimise any 
possible environmental effects upon the fish. Water samples were collected daily for pH, 
temperature, and oxygen saturation (all measured using a HACH HZ40d multi meter), and 
water samples were also collected (prior to feeding) from the waste outlet in the recirculation 
systems or mid water column from static tanks for total ammonia (HACH LANGE GMBH 
LCK kit 304 read on a HACH LANGE GmbH DR 2800 spectrophotometer). Dechlorinated 
Plymouth tap water was used throughout with a typical ionic composition of 0.4,0.04, and 
0.5 mmoi 1" forNa^, K^ and Ca^* respectively, with background Cu levels within the 0.06-
0.09 ^mol Cu r ' (4-6 fig Cu l ' ) range. Although most fish have a pH tolerance of 
approximately 6.0-9.5, in order to promote and maintain healthy biofilters and thus stable 
water quality (Tiimnons et al., 2002) a circumneutral pH was sought throughout. Dissolved 
oxygen constantly maintained above 80 % saturation and total hardness (as CaCOj), was 
approximately 50 mg l ' . 
Where required, water samples were taken for Cu analysis and acidified with one drop 
of6MHN03. 
2.4 Anaesthesia and dissection 
All procedures on animals were ethically approved, and conducted under a Home 
Office project licence (PPL 30/2313, Animals Scientific Procedures Act, 1986). Animals 
were anaesthetised for all invasive procedures that involved the potenda! for causing pain or 
distress (e.g. blood collection from the caudal vein or by cardiac puncture). Typically, 25 mg 
1"' of MS222 (tricaine methane sulphonate, MS222/1-V1. PHARMAQ, buffered to neutral pH 
with 200 mg P' NaHCOj) was added to a bucket containing about 2-3 litres of tank water. 
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The fish were immersed in the buffered anaesthetic until anaesthesia was confinned (total 
loss of equilibrium and the fish not responding to touch on the flank), then the relevant 
regulated procediire was carried out. In most experiments after blood sampling, and prior to 
dissection, fish were then euthanized with an overdose of 100 mg l ' buffered 
MS222.F0I lowing termination fish were weighed, total length recorded, and any observations 
on gross morphology or fish health noted. Dissection was carried out using acid washed 
instruments, with care taken to minimise any-cross contamination between samples, and to 
maintain organ integrity for histological examination where appropriate. 
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Table 2.1. Common chemicals used throughout experiments 
Chemical Use 
Name [CAS number] Other name /abbreviations Purchase information 
{4-(2-hydroxyethyl)piperazine-l-ethane sulfonic HEPES H3375, Sigma, UK 
acid [7365-45-9] 
1,1,3,3-tetraethoxypropane [ 122-31 -6] Malonaldehyde bis(diethyl T9889, Sigma, UK 
acetal) 
2,6-Di-/er/-bulyi-4-raethylphenol [ 128-37-0] Butylated hydroxytoluene / B1378, Sigma, UK 
BHT 
2-amino-2-hydroxylmethyl-1,3-propanedioI Tris 
[77-861] 
5.5'-dithiobis-(2-nitrobenzoic acid) [69-78-3] DTNB 
Adenosine 5'-triphosphate (disodium salt) [987- Na2ATP 
65-5] 
Ammonium molybdate tetrahydrate [12054-85-
2] 
TI503, Sigma, UK 
D8130, Sigma, UK 
A7699, Sigma, UK 
Ai343. Sigma, UK 
Homogenising buffer 
TBARS & protein assay 
TBARS assay 
General solution 
buffering 
Glutathione assay 
Na'/K'-ATPase activity 
Na^/K^ATPase activity 
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^-Nicotinamide adenine dinucleotide phosphate NADPH 
tetrasodium salt [2646-71-Ij 
Bovine serum albumin [9048-46-8] BSA 
Copper (11) sulfate pentahydrate [7758-99-8] Cupric sulphate 
Ethylenediaminetetra-acetic acid disodium salt Na-EDTA 
[63S1-92-6] 
Drahkins reagent 
Etiianol (analytical grade) [64-17-5] 
Ethylencdiaminetetra-acetic acid dispot^sium 
salt [25102-12-9] 
Folin-Ciocalteu's Phenol Reagent 
Glutathione reductase [9001-48-3] 
Iron sulphate heptahydrate [7782-63-0] 
L-Glutathione Reduced [70-18-8] 
Magnesium chloride hexahydrate [7791-18-6] 
K-EDTA 
Ferrous sulphate 
N1630, Sigma, UK 
A3912. Sigma, UK 
C7631,Sigma-Aldrich, UK 
E5134, Sigma, UK 
D5941, Sigma, UK 
E/0650DF/15, Fisher Scientific, 
UK 
ED2P, Sigma, UK 
F9252, Sigma-Aldrich, UK 
G3664. Sigma, UK 
F8633, Sigma. UK 
G4251, Sigma-Aldrich, UK 
M2670, Sigma-Aidrich a, UK 
Glutathione assay 
Protein assay 
Protein assay 
Homogenising buffer 
Haematology 
TEARS assay 
Glutathione assay 
Protein assay 
Glutathione assay 
NaVK^-ATPase activity 
Glutathione assay 
NaVK^ -ATPase activity 
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Nitric acid (trace analysis grade) [7697-37-2] 
Ouabain octahydrate [11018-89-6] 
Phosphate buffered saline 
Potassium chloride [7447-40-7] 
Potassium hydroxide [1310-58] 
Potassium phosphate monobasic [7778-77-0] 
Potassium sodium tartrate [638 i -59-5] 
Rapid Decalcifier 
Sodium carbonate anhydrous 
Sodium chloride [7647-14-5] 
Sodium hydroxide [1310-73-2] 
Sucrose [57-50-1] 
Sulphuric acid [7664-93-9] 
Thiobarbituric acid [504-17-6] 
G-strophanthin 
PBS 
Sodium potassium tartrate 
N/2272/PBI7 Fisher Scientific, UK Tissue digests 
03125, Sigma-Aldrich, UK 
P-4417, Sigma, UK 
P3911. Sigma-Aldrich, UK 
Pi767, Sigma-Aldrich, UK 
P5379, Sigma, UK 
TBA 
S2377, Sigma-Aldrich. UK 
CellPath Pic. UK) 
223484,. Sigma, UK 
S-7653, Sigma. UK 
71689, FlukaBioChemika 
S9378. Sigma, UK 
S/92407PB17, Fisher Scientific, 
UK 
T5500, Sigma-Aldrich. UK 
Na /^K"^-ATPase activity 
TEARS assay 
NaVK'-ATPase activity 
Glutathione assay 
Na'/K*-ATPase& 
Glutathione 
Protein assay 
Histology 
Protein assay 
Na*/K*-ATPase activity 
TEARS & Protein 
Homogenising buffer 
Na7K*-ATPase activity 
TBARS assay 
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Tricaine methanesulphonate [886-86-2] 
Trichloroacetic acid [76-03-9] 
3-8minobenzoic acid etinyl PHARMAQ Ltd, UK Anaesthetic 
ester/MS222 
TCA T/3000/53, Fisher Scientific, UK Na'/K'-ATPase & 
TBARS 
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2.5 Growth and nutritional perfonnaDce 
For dietary studies growth and nutritional performance parameters were measured 
according to Handy et al. (1999) with minor modifications. Briefly, the amount of food fed to 
each tank was recorded at each feeding session by weighing the feed containers before and 
after feeding, with any uneaten food subsequently removed and deducted from the total mass 
added in order to accurately assess the precise mass eaten (removed pellets were counted and 
an equal number of dry pellets were weighed to give an approximate weight of those 
removed). In addition, the time delay between the introduction of feed and first feeding was 
recorded, along with the total lime taken for the feeding event. All fish were individually 
weighed at the start of the experiment and at each 14 days sampling interval (a few hours 
prior to feeding), in order calculate net weight gains and growth rates. Individual fish weight 
was used for these calculations because the periodic sacrifice of fish during the experiment 
prevented nutritional parameters being calculated from cumulative tank biomass. These 
values were combined from the recorded weights of the sampled fish within each treatment 
and used to calculate the relevant nutritional parameters (all parameters as in Busacker et al., 
1990). Specific growth rate (SGR (% day"') = (log^ W. -loge W|)/(t2-t|)xlOO; at time 
intervals t| and ti, where W| and W2 are the fish weights at ti and tj, respecrively), feed 
conversion ratio (FCR = feed intake {g)/weight gam (g)) and feed conversion eflficiency (FCE 
= weight gain (g)/feed intake (g)) were calculat«i from mean gain in body weight for each 
treatment for (i) the exposure phase, (ii) recovery plMse and (iii) for entire experiment 
(exposure and recovery combined). 
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2.5.1 Proximate composition of whole carcass 
Proximate composition of the carcass is a routine measure of the general protein, fat, 
carbohydrate, and ash content (representing mostly non-combustible minerals) of the animal. 
Typically, 2-3 fish per tank (6-9 fish in total from a triplicate tank design) were terminally 
anaesthetised with MS222 and placed into a -20 C deep freeze for storage until proximate 
composition analysis could be performed. Proximate composition was determined in 
triplicate for moisture, lipid, ash and protein content of whole carcass. For moisture content, 
fish were weighed then placed into a fan assisted oven and dried to a constant weight (Genlab 
Ltd, UK , 105 C). Dried samples were removed and placed into a dessicator until cooled to 
room temperature then re-weighed. Moisture content was calculated as: ((WW -
DW)AVW)xlOO where WW is wet weight (g) and DW is dry weight (g). 
Lipid content was detennined by a solvent extraction (Soxtec) method. Briefly, dried 
samples were ground and weighed and (approximately 3 g) placed into a cellulose thimble. 
This was lightly plugged using cotton wool and inserted into a Soxtec extraction system 
condenser (Tecator Systems, Hoganas. Sweden; model 1043, service unit 1046). Petroleum 
edier (40 ml) was dispensed into pre-weighed cups and clamped onto the condenser and the 
extraction knobs on the instrument were raised to the boiling position for 30 mins followed 
by the rinsing position for 45 mins. After 30 mins in a fume cupboard, the cups were re-
weighed, and lipid content determined as (LW / SW)xlOO, where LW is lipid weight 
(determined from weight increase of cup, g) and SW is the initial sample weight (g). 
Ash content (total mineral or inorganic content) was determined by an adaption of the 
AOAC Official Method 923.03 (1995). Briefly, a sample of previously dried fish carcass 
(approximately 500 mg) was weighed and placed into a muffle fiimace (Carbolite, Sheffield, 
UK) at 550 C for 8 hours until a light grey ash resulted or samples reached a constant 
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weight. Samples were then weighed following cooling to room temperature in a desiccator 
and ash calculated as percentage of residue to sample weight; ((SR - CW)/SW)=<100, where 
CW is crucihle weight (g), SR is sample residue (including the crucible, g) and SW is the 
initial sample weight (g). 
Protein content was determined by the Kjeldahl method to establish the total nitrogen 
content of samples, which was then multiplied by a factor of 6.25 to calculate crude protein 
content. Briefly, 100 mg of sample was transferred into a Kjeldahl digestion tube along with 
a catalyst tablet (3 g K2SO4, 105 mg CUSO4.5H2O and 105 mg TiOj, BDH Ltd, UK) and 10 
ml of concentrated sulphuric acid. Digestion was carried out using a Gerhardl Kjeldatherm 
digestion block (Gerhardt Laboratory Instruments, Bonn, Germany) at 225 °C for 40 mins 
followed by 380 C for 60 mins. The samples were then distilled using a Vapodest 40 
automatic distillation unit (Gerhardt Laboratory Instruments, Bonn. Germany) and Crude 
protein determined as (((ST - BT) ^ O.iOx 14X6.25) / SW)x 100, where 0.10 = the molarity of 
the acid, 14 the relative atomic mass of nitrogen, 6.25 is the constant relationship between N 
and animal protein. ST is sample litre (ml). BT is blank titre (ml) and SW is the initial sample 
weight (mgj. 
2.6 Gross condition indices 
Gross condition indices such as condition factor and organo'somatic indices may be 
used as a first level of screening for the effects of pollutants in animals (van der Oost et ai., 
2007) and as indicators of their general well-being (Schmitt and Dethloff., 2000). In turn this 
can offer insight into the energy reserves and possibly the ability of animals to tolerate 
toxicant challenges or other environmental stresses (Mayer et al., 1992). The indices used 
here were condition factor (K), hepatosomatic index (HSI) and spienosomatic index (SSI) as 
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described by Busacker et al. (1990). Condition factor is an indicator of an individual's health 
within a population with declines in K indicating changes in energy storage, metabolism and 
feeding activity. It is based upon the ratio between body weight and length, and is calculated 
as {K (%) = weight (g)/length"' (cm)'<100). Hepatosomatic index is the ratio between the 
weight of the liver and the total body weight of the fish (HSI = liver weight (g)/fish wet 
weight (g) X 100 % needed here). Wet liver weights are recorded following dissection and 
HSI calculated as (HSI (%) = liver weight (g)/wet body weight (g)x 100). Changes in SSI 
could signal a dysftinction in the immune system capable of affecting individual health 
(Schmirt and Dethloff. 2000), with lesions such as necrosis or swelling due to infection 
affecting spleen size (Goede and Barton, 1990). Splenosomatic index is calculated as (SSI 
(%) = spleen wet weight (g)/body weight (g)>' 100). 
2.7 Uaematolog>' and blood plasma analysis 
Blood is the most accessible component of the vertebrate body fluid system (Houston, 
1997) and is established as a usefiil diagnostic tool in veterinary science (Houston, 1990). 
Fish were randomly collected from each relevant tank and following anaesthesia whole blood 
collected via the caudal vein into heparinised syringes. Haematocrit (Hct) and haemoglobin 
(Hb) were determined immediately. Briefly, Hct was calculated in duplicate according to 
Handy and Depledge (1999) by centriiiiging whole blood in microhaematocrit tubes (Jouan 
A13 haematocrit centrifuge) and calculating the ratio of packed red cells to supernatant. 
Haemoglobin content was determined by dispensing 20 \i\ of whole blood into 5 ml Drabkin 
reagent and the absorbance read on a spectrophotometer at 540 nm (Jenway 6300 
Spectrophotometer) and haemoglobin content calculated against a standard calibration curve. 
Whole blood (20 i^l) was fixed in Dacie's fluid (10 ml formaldehyde, 31.3 gtrisodium citrate, 
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1.0 g brilliant cresyl blue, diluted to ! litre with distilled water) for red and white blood cell 
counts. The remaining blood was centrifuged (13,000 rpm for 2 min. Micro Centaur MSE), 
and serum collected and stored at —20 °C until subsequent analysis of plasma ions and 
osmometry. Briefly, serum Na* and K^ were analysed by flame photometry (Coming 480 
Flame Photometer). Additionally plasma protein was analysed using the Bio-Rad (Bradford) 
protein assay kit 11. Samples were read at 595 nm (OPTImax tunable microplate reader. 
Molecular Devices) against 0-1 mg ml" bovine serum albumin standards (Sigma A39I2-
50G). Plasma glucose was analysed in triplicate according to Sigma Diagnostics procedure 
No. 315 glucose (Trinder). Absorbances were read at 505 nm (Jenway 6300 
spectrophotometer) and glucose determined against a standard calibration curve. Osmotic 
pressure was determined by the freezing-point depression method using 50 jil of plasma 
(Precision Systems micro osmometer, Natick, Massachusetts, USA). 
2.8 Tissue ion analysis 
Following blood sampling, fish were terminally anaesthetised with MS222 and 
dissected for tissue ion analysis. Tissues (including gill, liver, intestine, spleen, whole brain, 
and skiimed muscle) from the flank were harvested, rinsed in deionised water and processed 
for ion analysis according to Handy et al. (1999) with minor variations. Samples were placed 
into an oven (Gallenkamp Oven BS Model OV- 160) at 100 °C for 48 h, dried to constant 
weight and the tissue removed into plastic polypropylene (with polyethylene cap) scintillation 
vials (VWR International Ltd, Poole, UK). Samples (typically 0.1-0.5 g dried tissue) were 
then digested in 4 ml of concentrated nitric acid (69 % analytical grade, Fisher Scientific) for 
2 h at 70 °C in a water bath, cooled, and then diluted to 16 ml using ultrapure water (Milli-Q, 
resistivity 18.2 MH cm). For very small tissue samples (less than 0.1 g diy weight) the 
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volumes of reagents were reduced pro rata (I ml of nitric acid, diluted to a final volume of 4 
ml). Samples were then analysed for trace elements (e.g., Cu, Zn, Mn, Ca. Na and K) by 
inductively coupled plasma optical emission spectrometry (ICP-OES, Varian 725 ES). 
Instrument calibration was achieved using mixed, matrix-matched standards between 0-500 
mg r ' (depending upon the analyte), prepared firom Aristar® plasma emission grade 
solutions, with accxiracy checked after every 10-20 samples during the analysis by running a 
blank or standard as a sample. Certified fish reference tissues were used where possible along 
with tissue spike recovery tests, where a recovery of > 90 % of the nominal spike 
concentrations was considered acceptable. When computing results any values below the 
detection limit were set to zero. 
2.9 Biochemistry 
Samples of tissues were collected and stored at -80 °C in order to assay for 
biochemical indicators of osmoregulatory disturbances or oxidative stress. 
2.9.1 Sample collection and homogenisation 
Fish tissue (e.g., gill, liver, intestine, and whole brain) were removed and immediately 
snap fi"ozen in liquid nitrogen and stored at -80 °C until required. Tissues (about 0.5 g, or 
whole brain) were weighed and homogenised (Cat X520D with a T6 shaft, medium speed, 
Bennett & Co., Weston-super-Mare) in five volumes (2.5 ml) of ice-cold isotonic buffer (in 
mmol r ' ; 300 sucrose, 0.1 EDTA, 20 HEPES. adjusted to pH 7.8 with a few drops of Tris 
hydrochloride. Crude homogenates were stored in 0.5 ml aliquois at -80 °C until required. 
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2.9.2 Protein assay 
A semi-micro method based on the Hartree (1972) modification of the Lowiy protein 
assay was used to determine protein content of the tissue homogenaies in order to normalise 
enzyme activity for fiirther biochemical analyses. Briefly. 1 ml of blank (double distilled 
water (DDW)), protein standard (BSA, 40-200 ^l ml"'), or diluted sample (10 pi of 
homogenate in 0.99 ml of DDW) was added to a clean test mbe containing 0.9 ml of 1.0 g 
potassium sodium tartrate and 50 g sodium carbonate in 250 ml of 1M NaOH made up to 500 
ml with DDW and incubated at 50 C for 10 minutes. After cooling to room temperature 0.1 
ml of 1.0 g potassium sodium tartrate, 0.5 g CuS04. and 5 ml of IM NaOH made up to 50 ml 
with DDW was added to each tube and incubated at room temperature for 10 minutes. 
Following this 3 ml of 1 volume of Folin Ciocalteau reagent diluted with 15 volumes DDW 
was added and the samples vortexed to ensure rapid mixing and the samples incubated at 50 
°C for 20 minutes. After cooling to room temperature the samples were dispensed to a 96-
welt microplate and read at 650 nm (I>ynex MRX plate reader). 
2.93 Sodium-potassium-ATPase (Na^/K*-ATPase) activity 
The Na /K -ATPase assay was performed according to Bouskill et al. (2006). Briefly, 
each sample (15 ^1, in triplicate) was dispensed into test tubes containing either 400 pi of a 
K*-containing buffer (in mmol 1"'; 100 NaCl, 5 MgCb. 10 KCI, 1.25 Na2ATP, 30 HEPES, 
adjusted to pH 7.4) or a K^-free buffer (identical, but replacing KCI with 1.0 mmol I"' 
ouabain, a sodium pump inhibitor), then incubated at 37 °C for 10 minutes. The reaction was 
stopped by adding 1 ml of ice-cold trichloroacetic acid and 1 mi of colour reagent was added 
to each tube (9.6%, w/v FeS04-6H20. 1.15 %, w/v ammonium heptamoiybdate dissolved in 
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0.66 M H2SO4), and colour allowed to develop for 20-30 minutes at room temperature. 
Absorbances were measured at 630 mn {Dynex MRX microplate reader) against 0-2.5 mmol 
r ' phosphate standards. Na*/K^-ATPase activity is determined as the difference in inorganic 
phosphate released (from ATP hydrolysis by the enzyme) in the presence and absence of 
potassium (ouabain, a sodium pump inhibitor, used in K^-free media, with the difference 
representing Na'/K''-ATPa-se activity), corrected for spontaneous nonenzymatic breakdown 
of ATP (in a sample blank) over 1 hour and normalised per mg protein. 
2.9.4 Thiobarbituric acid reactive substances (TBARS) 
Total lipid peroxidation products were measured by TBARS. A 40 pi aliquot of 
homogenate was added in triplicate to a well of a 96-well microplate containing 1 mmol P' 
butylated hydroxytoluene {2,6-di-0-tert-butyl-4-methylphenol), and the final volume was 
made up to 200 \i\ with I mmol I"' phosphate buffered saline (adjusted to pH 7.4). Following 
this, 50 % (w/v) trichloroacetic acid (TCA) and 1.3 % (w/v) thiobarbituric acid (TBA) 
(dissolved to 0.3 % (w/v) NaOH). were added, and the plate incubated at 60 "C for 60 
minutes and then cooled on ice. Absorbances were read at 530 and then 630 nm (Dynex 
MRX microplate reader), to normalise for any turbidity prior to reading against 1,1,3,3-
tetraethoxypropane standards (0.5-25 |imol 1"') and expressed per mg of protein in the initial 
volume of homogenate added, 
2.9.5 Total glutathione 
For this assay 20 |ilof gill or liver homogenate or 40 jil of intestine or brain 
homogenate was added in triplicate to a microplate well containing 20 |il of 10 mmol 1 ' 
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DTNB (5,5"-dithiobis-(2-nitrobenzoic acid)), 260 ^1 of assay buffer (100 mmol 1 ' K2HPO4, 
5 mmol r ' K-EDTA, pH 7.5), and 20 jil of 2 U ml"' glutathione reductase. The reaction was 
commenced by the addition of 20 \i] of 3.63 mmol l ' NADPH, with changes in absorbance 
at 412 mn {OPTImax tunable microplate reader. Molecular Devices) recorded over 6 minutes, 
and total GSH content (^ imol g"' wet weight tissue) detennined using a standard calibration 
curve (serial dilution of a 200 fimol l ' reduced glutathione solution). 
2.10 Routine statistics 
* All data were analysed by StatGraphics Plus version 5.1 and graphs drawn using 
SigmaPlot !0.0 or 11.0. Where no tank effects were observed throughout the experiment (i.e. 
between replicates of a treatment at each time point), data were pooled by treatment for 
statistical analysis and significance set at 95 % limits, so that P-values equal to or greater 
than 0.05 were not considered statistically significant. Data were also evaluated for kurtosis 
(degree of peakedness of a distribution) and skewedness (degree of asymmetry of a 
distribution) with deviations of ± 2 from zero considered abnormal distribution (from a 
Gaussian distribution). Bartlett's test was performed initially in order to check for unequal 
variance. Statistical tests such as analysis of variance (ANOVA) are reliant upon the 
assumption of equal variances across groups or samples and whilst Bartlett's test is sensitive 
to departures frcm normality, with skewed data possibly affecting the tests' robustoess 
(Quinn and Keough, 2002), data from the current study were not skewed, therefore justifying 
usage of this variance check and the subsequent ANOVA. 
In most instances the statistical analysis required the comparison of treatment, time, 
and treatment x time interactions. On parametric data his would be carried out by use of a 
multifactor ANOVA. If this model showed statistically significant differences then ftirther 
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statistical tests could be applied for 'simple effects'. For simple two sample comparisons, the 
Student's /-test (two tailed, unpaired) was used, or the Mann Whitney test for non-parametric 
data- However, for comparison of multiple data points with one variable (e.g., time effects or 
treatment effects, but not time x treatment) one-way ANOVA was used. All ANOVAs were 
followed by Fisher's 95 % least-squares difference post hoc test. Fisher's test is a two-step 
testing procedure for pair wise comparisons of the exact means of several treatment groups 
(Meier, 2006); employed after the ANOVA null hypothesis of equal means has been rejected 
using the ANOVA F-test. For non-parametric data, where transformation was not effective, 
the Kruskal-Wallis (analysis of variance by ranks) test was used and differences located by 
notched box and whisker plots. Where the ANOVA test depends upon the assumption that all 
data are normally distributed, the Kruskal-Wallis test has no such restrictions. Box and 
whisker plots (also called box plots) display batches of data and the notched function 
provides a measure of the rough significance of differences between the values, and 
specifically indicates a significant difference (at a 95 % confidence level) if the notches about 
two medians do not overlap (McGill et al., 1978). 
Where appropriate, linearity of standard calibrations was confirmed by correlation 
coefficients (Pearson Product Moment Correlation method), as was the correlation between 
two variables. In this analysis pairs of variables with positive correlation coefficients and P 
values below 0.050 tend to increase together, whilst pairs with negative correlation 
coefficients and P values below 0.050, tend to have one variable decreasing whilst the other 
increases. For pairs with P values greater than 0.050, there is no significant relationship 
between the two variables. 
The Trimmed Spearman-Karber method (Hamihon et al., 1977), was used for 
estimating median lethal concentrations in toxicity bioassays (i.e., LCso tests), using free 
software from the United States Environmental Protection Agency (US EPA; 
85 
http://www.epa.gov/eerd/stat2.htm). Statistical significance was assumed when there was no 
overlapping of the 95 % confidence intervals between treatments. 
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Chapter 3. An Improved Method for 
the Determination of Total Titanium 
from Titanium Dioxide Nanoparticles 
in Fish. 
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Abstract 
The reliable detection of Ti from TiO; nanoparticles (NPs) is required to support 
ecotoxicological research on Ti02 NP uptake, and the tbod safety industry also requires a 
method for measuring Ti from TiO: NPs in edible fillets (muscle) of fish. Existing analytical 
techniques are inadequate for some metallic NPs, yielding low spike recoveries. For example, 
fish intestine spiked with TiO: NPs or Ti metal spikes gave recoveries of 18.1 ± 9.1 and 97.5 
± 2.9 % respectively (ail data, mean ± SEM, n = 6). Investigations of analyte loss showed no 
effect with the type of digestion vials used (glass versus plastic). Attempts to improve 
recovery by stirring or sonicating samples, or adding sodium dodecyl sulphate were not 
effective. However, the addition of 2 % Triton X-IOO improved recovery of Ti from TiOi 
NPs by 3-10 fold. Spikes of 100 jig i ' TiO; NPs produced the highest recoveries and were 
69.7 ± 8.6; 65.0 ± 1.7; 55.0 ± 5.8; 44.7 ± 5.8; and 41.3 ± 4.0 % for whole zebrafish. and trout 
gills, muscle, intestine, and liver respectively. Precision and accuracy were also within 
acceptable limits. The new method represents a marked improvement in determining Ti metal 
from TiOa NPs in tissues with potential uses in both ecotoxicology and food safety. 
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3.1 Introduction 
Engineered nanomaterials (NMs) can be defined as novel materials with at least one 
dimension < 100 nm (SCENIHR, 2007). These materials can be categorised by their main 
chemical composition, and include nanoscale metals and metal oxides, carbon-based 
materials such as carbon nanotubes (CNTs) and carbon spheres (e.g.. CM fullerenes), as well 
as a range of nano-ceramics. quantum dots and nano-composites that are each made from 
several chemical substances (Boxall et al., 2007; Stone et al., 2010). The interest in NMs 
partly arises from their unique physical and chemical properties at the nanoscale (StengI et 
al., 2007; Handy et al., 2008). However, some of these properties such as poor solubility in 
water, the colloidal behaviour of nanoparticles (NPs) in aqueous media (aggregation, 
agglomeration), and adsorption to surfaces, are creating new challenges for analytical 
chemists (see Handy el al., 2008 and Hassellov et al., 2008 for reviews of measurement 
methods for NPs). 
Titanium dioxide (TiO:) NPs are used in cosmetics, sunscreen, paint, and buildmg 
materials (Aitken et al.. 2006). and potential applications in food have also been suggested 
(Chaudhry et al., 2008; Sozer and Kokini, 2009). The latter is particularly interesting with 
respect to food safety as the traditional pigment form of ordinary Ti02 powder has been used 
for many years (e.g., in fish nutrition. Lied et al., 1982; Weatherup and McCracken, 1998; 
Mamun et al., 2007) and is regarded as safe at inclusion levels of a few percent in foods. 
However, the potential benefits of TiO; NPs in food production are also balanced by 
concerns about the ecotoxicity of these materials to fish (Federici et al., 2007; Zhang et al., 
2007; Handy et al.. 2008)and, more generally, to humans (Handy and Shaw. 2007b) with oral 
exposure to TiO; NPs causing lesions in the hver and kidneys of mice (Wang et al., 2007). A 
rehable method of detecting titanium from TiOiNPs in meat or fish would therefore be 
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valuable to the food industry as well as for the quantification of the exposure of internal 
organs of fish during ecotoxicity studies-
The traditional methods for determining trace metals in fish tissues rely on mineral 
acid digestion of the flesh, and subsequent analysis by atomic absorption spectruphotometry 
(AAS, e.g., Manutsewee et al., 2007), inductively coupled plasma optical emission 
spectrophotometry (ICP-OES; e.g.. Handy et al., 1999), and sometimes inductively coupled 
plasma mass spectrometry (ICP-MS) for elements such as uranium where very low detection 
limits are required, (e.g., Bourrachot et al., 2008). However, for Ti02NPs, these traditional 
methods give variable results and very poor spike recovery tests (e.g.. Scown et al., 2009). 
Hydrofluoric acid (HF) digestion has previously been used for detennination of Ti from bulk 
Ti02 in geological samples (e.g., silicate materials, Makishima and Nakamura, 2000) with Ti 
being a fluorophile element that will form a stable, soluble fluoro-con:q)lex (anion) in HF 
(Cotton and Wilkinson, 1988). However, HF is a strong, inorganic acid that has a highly 
caustic and corrosive effect on organic tissue (Matsuno, 1996) and even when dilute can 
cause deep, slow-healing, and extremely painful bums, with the vapour also seen to produce 
lesions on contact with skin (Dale and Chir, 1951). HF will also dissolve glassware and 
damage the nebuliser and spray chamber of the ICP instrument (Varian, personal 
communication). As such specially designed, HF resistant, apparatus are required for sample 
processing and subsequent storage, and for sample introduction and processing within a 
dedicated ICP MS instrument. Coupled with the extra health and safety precautions and 
measures required when working witii this acid, its use for routine analysis of tissues in 
ecotoxicology is not practical. Researchers have therefore tried various approaches to 
improve digestion and quantification using more practical means. For example, Scown et al., 
2009 report a "digestion efficiency" of 28.8 % after additions of the non-ionic surfactant, 
Triton-X 100, to improve the dispersion of NPs in the tissue digest. Instruments also respond 
90 
differently to Ti metal solutions compared to dispersions of TiOi, and in the absence of 
certified standards for TiO; NPs in fish tissues, dual calibrations, where titanium metal 
(dissolved Ti) standards are run against carefully prepared TiO? NP dispersions have been 
used to correct for the calibration responses of instruments (Federici et al., 2007; Zhang et al., 
2007). 
However, full details of the analytical method development for measuring Ti in 
tissues from TiO; NPs have not been documented. For practical use in food safety the 
accuracy, precision, such as within and between sample variability (e.g., coefficient of 
variation for repeal analyses) need to be established. It would also be useful to establish 
whether the methodology works for the different types of tissues that may be studied in 
ecotoxicology. The overall aim of this study was to describe, test, and validate a method of 
quantifying total tissue Ti levels from fish tissues exposed to TiOi NPs, and to report the 
utility of the method for determining tissue Ti levels for ecotoxicology studies, as well as for 
measuring Ti levels in fish muscle from the view point of food safety offish fillets. A reliable 
method of Ti analysis is also a pre-requisite for the development of certified reference fish 
tissues for Ti02 NPs, which are currently not available. 
3.2 Experimental Section 
3.2.1 Titanium Dioxide Nanoparticle Stock Solution 
The titanium dioxide NP powder used herein was from the same batch previously 
characterised and used by our laboratory (Federici et al., 2007) and stock solution preparation 
was identical in the present study. Briefly, dry, powdered TiO; NPs ("Aeroxide" P25 Ti02, 
DeGussa AG, supplied via Lawrence Industries, Tamworth. UK) comprised 75 % rutile and 
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25 % anatase Ti02, had a purity of at least 99 % Ti02 (< I % Si), an average particle size of 
21 mn and a specific surface area of 50 ± 15 m" g ' . Chemical analysis of stock solutions 
revealed no metal impurities (data not shown), and particle analysis by transmission electron 
microscopy (TEM, JEOL 1200EXII) showed a mean primary particle size of 24.1 ± 2.8 nm 
(mean ± SEM,« = 100 electron microscope images, see Federici et al., 2007). A 10 g 1"' 
stock solution of Ti02 NPs was generated without solvents by dispersing the NPs in ultrapure 
Milh-Q (Millipore) water with sonication (bath type sonicator, 35 kHz fi-equency, 
Fisherbrand FB 11010, Germany) for 6 h. 
3.2.2 Stock Animals and Collection of Tissue Samples 
Stock rainbow trout {Oncorhynchus mykiss) and zebrafish (Danio rerio) were kepi in 
slock aquaria with flowing, aerated, Plymouth tap water (dechlorinated by standing with 
aeration for at least 24 h prior to lise in tanks). The ionic composition of the dechlorinated tap 
water was 0.3,0.1, and 0.4 mmol 1"' of Na*. K^ and Ca'' respectively and the photoperiod for 
the stock fish was set to a 12 h light: 12 h daric cycle. The rainbow trout used varied in age 
from fingerlings to 1 year old juveniles with a wet weight range of 20-900 g whereas 
zebrafish were all mature adults with a weight range of 0.3-0.9 g (wet weight). For sample 
collection, fish were terminally anaesthetised with MS222 and dissected to harvest target 
organs using acid cleaned instruments (triple washed in 5 % nitric acid and then triple washed 
in deionised water). Dissected tissues or whole zebrafish were thoroughly rinsed with 
deionised water, blotted dry and placed onto new, acid washed, slides in preparation for 
dehydration. 
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3.2.3 Established Metal Detection Method 
Initially, attempts were made to utilise an existing method for trace element analysis 
in fish tissues in order to measure Ti02 NPs. This method has been used many times by our 
laboratory (e.g.. Handy et al., 1999; Handy et al. 2000; Shaw and Handy, 2006, see Chapter 2 
for method details) and typically gave recoveries of 100 ± 5 % of the target value in spike 
recovery tests performed on tissue samples for soluble metals (e.g.. Handy et al., 2000). 
Briefly, fish tissues were oven dried to constant weight over 48 h following sample collection 
and rinsing as described previotisly and then transferred to 20 ml plastic polypropylene (with 
polyethylene cap) scintillation vials (VWR International Ltd, Poole, UK). Approximately 0.1-
0.3 g of dried tissue was digested in 4 ml of concentrated nitric acid at 70 °C for 7 hours and 
then diluted to 16 ml tising Milli-Q water. Samples were analysed for Ti along with Cu, Zn, 
Mg, Ca, Na and K by inductively coupled plasma optical emission spectrometry (ICP-OES, 
Varian 725 ES, Mulgrave, Australia). 
3.2.4 Instrumentation and Quality Control 
During sample analysis the Varian 725 ES ICP-OES operating parameters were; 
power, 1.4 KW, plasma, auxiliary and nebuliser flows, 15, 1.5, and 0.68 1 min"', respectively, 
and instnmient stabilisation, lime uptake delay, and replicate read time, 10, 15, and 4 s, 
respectively, with a wavelength of 336.122. Calibration was achieved with mixed, matrix-
matched standards between 0-1000 mg l ' (depending upon the analyte), prepared from 
Aristar* plasma emission grade solutions. The calibration blank contained 25 % nitric acid 
with no standards. Calibration of the ICP-OES for Ti analysis was successfully achieved 
using either dissolved Ti or TiOi NPs and for practical reasons (see discussion) the former 
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was used throughout. The detection limit of the instrument for dissolved Ti (3 x standard 
deviation of the 2 % nitric acid blank) was 7.04 (ig r ' (n ~ 18). The procedural detection limit 
of dissolved Ti for tissue digests going through the entire protocol (3 x standard deviation of 
the digestion protocol blank) was 4.58 |ig I"' (n = 6). Titanitim dioxide values were calculated 
from the dissolved Ti values using stoichiometric conversion based on atomic weight. In a 
typical sample run, the blank or a standard was checked (run as a sample) after every 10 
samples. In the absence of certified fish reference tissues for total Ti analysis, or for the TiOi 
NP content of tissues, spike recovery tests using both dissolved Ti and TiOa NPs were 
conducted using rainbow trout intestine. Briefly, samples were oven dried as described above 
and known concentrations of dissolved Ti or TiOi NPs were added to the vial prior to the 
addition of concentrated nitric acid and the subsequent digestion. Samples were then diluted 
with Milh-Q water as described above. However, following the poor recovery obtained fi"om 
TiO: NP spiked tissue it was evident that the established method of analysis needed 
improving and optimising for TiO; NPs. 
3.2.5 Method Development 
A series of experimental tests were conducted to improve the methodology for 
detection of Ti02 NPs in biological samples. A pilot study comparing ICP-OES (Varian 725 
ES) with ICP-Mass Specfrometry (V.G. Plasmaquad PQ2 ICP-MS, Fisons Instruments. 
Winsford, Cheshire, UK) found that percentage recovery of Ti from fish tissue was lower 
when using ICP-MS compared to ICP-OES with a high level of variability between samples 
in the former (i.e., more than ± 20 %, data not shown). The ICP-OES showed far greater 
sensitivity to Ti in the form of Ti02 NP than the ICP-MS. and so the method was optimised 
for ICP-OES. The optimisation trials included: (i) characterising the response of the ICP-OES 
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to TiO; MP standard solutions compared to dissolved Ti standards and optimising the 
instrument settings so that both responses were linear; (ii) trials to determine where any 
losses of Ti02 NPs could be occurring during the digestion protocol. This involved spiking 
samples with known concentrations of Ti02 NPs (see results) and investigating adsorption 
tosses to different types of vials used in acid digestion, i.e., plastic polypropylene vials (VWR 
international, Poole, UK) compared to glass vials (type 1 'fiolax' borosihcate glass vials, 
Taab Laboratories, UK), and the effect of spiking before or after the acid digestion process; 
(iii) the use of surfactants, i.e., sodium dodecyl sulphate (SDS, general laboratory grade, code 
no. S/5200/53. Fisher Scientific, UK) and Triton X-100 (10 % in solution, laboratory grade, 
lot no. 126H1030, Sigma-Aldrich, UK); (iv) the effects of stirring or sonication (2 h prior to 
analysis) to aid the dispersion of NPs at various stages during tissue digestion; and (v) a 
repeat of the spike recovery tests above with different tissues (gill, liver, muscle, spleen and 
intestine) to demonstrate whether or not the type of tissue altered the success of the protocol. 
Ail trials were conducted using appropriate controls (negative controls; no added Ti02 NPs or 
dissolved Ti). and in some of the trials tissue samples that were spiked with known amounts 
of dissolved Ti (positive controls) were used to compare with TiO^ NP spikes. 
Following these trials, an optimised method was established, and carried out several 
times with different tissue samples in order to determine the precision and accuracy of the 
optimised method. One set of samples were also analysed after 2 h, 3 d, and 14 d to test for 
changes in the measured Ti levels over time. 
3.2.6 Final Optimised Method for Determining Ti from TiO: NPs in Fish Tissue 
For the tissue digestion phase, the main modification included the addition of 2 % 
Triton X-100 during sample dilution. Tissue samples were processed for acid digestion as 
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described above in the initial method, however once samples had cooled, Triton X-100 was 
slowly added to each digested sample prior to dilution with Milh-Q water to achieve a final 
volume of 2 % Triton X-IOO in each sample {3.2 or 0.8 ml of the 10 % Triton X-100 solution 
carefully pipetted into each digest vial for 16 or 4 ml final dilutions, respectively). Following 
the addition of Triton X-100 and final dilufion (to 16 ml or 4 ml respectively), samples were 
then stored in a cool, dark place until subsequent analysis. 
Prior to each analysis, samples were placed on an orbital shaker (KS501 digital orbital 
shaker, IKA Labortechnik) set at 145 r.min'' for a minimimi of 30 min to ensure proper 
mixing of the sample. Samples were sequentially removed fi-om the orbital shaker and 
immediately analysed by ICP-OES without further agitation for Ti, Cu, Zn, Mg, Ca, Na and 
K {ICP-OES parameters set precisely as described in Instrumentation section above), using 
matrix matched standards (i.e., containing 25 % nitric acid and 2 % Triton X-100). 
The precision of the optimised protocol was then assessed, firstly by comparing 
within sample variation (the same trout muscle sample measured in triplicate) in order to 
ascertain the coefficient of variation of the ICP-OES, and secondly by measuring multiple 
muscle segments (each as individual samples) from the flesh of one fish, to get a measure of 
tfie procedural variation. Between fish variation was assessed by measiuing Ti levels in 
tissues fi-om different animals. To assess any differences in tissue used, trout gills were then 
tested for precision overa serial dilution of TiO^ NP spikes (100-1000 jig l')- Data for 
precision are presented per g tissue. 
3.2.7 Statistical Analysis 
All data were analysed by StatGraphics Plus version 5.1 and graphs drawn using 
SigmaPiot 10.0 as described in Chapter 2. 
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3.3 Results 
3.3.1 Quality Control and Assurance 
Calibration with both dissolved Ti and Ti02 NP standards produced /"" values in 
excess of the 0.9975 value threshold that the ICP-OES requires in order to calibrate the 
instrument. Linearity was established for dissolved Ti and TiOj NP standards with both 
producing correlation coefficients of 1, with /"values of 2.50 x 10"^  and 1.14 x 10"^  for 
dissolved Ti and TiO? NP respectively (Pearson Product Moment Correlation). Standards 
were ran every 10 samples in order to assess for deviation from nominal levels (i.e., > 5 % of 
the nominal value) or blanks for Ti peaks above background levels. However, as no drift was 
observed (i.e., < 5 %). The instrument did not require recalibrating and the absence of 
discemable Ti peaks in the blanks indicated no standard or sample carry over. Recovery of 
dissolved Ti (100 |ig 1"') spikes was complete using the standard metal method in fish 
intestine samples (data were, mean ± SEM, n = 6; 97.5 ± 2.9 %), but this original method 
gave very poor results for intestine samples spiked with 100 pg f' TiO: NPs (recovery of 
18.1±9.1%.n=6) . 
3.3.2 Method Development 
An investigation into potential variations in recovery related to the vial types (i.e., 
glass or plastic polypropylene) used for tissue acid digestion showed no statistically 
significant differences in spike recoveries between the two container materials (students t-
test, P> 0.05; Fig. 3.1a). Similariy, no significant differences were seen when the stage of 
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spiking the sample during the process was altered (i.e.. before or after acid digestion) for both 
dissolved Ti and TiOi NP spiked samples (students /-test, P > 0.05; Fig. 3.2). 
Samples were then manipulated to improve the spike recovery. Samples thai were 
stirred or sonicated immediately prior to reading on ICP-OES did not show improved Ti 
recovery compared with controls (Fig. 3.1b), nor did die use of the anionic surfactant. SDS, 
in spiked samples (recovery appeared reduced in these samples, though not significantly; 
ANOVA, P > 0.05; Fig. 3.1c). However, the addition of Triton X-IOO to each spiked sample 
significantly improved Ti recovery compared to controls (spiked samples with no added 
detergent) or SDS-treated samples (ANOVA, P < 0.05; Fig. 3.1c). Therefore further 
experiments were carried out in order to ascertain the optimal concentration of Triton X-100 
required and to standardise the procedure (see below). 
3.3.3 Optimisation of Triton X-IOO Method forTi Determination fi"om TiO^ NPs in Fish 
Tissue 
A series of spike recovery experiments (with 100 ng P' Ti02 NPs spikes) were 
conducted whereby increasing concentrations of Triton X-IOO (i.e., 0-10 % v/v of fmal digest 
volume) were added to trout gill samples following acid digestion. Recovery was 
concentration dependent with values of (data mean ± SEM, n = 6 TiO; NP spikes per 
concentration of Triton X-100) 25 ± 3.35 ± 9,49 ± 8, 75 ± 8, 64 ± 9, 25 ± 8, 12 ± 4, and 0.5 
± 0.02 % for samples containing 0, 0.5, i.0,2.0, 4.0, 6.0, 8.0, and 10.0 % Triton X-IOO 
respectively. No differences in recovery were observed when Triton X-IOO was added before 
or after MiUi-Q water dilution of the acid digest (student's Mest, P > 0.05, data not shown). 
Notably, subsequent experiments showed that the use of standards to calibrate the ICP-OES 
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that were not matrix matched to the samples (i.e., did not contain equivalent Triton X-lOO (or 
acid concentrations)) resulted in an over reading of Ti in the spiked samples (e.g.. Fig. 3.3a). 
Further experiments also revealed that recovery could be furtlier improved by 
agitation of the samples immediately prior to ICP analysis and so the method, vigour and 
time of mixing were explored further. The most effective method proved to be the swirling of 
samples on an orbital shaker at 145 r.min"' for at least 30 rain prior to reading (significantly 
different from no active agitation and other mixing methods tested: stirring, inversion, 
vortexing; ANOVA, P < 0.05) For example, gill samples, gave recoveries of 67 ± 4 and 47 ± 
7 % (mean ± SEM, « = 6) when measured without agitation and then with swirling on an 
orbital shaker as described above. 
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< 0.05); absence of annotation on panels (a) and (b) indicates no statistically significant 
differences between treatments within each tissue. 
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3.3.4 Validarion of Optimised Protocol 
Following optimisation of the protocol a series of spike recovery tests were conducted 
using a serial dilution ofTiOzNPs (0-1000 pgl"') in order to validate the efficacy and 
precision of the method. Ti recovery was tissue- and spike concentration-dependent, with the 
highest recovery achieved using whole zebrafish and the lowest using Uver tissue. A spike 
concentration of 100 ^g l ' TiO: NPs provided the highest recovery in each tissue type 
compared with more concentrated spikes (see Fig. 3.3b for % recovery data of 100 jig 1' 
Ti02 NP spikes). The overall trend was for reduced recovery with increased spike 
concentration (non-significant in liver, muscle, and intestine; ANOVA, P > 0.05). Recovery 
data for trout tissues ranged from (% mean ± SEM, K = 6 samples for each tissue at each 
spike concentration); 36.2 ± 4.5 to 53.3 ± 4.4 for liver; 45.9 ± 1.7 to 55.0 ± 5.8 for muscle; 
and 32.5 ± 5.6 to 52.1 ± 1.1 for intestine. Spike recovery was significantly higher in zebrafish 
samples spiked with 100 ^g f' Ti02 NPs than was achieved at higher spike concentrations 
(Kruskal-Wallis; P < 0.05) with recoveries of 69.7 ± 8.5, 53.8 ± 2.5, 54.4 ± 2.3,42.2 ± 5.0, 
45.5 ± 0.6, and 44.9 ± 2.8 from 100, 200, 300,400,500, and 1000 \ig l ' Ti02 NP spikes 
respectively (data mean ± SEM % recovery, n = 6). 
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Figure 3.3. Recovery of Ti in whole zebrafish and rainbow trout tissue (muscle, liver, gill, 
intestine) samples spiked with 100 fjg f' Ti02 NPs with 2 % Triton X-lOO added following 
acid digestion and measured on ICP-OES calibrated using (a) standards with no added Triton 
X-lOO and (b) standards containing 2 % Triton X-100. Note that where calibration was 
carried out with standards that did not contain Triton X-100 the samples over read (i.e., panel 
a). Data are meim ± SEM, % recovery, n = 6. Different letters indicate significant differences 
between tissues with the same letter indicating no significant difference (ANOVA. P < 0.05). 
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Significant differences were also seen between the 200 and 300 (ig 1"' Ti02 NP spiked 
samples and die 400, 500, and 1000 ^g l ' spikes (Kruskal-Wallis; P < 0.05). Gill samples 
from trout showed concentration-dependent increases in percentage recovery which were 
statistically significant in samples spiked with 100 i^g l ' TiCh NPs compared with all other 
spikes (ANOVA, P < 0.05; data mean ± SEM % recovery (nominal TiOz NP spike 
concentration in ^g 1'); 65.0± 1.7 (100) 59.8 ± 1.8 (200); 57.8 ± 1.8 (300); 58.7 ± 1.3 (400); 
56.2 ± 2.2 (500); and 54.4 ± 2.7 (1000), n = 6). 
The effective shelf hfe of tissue digest samples containing 2 % Triton X-100 was 
investigated by measuring the samples after 2 hours, 3 d and 14 d after the addition of Triton 
X-100. Notably, 14 d after adding the Triton X-100, Ti recovery from the TiOi NP spiked 
samples was significantly reduced compared with the initial measurement (e.g., spike 
recovery of 45 % in intestine samples after 14 d compared to approximately 70 % after 2 h, 
ANOVA, P < 0.05), whilst an approximately 5 % reduction was noticed after 3 d compared 
to 2 h. In order to ascertain whether samples containing Triton X-100 could also be used to 
accurately measure other analytes, whole zebrafish samples were tested for differences in 
tissue Ca, Na, Cu, Zn, Mg, and K levels with and without Triton X-100. No significant 
differences were seen in samples or standards containing 2 % Triton X-100 compared to 
those without (T^le 3.1; Students r-test, P > 0.05) indicating that interferences were not a 
concern. 
The results of precision testing of the optimised protocol are presented in Tables 3.2 
and 3.3. Within-sample precision using rainbow trout muscle tissue (triplicate readings from 
the same sample; Table 3.3) produced coefficient of variation (CV) values ranging from 5.45-
12.38 %. However, within-fish variation (differences when muscle tissue from one fish was 
divided equally, each piece processed as individual samples and measured for Ti content) was 
slightly higher (14.88 %, Table 3.2) than the within-sampie variation indicating a minor 
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Table 3.1 Effects of Triton X-100 on the analysis of trace elements in whole zebrafish using ICP-OES (data are mean ± SEM, pmol g"' dry 
weight, n = 6). 
c. . . Trace element analysed 
Standards ;=rTf 7; TT* r r r i zr~^ ^ 
C £ Cu K M^ Na Zn 
Without Triton X-100 219.5±7.2 0.034±0.0O3 61.2±1.8 18.4±0.9 45.7±2.3 2.63±0.7 
With 2 % Triton X-100 224.9±6.5 0.039±0.004 64.6±l. l 19.0±1.2 44-5:fc3.1 2.81 ±0.5 
Note: these were not spikes, but naturally occurring levels of each element in whole zebrafish. measured initially without and then with 2 % 
Triton X-100 added. Note however, that the standards for each run were matrix matched to the samples (i.e.. when Triton X-100 was added to 
the samples it was also added to the standards at the same concentration). 
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Table 3.2. Instrument and procedure precision in rainbow trout muscle tissue at different TiO; NP spike concentrations. 
TiOi NP spike 
(^ >g r') 
100 
100 
100 
100 
1000 
1000 
1000 
1 
rtsn and sample 
number 
Fish 1 sample 1 
Fish 1 sample 2 
Fish i sample 3 
Fish 1 sample 4 
Within-fish Ti metal 
mean ± SD (SEM) 
Within-fish CV (%) 
Fish 2 sample 1 
Fish 2 sample 2 
Fish 2 sample 3 
Within-fish Ti metal 
mean ± SD (SEM) 
Within-fish CV {%) 
TimetaUuss"') 
Triplicate reading 
1 2 3 
2.88 2.67 3.09 
2.13 1.92 2.45 
2.03 2.13 2.45 
2.03 2.03 2,45 
2.36±0.35{0.I8) 
14.88 
39.04 40.43 44.48 
41.49 41.71 45.65 
48.43 44.27 41.39 
42.99 ± 1.69(0.98) 
3.93 
Mean ± SD 
2.88 ±0.21 
2.17 ±0.27 
2.20 ± 0.22 
2.17 ±0.24 
41.32 ±2.83 
42.95 ± 2.34 
44.69 ± 3.54 
SEM 
0.12 
0.15 
0.13 
0.14 
1.63 
1.35 
2.04 
Within-sample 
CV (%) 
7.29 
12.32 
9,96 
11.17 
6.84 
5.45 
7.92 
Within sample coefficient of variation (CV (%)) at end of each row is the variation from repeat (x3) measurements of the same tissue sample; 
CV (%) at the bottom of a column is the total procedural variation from acid digestion of pieces muscle from the same fish. 
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Table 3.3. Procedural precision from triplicate digestions of rainbow trout gill tissue at different TiOi NP spike concentrations. 
TiO: NP spike 
100 
200 
300 
400 
500 
1000 
Fish ' 
number 
1 
2 
3 
4 
5 
6 
T metal (un g' 
Tissue replicate 
1 2 3 
6.11 
11.64 
13.38 
20.51 
23.13 
47.85 
5.67 
9.89 
15.27 
20.65 
24.73 
43.93 
5.53 
10.18 
15.71 
21.53 
22.69 
46.84 
') 
Mean ± SD 
5.77 ±0.30 
10.57 ±0.94 
14.79 ± 1.24 
20.90 ±0.55 
23.52 ±1.07 
46.21 ±2.04 
SEM 
0.17 
0.54 
0.71 
0.32 
0.62 
1.18 
Between-sample 
CV (%) 
5.25 
8.87 
8.37 
2.65 
4.57 
4.40 
Procedural precision calculated from triplicate digestions of rainbow trout gill tissue at different TiO; spike concentrations. Between sample 
coefficient of variation (CV (%)) is the total procedural variation from acid digestion of pieces gill from the same tlsh. 
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disparity between tissue sections from the same fish. Variation between triplicate samples 
taken from the same gill tissue was also calculated to examine any variability in the 
procedure (Table 3.3). Gills from six different trout were digested following spiking with a 
serial dilution of TiOa NP (n = 3 gill samples per fish. Table 3.3). The variation in the gill 
tissue was lower than muscle widi all coefficients being under 10 %. 
3.4 Discussion 
With the exfiected fijture growth in the nanotechnology sector and predicted increase 
of environmental releases of engineered NPs (Boxall et al., 2007; Ju-Nam et al., 2008: Owen 
and Handy, 2007), it will be essential to measure NPs in biological tissues. Importantly for 
the food industry, food items for human consumption such as edible fish muscle, also need to 
be monitored for public safety. An improved method to measure Ti from TiO; NPs in the 
tissues offish is presented here, which shows good recovery of Ti metal and a reproducible 
analysis of the tissue samples. 
In the current study, calibration of the ICP-OES was achieved with standards made 
using both dissolved Ti and TiOi NPs, with each showing good linear correlation (correiaiion 
coefficient P values of < 0.00001). In fight of the data, a decision was made to use titanium 
metal standards for all fiiture calibrations for several reasons. Firstly, the instrument is 
designed to detect metals in their elemental form. Secondly, the chemical speciation and form 
of Ti02 NPs in fissues remains unknown, but total metal in the tissues has been detected in a 
previous study (Federici et al., 2007). 
Determming analyte recovery (spike recovery) from the protocol is an important part 
of method vaUdation, and for Ti02 NPs, the traditional trace element methods for fish tissues 
gave a poor recovery (e.g., < 35 %, Fig. 3.1a). Experiments were therefore conducted using 
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Ti02 NP spikes in whole zebrafish and rainbow trout tissues to ascertain where losses of 
analyte were occurring. It is well established that without sufficient acidification significant 
losses of metal from aqueous samples may occur (e.g., Jones et al.. 1985) and this can also be 
influenced by metal adsorption to the surface of the container (e.g., Parker and Bloom, 2005). 
All samples remain acidified at low pH in the protocol and no statistically significant 
differences in Ti spike recovery {from Ti02 NPs) observed when acid digestions were 
performed in either plastic or glass vials (Fig. 3.1a). Clearly the pH and type of container 
were not responsible for the apparent loss of the spike. However, a theoretical possibility was 
that the NPs were not dispersing well in the digestion vials, or the NPs were altering the 
behaviour of the sample as it was drawn into the nebuliserin the instrument. Several 
dispersion methods have been employed with nanomaterials including sonication (e.g., TiOi 
NPs, Federici el al., 2007), stirring (e.g., Cwi fiillerenes, Heniy et al., 2007) and the use of 
surfactants (SWCNT, Smith et al., 2007). However, these appeared to have no effect on spike 
recovery. Neither stirring nor sonication of the sample 2 h prior to measuring on ICP-OES 
improved spike recoveries (Fig. 3.1b). Similarly, the use of the surfactant sodium dodecyl 
sulphate (SDS) to disperse the NPs in solution did not improve recovery, and sometimes 
decreased it (e.g., liver in Fig. 3.1 c). 
However, the use of another surfactant, Triton X-100, successililly improved Ti 
recovery from TiO? NP spikes, with an optimum concentration of 2 % (Fig. 3.1c). The 
concentration of Triton X-100 used was much higher than the critical micelle concentration 
(CMC) as indicated by the manufacturers data sheet (CMC; 0.22 to 0.24 mM for Triton X-
100 in water) and this would most likely aided the dispersion of any NPs in the sample. The 
CMC is the concentration above which a surfactant will form micelles following its addition 
to water. In the current experiment, Triton X-100 formed micelles around components of the 
digestion matrix, including the TiOi NPs, and following micellisation the NPs are less likely 
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to aggregate and settle out of suspension. All concentrations of Triton X-100 used here were 
much higher than the CMC of this surfactant in water (0.22 to 0.24 mM), although many 
factors can influence the CMC (Fuguet et al., 2005) and it is likely that the CMC required for 
Triton X-100 to fonn micelles with Ti02 NP and other organic material present is greater 
than in pm-e water, hiterestingly even in the presence of Triton X-100, tissues with more fat 
such as the liver consistently produced lower percentage recoveries than other tissues (e.g.. 
Fig. 3.3). Although micelle formation with Triton X-100 can be affected by the viscosity of 
the solution or presence of organic matter (Mukeijee and Mysels, 1971), the amount of Triton 
X-100 in the sample was not a limiting factor in the spike recovery, and was optimal in the 
method. Concentrations of Triton X-100 over 2 % resulted in decreased spike recovery (e.g., 
recoveries of 75 ± 8, 64 ± 9,25 ± 8, 12 ± 4, and 0.5 ± 0.02 % (mean ± SEM) for samples 
containing 2.0,4.0, 6.0,8.0, and 10.0 % Triton X-100 respectively). Triton X-100 was also 
much more effective than SDS at improving spike recoveries. Triton X-100 has a lower CMC 
than SDS (about 0.25 and 8.5 mM for Triton X-IOO and SDS respectively, Mukeijee and 
Mysels. 1971) and therefore is likely to be more effective at lower concentrations. Triton X-
100 is also a non-ionic surfactant, while SDS is anionic with a long (12 carbon) chain, 
suggesting that non-ionic surfactants may be better although the reasons for this require 
fiirther investigation. One possible explanation could be that some non-ionic surfactants are 
known to have fi relaxation process times as long as minutes (Patist et al., 2002). It may 
therefore be possible that the longer the relaxation time the less chance there is of TiOj NPs 
falling out of solution, i.e., a longer relaxation time will increase stability with the NPs held 
in micelles for longer periods. 
During the method development it also became clear that the matrix matching of 
standards and samples was sensitive to the amount of Triton X-100 added. Measuring 
samples that contained Triton X-100 against standards without, resulted in over reading (e.g., 
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Figs. 3.1c and 3.3a). It is therefore prudent to also include Triton X-100 in the standards. The 
storage time of samples was also tested. Triton X-100 containing intestinal tissue digests had 
lower spike recovery after 14 d compared to samples analysed within 2 h (reducing from 70 
% or more to only 45 % by day 14). Acid hydrolysis of Triton X-100 was probably occurring, 
although ftirther investigation is needed to define the precise kinetics of this process. The data 
suggests that it would be prudent to analyse samples within 48 h of adding the Triton X-100. 
The final optimised protocol yielded percentage recoveries 3-10 fold higher than the 
initial recoveries achieved using the established metal analysis protocol; with the highest 
recoveries coming from samples spiked with 100 fig f' Ti02 MPs (Fig. 3.3b). Whole 
zebrafish and rainbow trout gills gave the greatest spike recovery (approximately 70 and 65 
% respectively). There are very few reports of spike recovery data for Ti02 NPs. and our 
method is a major improvement. Scown et al. (2009) reported a Ti02 NP digestion efficiency 
of 28.82 %, and the new method here more than doubles this recovery. However, in that 
study 200 ^lof 10%Triton-X 100 was added to a 10 ml digest solution in order to achieve a 
final concentration of 2 % Triton-X 100 (actually 0.2 %). Sun et al.(2007) reported Ti (fixim 
TiO; NPs) recovery values of 90-105 % in fish tissues, although that study used spiked 
samples that contained unrealistically high Ti concentrations (0.80 g Ti ml"' of final analysis 
solution). This method and data were published in further studies by the same group. (Zhang 
et al., 2007; Sun et al., 2005), but attempts to reproduce the method were not successful, with 
spike recoveries of 5-20 % (data not shown). 
For both ecotoxicology research, and especially invesrigations of food safety when the 
analytical chemist may often only have one suspect food sample to analyse, it is vitally 
important to demonstrate the reproducibility of the analytical method. For ecotoxicology, it is 
also important to determme the responses of groups offish, and to understand the within and 
between fish variability in the analysis. Precision was tested by measuring one sample 
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multiple times, or several samples from the same piece offish tissue. The within sample tests 
used a standard spike concentrations of 100 jig 1"' TiO; NPs and produced coefficients of 
variation (CV) between 7.29 and 12.32 % for rainbow frout muscle, whilst a higher spike 
concentration (1000 ng I"' TiO: NPs) produced lower CV values of 5.45-7.92 % (Table 3.2). 
Between sample variation agam showed a concentration affect in muscle tissue with CV of 
14.88 and 3.93 % for 100 and 1000 ^g l ' TiO; NP spikes respectively. However, no such 
relationship was seen in trout giils exposed to a serial dilution of spikes (100-1000 i^g 1"' TiO: 
NPs) with CV values ranging from 2.65-8.37 % (Table 3.3).With typical variation for routine 
metal analysis being approximately 5-10% in fish tissues (e.g., Kamaruzzaman etal., 2010; 
Voegborlo and Adimado, 2010), and inter-fish variability often being greater (e.g.. Rose et 
al., 1999) this current method is within acceptable limits when compared to other metals. 
That die addition of Triton X-100 to whole fish samples did not interfere with the ICP-OES 
analysis of other analytes (i.e., Ca^^ Cu, K ,^ Mg^*, Na*, and Zn, Table 3.1) is also of interest 
to ecoloxicologists, meaning that a single, multi-element analysis can take place as long as 
the standards are matrix matched to the samples. 
In conclusion, an improved method is established for determining Ti metal from Ti02 
t'JPs in whole zebrafish and rainbow trout tissues with potential uses in ecotoxicology and 
food safety. The new method gives greatly improved spike recoveries compared to existing 
methods, and the analytical precision and accuracy are within the limits normally accepted 
for trace metals in fish tissues. 
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Chapter 4. Toxicity of dietary titanium 
dioxide nanoparticles to rainbow trout, 
{Oncorhynchus mykiss). 
13 
Contribution statement (of workers on this chapter). 
The research carried out in Chapter 4 was conducted by Ben Shaw along with 
Christopher Ramsden and Timothy Smith, who were both studying for Master of Research 
degrees. Ben Shaw adopted botfi an active and a supervisory role throughout the experimental 
and practical work (training and instructing the students as well as taking part in the bench 
work), and was solely responsible for the subsequent data analysis and manuscript writing for 
publication (final edits by the P.I., Prof. Handy, aside). However, the histological analysis as 
presented in the accompany research paper (see Appendix) was not carried out by Ben Shaw 
and is therefore omitted from this thesis. Where referred to in this chapter this woric is 
referenced as the research paper (Ramsden et al., 2009). 
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Abstract 
Mammalian and in vitro studies have raised concerns about the potential toxicity of titanium 
dioxide nanoparticles (TiO: NPs), and a recent study reported gut pathology following the 
incidental ingestion of TiOi NPs during aqueous exposures in trout, but there are almost no 
data on dietary exposure to TiOa NPs in fish. The aim of this experiment was to observe the 
sublethal effects of dietary exposure to TiOi NPs in juvenile rainbow trout (Oncorhynchus 
mykiss). Stock solutions of dispersed Ti02 NPs were prepared by sonication without the use 
of a solvent and applied to a commercial trout diet. Fish were exposed in triplicate to either, 
control (no added TiOi), 10, or 100 mg kg' TiO: NPs (0.125 and 1.252 mmol kg"' 
respectively) diets for 8 weeks followed by a 2 week recovery period where all fish were fed 
the control diet. Ti02 NPs had no impact on growth or nutritional performance and no major 
haematological or blood disturbances were observed in terms of haematocrit values, red and 
white blood cell coionts, whole blood haemoglobin, and plasma Na' and K' concentrations. 
Tissue Ti levels showed significant increases in the spleen and liver in the early stages of the 
exposure, however these changes did not persist. There were generally no effects on tissue 
ion levels (Na' ,K\ Ca'*, orMn), although some small changes in tissue Cuand Zn levels 
were observed, most noticeably in the brain (statistically significant at weeks 4 and 6; 
ANOVA or Kniskal-Watlis. P < 0.05). Exposure to JiOi NPs caused a dose-dependent 
decrease in Na*/K*-ATPase activity in the gills, intestine, and brain (statistically significant 
in the latter; ANOVA or Kruskal-Wallis, P < 0.05). Total glutathione in the gills, intestine, 
liver and brain were not affected by dietary Ti02 NPs, whilst levels of thiobarbimric acid 
reactive substances (TBARS) did not increase in the gill, intestine, or brain but did show a 
small rise (not statistically significant) in the liver. In conclusion, TiO? NPs are not acutely 
toxic to rainbow trout when they are exposed to dietary levels of 10 or 100 mg kg' TiO: NPs 
for 8 weeks, and that the adverse effects via the dietary route are less severe than aqueous 
exposure. 
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4.1 Introduction 
Engineered nanoparticles (NPs) are novel materials with at least one dimension < 100 
nm and there are concerns about the fate and ecotoxicity of these materials in the aquatic 
environment (reviews, Moore, 2006; Handy and Shaw, 2007a; Nowack and Bucheli, 2007; 
Handy et al., 200Sa). Nanomaterials currently in production and use include nano-powders 
(metals, metal oxides, alloys), magnetic nanomaterials, carbon nanotubes, nano-ceramics, 
nano-silica, quantum dots, polymer nano-composites, and nano-films (Boxail et al., 2007). 
The potential benefits of these new materials are vast and include environmental remediation, 
drug delivery, electronics, optics, fuel additives, textiles, and cosmetics {Aitken et al., 2006; 
Boxall et al., 2007; Handy et al., 2008a). However, data are needed for environmental risk 
assessment of these new materials; especially on uptake and biological effects (Owen and 
Handy, 2007; Crane et al., 2008; Handy et al.. 2008a; Handy et al., 2008b). 
TiO: NPs are used tn a range of commercially available products such as cosmetics, 
sunscreen, paint, and building materials {Aitken et al., 2006). The pigment form of ordinary 
TiOz powder is not considered toxic and has historical use as a negative control in dust 
toxicity studies (Wariieit et al., 1997), and as an inert dietary marker for nutrition studies on 
animals including fish (e.g.. Lied et al.. 1982; Weatherup and McCracken, 1998; Mamun et 
al., 2007). However, several studies with fine and ultrafine {< 100 nm) TiOz have 
demonstrated some respiratory toxicity and epithelial inflammation of the lung in rodents 
(e.g., Ferin and Oberdorster, 1985; Ferin etal., 1991; Oberdorsteretal., 1992; Bermudezet 
al., 2004; Warheit et al., 2005; 2006). Ultrafme particles are sometimes more toxic that fine 
particles (e.g. Ferin and Oberddrster. 1985; Ferin etal., 1991), and some researches argue 
this may be a surface area effect (Oberdorsler et al., 1992; 1994). 
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Very few ecotoxicological studies have been carried out using Ti02 NPs, and most of 
these have so far used a waterbome rather than dietary exposure route. Daphnia magna show 
mortality during exposure to TiO: NPs, and the toxicity is dependent on sample preparation 
with filtered particles (single TiO: particles; 30 nm mean diameter) being more toxic (Lovera 
and IClaper, 2006). Zhang et al. (2007) showed that exposure to Ti02 NPs can also influence 
the uptake of other pollutants, with carp experiencing 146 % more Cd uptake in the presence 
of Ti02 NPs compared to fish exposed to an identical concentration of Cd only. Juvenile 
rainbow trout were exposed to O-l.O mg I"' TiO: NPs for up to 14 days with a range of 
resulting toxic effects and organ pathologies including evidence of oxidative stress, 
respiratory toxicity, and erosion of the gut epithelium (Federici et al., 2007). The latter was 
probably caused by stress-induced drinking, and the fish showed a milky coloured mucous 
residue in the gut, presumably ingested Ti02 (see discussion in Federici et al., 2007). These 
observations on the gut raise the possibihty that TiO: NPs might be toxic via the oral 
exposure route. 
To the authors knowledge, there are no reports of dietary Ti02 NP exposure in fish 
and only a few reports on oral toxicity in the mammalian literamre. Wang et al. (2007) 
exposed mice to either nano-sized (25 or 80 nm) or fine (155 nm) TiO: particles by single 
oral gavage, and whilst no acute mortality occurred, there were changes to serum biochemical 
parameters (e.g., alanine amino transferase activity, lactate dehydrogenase activity) and liver 
pathology finflammation, hydropic degeneration and necrosis of hepatocytes) were observed. 
Toxic effects have also been seen in mice orally exposed to nanosized copper and zinc. Chen 
et al. (2006) studied the effects of Cu-NPs (108-1080 mg kg ' . 23.5 nm NPs) in mice after 
single oral gavage and found the particles to be moderately toxic with pathological changes in 
the kidney, spleen and liver. Wang et al. (2006) observed severe symptoms of lethargy, 
117 
vomiting and diarrhea for the first few days, with two mortalities after the first week, in mice 
gastrointestinally exposed to Zn-NfPs (5 g kg ' body weight, 58 nm NPs). Both dead mice had 
severe aggregations of Zn particles in the intestine demonstrating the ability of Zn-NPs to 
easily aggregate within the gut, suggesting these particles could induce far more severe 
intestinal responses than their larger counterparts fWang et al., 2006). Despite the fact that 
these oral studies on rodents have used large doses of NPs, there are some common concerns 
with fish nutritional toxicity. Notably, in these few studies on dietary metal NP expos^l^e in 
rodents and fish, one common featiu~e is toxicity and/or metal accumulation in the internal 
organs which raises the concern that the NPs may cross or compromise the gastrointestinal 
barrier. Consequent effects of the NPs on the nutritional performance of animals are also 
unknown. 
The aim of the current study was to provide some of the first toxicological 
obsCTvations on sublethal dietary exposure to Ti02 NPs in fish, using rainbow trout to enable 
some comparison with previous aqueous exposures with NPs using this species {Federici et 
al., 2007; Smith et al., 2007). The aim was simply to establish whether or not this material 
was toxic via the dietary route compared to an unexposed control, and uses a well established 
experimental design for nutritional studies that are identical to previous work on dietary 
metals (e.g., Cu, Handy et al., 1999; Shaw and Handy, 2006). A body systems approach was 
adopted similar to Federici et al. (2007) with measurements in key areas of physiology such 
as osmoregulation and haematology, as well as documenting biochemical responses and 
nutritional performance. In addition, during previous studies on dietary metals in fish it has 
been noted that toxic effects sometimes occur when switching from contaminated diets back 
to control diets (e.g., dietary Cu, Shaw and Handy, 2006). This experiment therefore also 
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includes a period on control diets at the end of the exposure to look for possible latent post-
exposure effects. 
4.2. Methodology 
4.2.1 Experimental design 
Juvenile rainbow trout (n = 400) were obtained from Exmoor Fisheries, Somerset, 
UK. and held for 10 days in a stock aquaria with flowing, aerated, dechlorinated Plymouth 
tap water (see below). Following this the fish were transferred into a recirculation system 
consisting of nine 1201 experimental fibre glass aquaria (40 fish/tank; identical water 
conditions) and acclimated for 14 days prior to experiments. A daily 10 % water renewal 
from the mtmicipal water supply was employed to aid water quality, and filtration consisted 
of four fine mesh (400 micron) bag filters at the waste outlet and two bio-filters (bio-balls) 
within the sump. The bag filters were cleaned twice daily prior to each feed to minimise the 
amount of organic waste matter (uneaten food, faeces) entering the bio-fihers. Temperature 
was controlled by a thermostatically controlled glycol cooling system. 
Fish were individually weighed (21.63 ±0.15 gmean± S.E.M., n = 360) and 3 tanks 
per treatment were randomly allocated. Fish were exposed in triplicate to one of the 
following treatments for 8 weeks: control diet (no added TiO;NPs). 10 or 100 mg kg"' dry 
weightfeedTiOiNPs (0.125 and 1.252 mmol TiO: NPs kg"' respectively, see below for diet 
formulation). This was followed by a 2 week recovery period where all fish were fed the 
control (no added TiOi NPs) diet. The Ti02 NP concentration in the feed was selected after 
considering TiO; NP toxicity in a previous waterbome exposure experiment (Federici et al., 
2007) and from previous experience of dietary metal toxicity in fish (e.g.. Shaw and Handy, 
119 
2006). Fish were fed twice daily to satiation (10.00 and 16.00 hours) and behaviour 
monitored during each feeding event Care was taken to ensure that all the feed added to the 
tanks was eaten and the self-cleaning design of the aquarium system ensured that faecal waste 
was quickly removed from the tanks. Ti analysis of the tank water before and after feeding 
during the experiment indicate that no TiOj leached from the food during the experiment and 
that background Ti levels in the water were low (< 25 ng l ' ) and leaching experiments with 
food pellets showed no release of Ti after 25 minutes of stirring in water (data not shown). 
Water quality monitoring was carried out as described in Chapter 2. There were no 
differences between tanks within treatments and no treatment differences in water quahty 
throughout (ANOVA, P > 0.05) with levels remaining within the hmits set out in the fish 
husbandry plan for the experiment (Appendix 2). Values were (mean ± S.E.M., n = 68 or 30 
samples) pH, 7.09 ± 0.04; temperature, 15.46 ± 0.07 °C; oxygen samration, 90.6 ± 0.48 %; 
total ammonia, 0.29 ± 0.07 mg 1"', nitrite, 0.35 ± 0.06 mg l ' , nitrate, 1.96 ± 0.18 mg I"'. 
Photoperiod for the experiment was 12 h l i^ t : 12 h dark. The electrolyte composition of the 
dechlorinated tap water used was 0.3, 0.1, and 0.4 mmol 1"' for Na \ K^ and Ca^\ 
respectively. Fish were randomly sampled at the start of the experiment {the initial fish stock) 
and then every two weeks for the duration of the exf)eriment followed by a two week 
recovery period with all fish fed the control diet. Fish were sampled for haematology, plasma 
ions, tissue electrolytes, and biochemistry. In addition nutritional performance and growth 
were monitored and recorded throughout, and proximate composition analysis of whole fish 
(ash, lipid, protein and moisture) carried out at weeks 0 and 8 (6 fish/treatment, n = 5 for 
initial fish). 
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4.2.2 Titanium dioxide nanoparticle stock solution 
The titanium dioxide NPs used here was from the same batch previously characterised 
in Chapter 3. 
4.2.3 Diet formulation 
The control diet was a commercial fish feed; Advanced Fish Feed Trout Excel 18 (2 
mm pellets), with fish progressing onto a mixture of this feed and Trout Excel 30 (3 mm 
pellets) at week 5 as their body size increased. Proximate composition of the diets was {% of 
dry diet from manufacturer's guidelines. Trout Excel 30 diet in brackets): lipid 18 (21); 
protein 50 (46); ash 8 (8); fibre 1(1); phosphorus 1.2 (1.2). In order to obtain experimental 
diets, the NP stock solutions (above) were sonicated for 8 h, and then either I or 10 ml of 
stock solution was added to 49 or 40 ml of ultrapure water (for the 10 and 100 mg kg" 
treatments respectively) to make a 0.2 or 2.0 g 1"' TiOi NP dilution that could be sprayed on 
to the food. These diluted solutions were sonicated for a further 15 minutes just before 
spraying to ensure even delivery of the material through the spray nozzle. One kg of 
commercial feed was place in a commercial food mixer (ICenwood Catering Professional 
food mixer XKM8I0) and gradually sprayed with the appropriate Ti02NP solution. The TiOi 
NP immediately coaled the feed, and was then sealed in by sprayed the food with a 10 % 
bovine gelatine (BDH, Poole, UK) solution. The gelatine coat was allowed to dry. after which 
the feed was transferred into an airtight container for storage. The control diet was formulated 
by precisely the same process, but with the TiO; solution replaced by equal volumes of 
ultrapure water. Titaniimi metal concentrations in the diets were confirmed by ICP-OES 
following nitric acid digestion (as in tissue ion analysis below) and were 5,4 and 53.6 mg kg"' 
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fred weight of Ti metal respectively. Calibrations showed that Ti metal forms 59.9 % of the 
Ti02 (data not shown) and equates to recoveries of 90 and 89 % of nominal TiOz NP 
concentrations in the 10 and 100 mg kg ' TiO; NP diets respectively. 
4.2.4 Growth and nutritional performance 
Growth and nutritional performance were measured as detailed in Chapter 2. Briefly, 
food intake was calculated twice daily for each tank by weighing food containers before and 
after feeding. Individual fish weight was used because the periodic sacrifice offish during the 
experiment prevented nutritional parameters being calculated from cumulative tank biomass. 
Specific growth rate, feed conversion ratio, and feed conversion efficiency were calculated 
from mean gain in body weight for each treatment for (i) the TiO; NP exposure phase (weeks 
0-8), (ii) recovery phase (weeks 8-10), and (iii) for entire experiment (Ti02 NP exposure and 
recovray combined; weeks 0-10). Two fish per tank (6/treatment, n = 5 for initial fish) were 
terminally anaesthetised with MS222 at weeks 0 and 8 and placed into -20 °C for storage 
until proximate composition analysis could be performed for lipid, ash, protein, and moisture. 
4.2.5 Haematology and blood plasma analysis 
Two fish were randomly collected from each tank (six fish/treatment and initial fish) 
at weeks 0,2, 4, 6, 8, and 10 and careftilly anaesthetised with buffered MS222. Whole blood 
was collected via the caudal vein into heparinised (lithium heparin) syringes, and the fish 
weighed and total length recorded. Haematology (haematocrit, haemoglobin concentration, 
and calculated mean erythrocyte cell volume and mean erythrocyte haemoglobin content), 
and plasma ions and osmometry were performed as described in Chapter 2. 
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4.2.6 Tissue ion analysis 
Following blood sampling, fish were terminally anaesthetised with MS222 and 
dissected for tissue ion analysis as described in Chapter 3. Briefly, gill, liver, intestine, 
spleen, skinned muscle from the flank, and whole brain were harvested and processed for ion 
analysis. A working stock of Triton x-100 was prepared in pure water by slowly dissolving 
with stirring and slowly added to each digest sample to achieve a final concentration of 2 % 
Triton X-100 in each tube. Following this the samples were diluted to 5 or 20 ml with ultra 
pure (ion free) water and analysed for Ti, Cu, Zn, Mn, Ca, Na and K by inductively coupled 
plasma optical emission spectrometry (ICP-OES, Varian 725 ES). Analytical grade standards 
and reference materials were used throughout. 
4.2.7 Biochemistry 
Biochemical analyses were performed exactly as described in Chapter 2. Briefly an 
additional two fish were randomly collected from each tank (6 fish/treatment, and initial fish) 
at weeks 0,2,4. 6, 8, and 10 and gills, liver, intestine, and whole brain removed and 
immediately snap frozen in liquid nitrogen and stored at -80 °C until subsequent 
biochemistry (NaVK'-ATPase activity, thiobarbituric acid reactive substances (TBARS), and 
total glutathione (GSI!) content). 
4.2.8 Statistical analysis 
All data were analysed by StatGraphics Plus version 5.1 as described in Chapter 2. 
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43 ResDlts 
4.3.1 Dietary exposure to titanium dioxide nanoparticles 
There was a small background incidence of mortality (2 % in total), typical of 
juvenile trout, and not associated with any one treatment. A total of nine mortahties during 
the experiment: 2, 4 and 3 fish from the control, lOand 100 mg kg"'TiOi treatments 
respectively. Most of these fish were small and were probabiy subordinate fish that died as a 
result of aggression. The remaining fish did not show any visible signs of ill health and 
retained normal swimming behaviour throughout. 
Total Ti concentrations in the tissues of the fish are shown in Fig. 4.1. Elevated levels 
of TiOz (as Ti metal) were observed in fish from both TiO; NP treatments compared to the 
controls (Fig. 4.1). The gill, gut and livers from both TiOi NP treatments showed statistically 
significant increases in Ti compared to control from weeks 4 or 6 of exposure, and Ti levels 
generally remained elevated compared to controls in the post-exposure period especially in 
the fish from the highest Tt02 NP treatment (Fig. 4.1). Notably, liver Ti levels peaked at 
week 4 in the Ti02 NP treatments, and at the highest exposure concentrarion, showed a 
gradual and statistically significant decrease within the treatment over time suggesting some 
partial elimination of Ti from the liver (Fig. 4.1). There was also a time effect in the intestine 
of confrol fish, with Ti decreasing over rime (Fig. 4.1), and reflects a reduction in background 
dietary Ti intake associated with switching from farm food to the experimental feeds at the 
start of the experiment. Apart from some background noise there were no treatment or time 
related changes in Ti levels in the muscle. The brain of expwsed fish showed transient 
increases of Ti in the both TiOz NP treatments at week 4 and 10 compared to controls 
(Kruskal-Wallis, P < 0.05. Fig. 4.1). The spleen showed the highest Ti levels of any tissue, 
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concentrations increasing earlier than in other tissues (week 2 instead of week 4 or 6) in the 
treatments compared to controls (statistically significant. Kmskal-WaUis, P < 0.05). but then 
decreased sharply following this, suggesting the fish were able to regulate excess Ti02 in the 
spleen (Fig. 4.1). 
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Figure 4.1. Titanium metal levels in the gifl (A), intestine (B), liver (C), brain (D), spleen (E) 
and (F) muscle of trout after exposure to 0 (clear bars), 10 (grey bars) or 100 (black bars)mg 
kg"' Ti02 NP for 8 weeks (equivalent to 0, 0.125 and 1.252 mmol Ti02 NPs kg"' 
respectively), followed by a 2 week recovery period (week 10) with all fish fed normal food. 
TTie dashed line indicates the end of exposure and the return of all fish to normal food 
("recovery phase"). Diagonal hatched bars are initial (day 0) fish. Data are mean ± S.E.M., 
nmol Ti g"' dry weight tissue, n = 6 fish. Different letters within a time point indicate 
significant differences between tissues within each tissue (ANOVA or Kruskal-WaQis, P < 
0.05)." Significant time effect compared to initial fish (ANOVA or Kruskal-Wailis, P < 
0.05). * Significant time effect within treatment compared to previous rime point (ANOVA or 
Kruskal-Wallis, P < 0.05). 
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4.3.2 Growth and nutritional performance 
Fish from all treatments gained body weight during the experiment (Fig. 4.2), with no 
statistically significant differences in mean final weights (ANOVA, P > 0.05), or differences 
in specific growth rates (Table 4.1), seen between tanks or treatments throughout. By week 
10 there were slight differences in mean fish weight between treatments, where the treated 
fish weighed slightly more than the control fish, but this was not statistically significant 
(ANOVA, P > 0.05. Fig. 4.2). No differences were seen in time taken to commence, or in 
time spent, feeding (data not shown). There was no food refusal by fish from any treatments 
and no regurgitation of feed occurred, so mean daily ration size and FCR were similar for all 
treatments (Table 4.1). The slightly higher cumulative feed intake (Fig. 4.2) in the highest 
TiOi treatment reflects the elevated mean weight of these fish compared to control at the end 
of the experiment (Table 4.1). Condition factor and hepatosomatic index presented no 
significant differences over time or between treatments (Table 4.1). However, the spleen 
index increased 2 fold in treated fish compared to controls at week 8 (ANOVA, P < 0.05, 
Table 4.1), but recovered by week 10 when all fish were returned to the control diet. Carcass 
proximate composition was unaffected by TiO: exposure, except for a statistically significant 
decrease in lipid in the carcasses offish fed the 100 mg kg ' TiO^ diet at week 8 compared to 
the controls or the 10 mg kg"' TiO; treatment (ANOVA, P < 0.05. Table 4.1). 
4.3.3 Haematology and blood plasma analysis 
Dietary exposure to Ti02 NPs did not cause any major haematological disturbances, 
with values remaining within the normal range for trout (Table 4.2). No statistically 
significant treatment-dependent changes were presented apart firom a transient increase in 
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white blood cells at week 2 in fish exposed to 10 mg kg*' TiOj NPs (ANOVA, P < 0.05). 
Also, haemoglobin, and subsequently MEH, showed transient changes during the experiment, 
with levels in both parameters decreasing in Ti02 NP treated fish compared to controls at 
week 6 (ANOVA, P < 0.05; Table 4.2). Some statistically significant changes in 
haematological parameters were seen in fish after 8-10 weeks compared to initial fish (Table 
4.2), but these were not Ti02 treatment related and were attributed to growth effects over 
time. Analysis of osmotic pressure and plasma glucose showed no treatment or time-
dependent statistically significant differences, apart from a transitory decrease in plasma 
glucose at week 2 in the control and 10 mg kg"' Ti02 NP treatments (ANOVA, P < 0.05, data 
not shown). Values remained between 252-342 mOsm kg' and 2.99-4.88 mmol P' for 
osmotic pressure and plasma glucose respectively. Plasma Na" did not differ significantly 
between treatments, however plasma K' showed small, but statistically significant increases 
at week 8 in the Ti02 treatments compared to controls (Table 4.2). This effect on K^  was no 
longer present by week 10 (Table 4.2). 
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Figure 4.2. Body weight (A) and cumulative food intake (B) in rainbow trout fed 0, 10 or 100 
mg kg"' Ti02 NPs for 8 weeks, followed by a recovery period with all fish fed normal food 
(no TiOi NP) for a further two weeks. In panel (A) data are mean ± S.E.M., o = 18 fish per 
treatment at each lime point. In panel (B) data are means of triplicate tanks for each 
treatment. The dashed line indicates the end of exposure and the return of all fish to normal 
food CYecovery phase"). 
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Table 4.1. Growth and nutritional performance ofrainbow trout exposed to ©(control with no TiO;}, 10 or lOOmgkg"' Ti02 NPs for 8 weeks, 
followed by 2 weeks recovery. 
Parameter 
Final mean weight (g) 
Mean weight gain (%) 
SGR (% da / ' ) 
FCR 
FCE 
Mean ration size (% bw day"') 
Condition &ct(ir(%) 
Hqiatosomatic index (%) 
Spleen index (%) 
Experimental Phase 
Exposure 
Recovery 
Exposure 
Recovery 
Entire experimeni 
Exposure 
Recovery 
Entire experiment 
Exposure 
Recovery 
Entire experimeni 
Exposure 
Recovery 
Entire experimeni 
Exposure 
Recovery 
Entire experiment 
Initial fish 
End of exposure 
Recovery 
Initial fish 
End of exposure 
Recovery 
Initial fish 
End of exposure 
Recovery 
Time (weeks) 
8 
10 
0-8 
8-10 
0-10 
0-8 
8-10 
0-10 
0-8 
8-10 
O-IO 
0-8 
8-10 
0-10 
0-8 
8-10 
0-10 
0 
8 
10 
0 
8 
10 
0 
s 
10 
Treatment 
Control 
77,0 
98.5 
298.88 
28.02 
410.74 
2.43 
1.76 
2.30 
1.07 
1,84 
1.22 
0.97 
0.54 
0.90 
2.60 
3.24 
2.81 
0.94 ± 0.02 
1,16 ±0.02* 
f23±0.03'' 
1.35 ±0.16 
1.61 ±0.14 
1.49 ±0.08 
0.19 ±0.04 
0.08 ±0.01°-" 
0.10±0.01'' 
lOmRkg' TiO: 
82.5 
111.3 
327.50 
33.37 
476.97 
2.55 
2.06 
2.47 
1,05 
1.59 
1.16 
0.97 
0,63 
0.91 
2.68 
3.27 
2.86 
1.16 ±0.02" 
1,24 ±0,02" 
1,49 ±0.14 
1.54 ±0.09 
0.16 ±0.03" 
0.13 ±0.04 
lOOmRkft'TiOi 
87.0 
119.5 
350.71 
30.81 
519.59 
2.64 
1.92 
2.57 
0.93 
1.54 
1.05 
1.10 
0.65 
1.02 
2.46 
2.96 
2.71 
1.18 ±0.02" 
1.23 ±0.02* 
1.41 ±0.06 
1.48 ±0.12 
0.16 ± 0.03'' 
O.IO±0.01" 
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Table 4.1. continued. 
Parameter Experimental Phase Time (weeks) Trealinent 
Control 10mKkg-'Tio7 lOOmskB-'TiO: 
Proximale carcass composition* 
Moisture (%) 
Lipid (%) 
Protein (%) 
Ash (%) 
Endofexposure 
End of exposure 
End of exposure 
End of exposure 
7 l . 4 4 ± I , n 
24.72 ±1.38" 
53,83 ± 1.05 
7.65 ± 0.43" 
70..'i6±0.S6" 
23.61 ±1.30' 
52-59 ±0.69" 
7.0K ± 0.26" 
71-30 ±0.48 
20.42 ±1.23"-* 
54.54 ±0.66 
7.09 ±0.13° 
Data are mean ± S.E.M, Initial mean weight at Time 0 was 2I.6±0.!5 g(o = 360 fish). Different letters within time point indicate significant 
differences between treatments (ANOVA or Kruskai-Waltis, P < 0.05)." Significantly different from initial fish (stock fish at time zero, 
ANOVA or Kruskal-Wallis, P < 0.05). * Values are for fish at the end of the experimental phase (week 8) expressed as a percentage of dry 
matter. Proximate carcass composition of initial fish for moisture, lipid, protein and ash. respectively, were (%, means ± S.E.M. M = 5 fish): 
73.6, 24.96, 55.88. and 9.03. 
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4.3.4 Tissue electrolytes, trace metals and moisture content 
Fish tissues (gill, intestine, liver, spleen, muscle, whole brain) were analysed for 
major tissue electrolytes (Na*^ , K\ Ca ^) and trace elements (Cu, Zn, Mn). There were no 
major electrolyte disturtjances with only some minor temporal changes seen throughout the 
duration of the experiment, which were not TiOi treatment related. There were no time or 
treatment effects on tissue fC or Ca"^ * (data not shown; ANOVA or Kruskal-Wallis, P > 
0.05). Tissue Na' did exhibit some transient, though statistically significant differences, in the 
gill, hver and spleen {ANOVA or Kniskal-Wallis, P < 0.05). However, no clear treatment-
dependent trends were observed with these data remaining within normal levels for rainbow 
trout (e.g., control and highest TiOj diet respectively for gill, liver and spleen, mean ± 
S.E.M., n = 6, in fimol g ' dry weight tissue: 206.4 ± 38.0 to 361.2 ± 117.6; 93.2 ± 4.0 to 
I52.I ±47.8; 66.4 ± 5.9 to 141.1 ± 67.1). Exposure to dietary Ti02 NPs caused some 
statistically significant decreases in Cu levels in the intestine, brain and spleen of both Ti02 
treatments at some time points (Kruskal-Wallis, P < 0.05, Fig. 4.3). Notably. Cu depletion in 
spleen (Fig. 4.3) was coincident with the Ti peak in the tissue (Fig. 4.1). Some ti^atment-
dependent and transient elevations in tissue Zn were noted (Fig. 4.4). Zinc in spleen of the 10 
mg kg ' Ti02 NP treatment at week 4 were elevated to almost 2-fold that of control and the 
highest Ti02 treatment (Kruskal-Wallis, P < 0.05; Fig. 4.4). Also in week 4. the brain tissue 
of fish from both TiOj treatments showed statistically significant increases in Zn compared to 
control (Xruskal-Wallis, P < 0.05, Fig. 4.4). Tissue Mn was unaffected by exposure to 
dietary Ti02 NPs (data not shown), apart fi-om a transient increase in the spleen. Fish from the 
highest TiOi treatment displayed a statistically significant increase in spleen Mn at week 6 
compared to the control fish (Kruskal-Wallis, P = 0.00659. data mean ± S.E.M., « = 6, in 
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Table 4.2. Haematological parameters and plasma ions in rainbow trout fed 0 (control with no TiOz), 10 or 100 mg kg"' TiO: NPs for 8 weeks, 
followed by 2 week recovery. 
Parameter 
Haemoglobin (g dl') 
Haematocrit(%) 
RecJ blood cell count 
(ceils >: 10* mm )^ 
While blood cell count 
(cells xlO-'mm^) 
Mean erythrocyte haemoglobin content 
(MEH.^iggeU'') 
Mean erythrocyte volume 
(MEV.nm^) 
Plasma Na' (mmol 1"') 
Plasma K*(mmoir') 
Time 
(weeks) 
0 
8 
in 
0 
10 
0 
8 
10 
0 
8 
10 
0 
10 
0 
8 
10 
0 
8 
10 
0 
8 
10 
TrealmenI 
Control 
5.68 ± 0,40 
5.54 ± 0.32 
6.27 ±0,33 
30.00 ±2.23 
34.83 ±2,28 
30.25 ±1.59 
0.58 ±0.07 
0.58 ±0.04 
0.45 ± 0.04 
13.26 ±1.93 
29.46 ±1,83" 
14.05 ±1,48 
4.13 ±0.49 
3,90 ±0.25 
5.80 ± 0.48" 
533.88 ±35.38 
608.01 ± 27.00 
694.22 ± 36.40* 
128.17 ±7,98 
166.33 ± 1.69* 
158.33 ±8.81 ' 
3.51 ±0.12 
4.26±0.14''* 
4.26 ±0.33* 
10 mRkR"' TiOj 
5.51*0.80 
5,93 ± 0.54 
33.25 ±4.15 
29.67 ± 2.28 
0.56 ±0.02 
0.43 ± 0.05" 
30.83 ±4,70" 
17.10 ±0-55 
4.44 ± 0.46 
5.66 ±0.54" 
662.97 ± 66.69 
700.34 ± 36,86" 
I65,17±5.29" 
168.67±5.14* 
4.96 ±0.08^-" 
4.76 ±0.20" 
100 mBku'TiO; 
5.40 ±0.5! 
7.16 ±0.36* 
32.67 ± 3.24 
34.58 ±1,59 
0.53 ± 0.08 
0.46 ± 0,03 
26.75±3.91'' 
18.50±3.10 
9.41 ±5.64 
6.38 ±0.32" 
656.11 ±49.96 
769.71 ±34.38" 
158.67 ± 2.64" 
169.33 ± 1.38" 
4.88 ± 0,24''''' 
4-61 ±0,18' 
Data are mean ± S.E.M., n = 6 fish/treatment. Different letters within time point indicate significant differences between treatments (ANOVA or 
Kruskal-Wallis, P < 0.05)." Significantly different from initial fish (.stock fish at time zero, ANOVA. P < 0.05). 
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^moi g"' dry weight tissue: controL 0.016 ± 0.002; 100 mg kg"' TiO; NP treatment, 0.028 ± 
0.010), though this effect did not persist throughout the experiment. Tissue moisture was not 
affected by dietary exposure to either 10 or 100 mg kg"' TiOj NPs (data not shown) apart 
from a transient decrease in spleen moisture content in the highest TiOi treatment at week 2 
compared to control and low TiOo NP treatment (Kruskal-Wallis. P < 0.0001, data mean ± 
S.E.M., rt = 6, as %: control, 71.8 ± 2.9; 10 mg kg ' Ti02 NP, 65.5 ± 5.2; 100 mg kg"' Ti02 
NP, 58.4 ±3.2). 
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Figure 4.3. Copper levels in the gill (A), intestine (B), liver (C), brain (D), spleen (E) and (F) 
muscle of trout after exposure to 0 (clear bars), 10 (grey bars) or 100 (black bars) mg kg'" 
TiOi NP for 8 weeks, followed by a 2 week recovery period (week 10) with all fish fed 
normal food. The dashed line indicates the end of exposure and the return of all fish to 
normal food ("recovery phase"). Diagonal hatched bars are initial (day 0) fish. Data are mean 
± S.E.M., |imol Cu g"' dry weight tissue, n = 6 fish. Different letters within a time point 
indicate significant differences between tissues within each tissue (ANOVA or Kruskal-
WalHs, P < 0.05)." Significant time effect compared to initial fish (ANOVA or Kniskal-
Wallis, P < 0.05). ^ Significant lime effect within treatment compared to previous time point 
(ANOVA or KiuskaI-Wallis. P < 0.05). 
135 
te 
3S 
^ JO 
ID 
5 
a 
(BJbita^kH 
1 
K 1 • • 1 • M... i m m • _LL LIM.L 
n III f i inti) 
e ID 
Tiiiii Tiiiiaii 
^ • 1 Initial Fish 
I i Control Fisti 
^ H iOmgkg^TiOj 
^ H lOOmgkg'TiO^ 
Figure 4.4. Zinc levels in the gill (A), intestine (B), liver (C), brain (D), spleen (E) and (F) 
muscle of trout after exposure to 0 (clear bars), 10 (grey bars) or 100 (black bars) mg kg"' 
TiO: NP for 8 weeks, followed by a 2 week recovery period (week 10) with all fish fed 
normal food. The dashed line indicates the end of exposure and the return of all fish to 
normal food ("recovery phase"). Diagonal hatched bars are initial (day 0) fish. Data are mean 
± S.E.M.. jimol Zn g" dry weight tissue, n = 6 fish. Different letters within a time point 
indicate significant differences between treatments within each tissue (ANOVA or Kruskal-
Wallis, P < 0.05)." Significant rime effect compared to inirial fish (ANOVA or Kruskal-
WalHs, P < 0.05). * Significant time effect within treatment compared to previous time point 
(ANOVA or Kruskal-Walhs, P < 0.05). 
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4.3.5 Na'/K'-ATPase 
Na'K^-ATPase activity in the giJI and intestine were unaffected by Ti02 exposure, but 
the brain showed inhibition of Na^/K*-ATPase at the end of the exposure phase that did not 
recover by the end of the experiment {about a 2 fold decrease in enzyme activity at each time 
point, ANOVA, P < 0.05. Fig. 4.5). There was no apparent dose-effect v i^thin the TiOi 
treatments on the brain Na'/K-ATPase inhibition with the 10 mg kg ' diet causing the same 
level of inhibition as the 100 mg kg' diet. 
4.3.6 TBARS and total glutathione 
Fish exposed to TiOj NPs generally showed a decrease in TBARS compared to 
controls at the end of the experiment (Fig. 4.6). Significant differences were seen in the gills 
and intestine of TiO: NP exposed fish at week 8 with maximum decreases of 49 and 50 % in 
branchial and intestinal TBARS respectively in the 100 mg kg"' TiOs NP treatment compared 
to control. However, TBARS in the liver and brain were unaffected by exposure to TiO; NPs 
(ANOVA, P > 0.05), although the latter was significantly lower than initial fish in all 
treatments, including control fish {ANOVA, P < 0.05). No notable changes in TBARS 
resulted from a recovery period where all fish were fed control diet (Fig. 4.6). However, 
TBARS in the gill of both TiOi NP treamients and in the intestine of the 100 mg TiO^ NP kg" 
' treatment only, remained significantly lower than control. 
Only the gill showed statistically significant changes in total glutathione (GSH). with 
levels in the intestine, liver and brain remaining stable throughout with no treatment-
dependent effects (ANOVA. P > 0.05). Values ranged between 0.49-2.13; 1.68-3.73 and 
0.68-1.92 nmol g"' wet weight tissue for intestine, liver and brain respectively. Following 
137 
exposure to 100 mg kg"' Ti02 NPs for 8 weeks the gills displayed significantly decreased 
levels of GSH compared to all other treatments and initial fish (ANOVA, P < 0-05). 
Glutathione levels in the gills at week 8 were (mean ± S.E.M.. n = 6): 1.28 ± 0.13, 1.46 ± 
0.13,1.24 ± 0.12 and 0.92 ± D.OS (imol g"' wet weight tissue for initial fish, control, 10 and 
100 mg kg ' TiOi NP treatments respectively. This treatment-effect was lost after fish were 
returned to the control diet, and by week 10 no statistical differences were observed between 
treatments (ANOVA, P > 0.05; mean ± S.E.M., n = 6): 1.30 ± 0.12, 1.24 ± 0.16, and 1.20 ± 
0.10 ^molg"' wet weight tissue for control, 10 and 100 mg kg"' Ti02 NP treatments 
respectively. 
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Figure 4.5. Na^/K^-ATPase activity in crude homogenates of the gill (A), intestine (B), and 
brain (C) of rainbow trout fed 0 (clear bars), 10 (grey bars) or 100 (black bars) mg kg"' TiOi 
NPs for 8 weeks, followed by 2 week recovery (week 10). The dashed line indicates the end 
of exposure and the return of all fish to normal food ("recovery phase"). Data are mean ± 
S.E.M.. o = 6 fish. Different letters within a time point indicate significant differences 
between tissues within each tissue {ANOVA or Kxuskal-Wallis, P < 0.05). Significant time 
effect compared to initial fish (ANOVA or Kruskal-Wallis. P < 0.05). Diagonal hatch bar are 
the initial fish at time zero collected immediately prior to starting the experimental diets. 
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Figure 4.6. Thiobarbituric acid reactive substances (TEARS) in the gill (A), intestine (B), 
liver (C) and brain (D) of rainbow trout fed 0, 10 or 100 mg kg"' Ti02 NPs for 8 weeks, 
foliowed by 2 week recovery period (week 10). The dashed line indicates the end of exposure 
and the return of all fish to normal food ("recovery phase"). Data are mean ± S.E.M., « = 6 
fish. Different letters within a time point indicate significant differences between tissues 
within each tissue (ANOVA or Kruskal-Walhs, P < 0.05). * Significant time effect compared 
to initial fish (ANOVA or Kniskal-Wallis, P < 0.05). * Significant time effect within 
treatment compared to previous time point (ANOVA or Kruskal-Wallis, P < 0.05). Diagonal 
hatch bar are the initial fish at time zero collected immediately prior to starting the 
experimental diets. 
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4.4. Discussion 
This study is one of the first reports of dietary exposure to NPs in fish, and shows that 
juvenile rainbow trout will eat diets containing TiOi NPs. and can accumulate the Ti in the 
gut tissue and other internal organs including the gill, liver, brain and spleen (albeit at low 
levels). Despite this Ti accumulation, the fish had relatively normal growth rates, suggesting 
that nutritional performance was not compromised at the dietary Ti02 MP concentrations and 
exposure times used here. However the fish showed a number of transient physiological and 
biochemical disturbances during the exposure, and some organ pathologies (the latter not 
reported here, see Ramsden et al., 2007) which suggest the fish did suffer some sublethal 
effects from dietary Ti02 NP exposure. The intention here, like previous studies on dietary 
metal toxicity (e.g., Cu, Handy et al., 1999; Shaw and Handy. 2006; Hoyle et al., 2007), was 
to simply show whether or not TiOi NPs as a potential dietary contaminant could cause 
sublethal effects compared to a control diet of normal food. This appears to be the case. 
In the current experiment a commercially available NP ("Aeroxide" P25 TiOi NPs) 
was chosen because of the practical value to hazard assessment of using a material that is 
actually in use, rather than some other material piuposefuliy manufactured for experiments. 
The P25 Ti02 materia! has some complex physico-chemistry, and it was not the intention 
here (or in the experimental design) to investigate which aspect of the many physico-
chemical properties of NPs (review. Handy et al., 2008a) is the cause of any adverse effects, 
but just to report what toxic effects are observed compared to an imexposed control. When 
the details of the chemistry are considered, caution is recommended regarding the use of 
commercially available bulk TiOi (ordinary TiO; powder, not nano) for comparisons of 
particle size effects in ecotoxicity tests (see discussion in Federici et al., 2007, and Crane et 
al- 2008 on NP reference materials for ecotoxicology). 
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There are very considerable differences in crystal structure, the proportions of 
different crystal structures, stochiometry, zeta potential, surface area, aggregation idnetics, 
chemical reactivity, the presence of different impurities associated with manufacturing 
processes, and many other physico-chemical properties between the P25 TiOj particles we 
have used and ordinary TiO^ powders {e.g., Yan et al., 2005; Stengl et al.. 2007; Warheit et 
al., 2007a; Behnajady et al., 2008; Uzunova-Bujnova et al., 2008); particle size is only one of 
many parameters that are different and there is therefore no logic for using commercially 
available bulk Ti02 powders as a "particle size control" in the current Ti02 NP experiment. 
Of course, one solution for a particle size control is to deliberately engineer a TiO; bulk 
powder where all of these physico-chemical properties are exactly identical to a nano version 
of the same powder, except for those associated with particle size. Such a material does not 
exist, and such an experiment would not be as relevant to the environment aS using a real 
nanomaterial that is being used in many products. In any event, there remains an unresolved 
argument as to whether particle size, surface area or something else should be used as a 
metric for toxicity studies (e.g., Wittmaack, 2006). Particle size has been reported to have no 
effect on the toxicity of some TiOj NPs in rodents (Warheit et al., 2006), but instead, even 
small changes in crystal structure within the nano-size can produce dramatic differences in 
the reactivity of Ti02 (Behnajady et al., 2008). It is therefore far from certain which physico-
chemical parameters will be critical in aquatic toxicology, and the experimental approach 
here uses a classic nutritional toxicology study design. It is therefore possible to at least 
bench mark this work against identical study designs conducted with other dietary metals 
using similar sizes and species of sahnonid fish (e.g.. Handy et al., 1999; Bemtssen et al., 
2003; Campbell et al., 2005). 
There is also a special ethical consideration for dietary TiO; experiments, which is 
different from aqueous studies. Ordinary TiOi powders have been used for many years as an 
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inert marker in fish nutrition smdles (e.g.. Lied et al., 1992, Weatherup and McCracken, 
1998, Mamun et al.. 2007), and such studies show the material to be safe to use (not toxic). 
The typical TiOj inclusion in fish diets is around 1 % of dry matter (i.e., lOgkg'' food), 
orders of magnitude higher than the TiO? NP inclusion in the current experiment. It could be 
argued that it is ethically unsound to repeat experiments with bulk Ti02 powders (and 
therefore use more fish), when the safety of the bulk material is already established in fish 
nutrition. The present experiments were subject to rigorous ethical scrutiny, and for the above 
ethical reasons, and the many differences in chemistry, a separate bulk Ti02 experiment as a 
very questionable "control experiment" for the oral route was considered unethical. It can 
also be argued that this is not necessary as ordinary fish foods inevitably contain some TiO: 
as background in the ingredients used for making fish diets, and would therefore already be 
accounted for in the unexposed controls, and the tissue levels of Ti reported in these control 
animals (e.g.. Fig. 4.1). 
4.4.1 Dietary Ti02 NP exposure and titanium accumulation in the tissues 
TTie exposure can be regarded as sublethal, and the background 2 % mortality (9 out 
of 400 fish died, no treatment-effect) was typical of the spontaneous losses of juvenile trout 
held in recirculating aquaria for nutrition trials (e.g.. Handy et al., 1999). The dietary 
exposure was verified by the measured Ti in the feed, the fact that fish ate the food (Table 
4.1), and that measurable increases in Ti metal were found in the tissues of the fish (Fig. 4.1) 
in the absence of any changes in background Ti levels in the water. In addition, the fish 
showed no signs of the gill pathology (see Ramsden et al., 2009) that has been associated 
with waterbome exposure to TiO: NPs (Federici et al., 2007), and this further supports the 
notion of an exclusive dietary exposure. 
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There are almost no reports of background Ti levels in juvenile rainbow trout. In this 
study values were around a few nmolg"' dw, depending on the tissue examined (Fig. 4.1), 
and are broadly within the wide range reported for fish and shellfish (nmol - jimol g ' levels, 
Bustamante and Miramand, 2005; about 0.2 nmol g"' in Atlantic salmon, Salmo salar, Dube 
et al-, 2005). However, the values (Fig. 4,1) are at least 10 fold lower than those previously 
reported for trout (Federici et al., 2007), and are attributed to the differences in the supply of 
stock trout. In the latter study, the fish were obtained fit)m a fish farm where the natural Ti 
levels in the environment and the background levels of Ti in the commercial food at the farm 
were higher than those used here. Nonetheless, in this study the trout showed measurable Ti 
accumulation in several tissues including the gill, gut. liver, brain and spleen during dietary 
TiOj exposure (Fig. 4.1). The levels of accumulation remained in thenmo! g"' range, despite 
the large mg levels in the food, suggesting that only a small fraction of the dietary dose was 
absorbed. This is consistent with other sublethal dietary metal toxicity studies where only a 
few % of the metal dose is absorbed (reviews, Clearwater et al., 2002; Handy et al., 2005). 
For Ti, this is perhaps no surprise given the absence of measurable Ti02 NP accumulation 
over 14 days in our previous (shorter) aqueous study (Federici et al., 2007), and the use of 
bulk TiOi powder (> 100 nm particle size) as an inert digestibility marker in fish nutrition 
studies (e.g.. Lied et al., 1992, Weatherup and McCracken, 1998, Mamun et al., 2007), where 
only about 1 % or much less of the ingested dose is accumulated (Vandenberg and De La 
NoOe, 2001; Richter et al.. 2003). The behaviour of the NPs during the preparation of the diet 
might also suggest low bioavailability. The NP solutions used to spray onto the food were 
initially dispersed (as reported in Federici et al., 2007), but the material (not surprisingly) 
quickly aggregated onto the surface of the food matrix. Once in the gut lumen, the colloid 
behaviour of NPs (Handy et al.. 2008a) suggests the high fibre/organic content and ionic 
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strength of partly digested food would also promote NP aggregation, and therefore probably 
also reduce the uptake of the ingested TiOj NPs. 
The pattem of metal accumulation in fish tissues is usually characteristic of the route 
of exposure, and dietary metals usually accumulate in the gut mucosa (i.e., the route of entry), 
and are then carried via the hepatic portal vein to the liver, and then perhaps to other internal 
organs (review. Handy et al., 2005; e.g.. dietary Cu, Shaw and Handy. 2006; Hoyle et al., 
2007). Dietary Ti02 NP exposure also seems to fit this general pattem for dietary exposure. 
Ti did not clear quickly from all of the tissues after exposure (Fig. 4.1), with the brain, 
liver, intestine and gill also showing elevated Ti concentrations in treated animals compared 
to controls at the end of the experiment. This is similar to the findings in mice which do not 
clear Ti fi-om the tissues 2 weeks after a single oral exposure to Ti02 NPs (Wang et al., 
2007). Hepatic Ti levels peaked in the tissues of exposed fish at week 4 (after the spleen), and 
then started to decrease back towards control levels in both TiOi NP treatments (Fig. 4.1), 
suggesting the liver was able to excrete some of the Ti. The liver also seems to be an 
important target organ for TiO: NPs in rodents. Fabian et al , (2008) showed that the livers of 
rats after intravenous administration of TiO; NPs accumulated the highest proportion of Ti, 
followed by spleen, lung, and kidney. 
3.4.2 Growth and nutritional performance 
The fish from all treatments showed steady weight gain and cumulative food intake, 
with no adverse effects of either TiOi NP inclusion (Fig. 4.2). Fish fed the 100 mg kg"' Ti02 
diet showed a marginally higher final weight than the controls after 8 weeks (not statistically 
significant) because the fish ate slightly more food, and this trend became more apparent in 
the post-exposure period (but not statistically significant. Fig. 4.2). There were no treatments 
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effects on mean ration size, SGR, FCR or FCE throughout the experiment (Table 4.1) and 
these values were comparable to previous reports on trout in dietary metal studies in juvenile 
trout from our laboratoiy (e.g.. Handy et al., 1999). Indicators of nutrition health such as 
condition factor and HSI also did not show any treatment-dependent effects (Table 4.1). 
Taken together these observations indicate that dietary TiOi NPs do not adversely affect 
growth or nutritional perfonnance in rainbow trout at the inclusion levels and exposure times 
used here. However there was a statistically significant loss of lipid from the carcass of 100 
mg kg"' Ti02 NP exposed fish compared to controls (Table 4.1), suggesting that the exposed-
fish may have utilised more lipid than controls (e.g., as part of a metabolic strategy to 
maintain growth. Handy et al., 1999), or as a result of some lipid peroxidation (see below). 
However, ttie latter seems unlikely since the bulk of the carcass analysis will reflect the 
skeletal muscle which did uot accumulate Ti (Fig. 4.1). 
4.4.3 Haematology and ionoregulation 
Dietary Ti02 NP exposure had no effect on haematology, or plasma ions apart from a 
small but statistically significant rise in plasma K* in both TiO: treatments compared to 
controls at 8 weeks (Table 4.2). Haematological parametei^ remained within the expected 
range for trout, and showed expected small time-dependent change in some parameters 
associated with normal growth (Table 4.2). The haematology data (Table 4.2) were broadly 
simitar to previous reports using rainbow trout (e.g., haemoglobin. 4-7 gdl"'; haematocrit, 21-
29 %; red cell counts, 0.4-0.7 X 10^  ceils mm^ white cell counts, 6-15 x 10^  cells mm^; 
Federici et al., 2007). Bulk tissue electrolytes {Na\ K^ Ca^*) and tissue moisture content also 
did not exhibit any treatment-related effects. The normal plasma ions, plasma osmolarity, and 
major electrolytes in the tissues, was supported by a lack of Na*/K^-ATPase inhibition in the 
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gill and intestine (Fig. 4.5); which suggests these tissues retained their abihty for active ion 
uptake from the water and food respectively. Taken together these findings indicate that Ti02 
NPs are not potent ionoregulalory toxicants via the dietary route, and this is consistent with 
the findings for waterbome exposure to the same NPs (Federici et al., 2007). 
4.4.4 Effects on the brain 
In this study, Ti accumulated in the brain of trout (Fig. 4.1), and this has also been 
reported in the brain of mice following gut gavage (Wang et al.. 2007). We noted some 
incidence of necrotic cell bodies in the brains of exposed fish with vacuolalion, and Wang et 
al. (2007) also found vacuolation in the hippocampus of mouse brains. Notably in this study 
(Fig. 4.1), and in Wang et al. (2007), the Ti accumulation in the brain persisted 2 weeks after 
the exposure, suggesting that the brain does not clear Ti or does so very slowly. In terms of 
brain as a target organ, Ti is similar to dietary Hg exposure in fish where the brain tissue also 
accumulates metal during exposure (Bemtssen et al.. 2003). 
Brain tissue showed transient, but statistically significant depletions of Cu at week 6 
in fish fi-om both treatments compared to controls (Fig. 4.3). Federici et al. (2007) also noted 
transient depletion of tissue Cu during TiO^ NP exposure, especially in the brain. The cause 
of the Cu depletion remains uncertain, but effects of Ti02 NPs on Cu transporters in the brain 
cannot be excluded (e.g., inhibition of Cu-ATPases) given that the closely related Na^ /K"*-
ATPase is also inhibited (Fig. 4.5). Notably, the Na^/K^-ATPase activity in the brain showed 
large decreases (around 50 % inhibition. Fig. 4.5), and this effect was much greater than that 
observed with aqueous exposures to NPs in trout (TiOi, Federici et al., 2007; carbon 
nanotubes. Smith et al., 2007). 
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Zinc levels in the brain also showed some small, but statistically significant, transient 
increases (Fig. 4.4). This was also noted in the brain after 14 days of waterbome exposure to 
TiOi NPs (Federici et al., 2007). Elevations of brain zinc levels are implicated in many 
processes in the brain including neuro-endocrine functions (e.g., Su et al., 1997), long term 
potentiation and memory formation (Takeda et al., 2008). and the regulation of proteins 
involved in controlling neuroactivity in the CNS (e.g., c-Fos, Matsuoka et ai., 1998). These 
complex neurological processes were not measured during this experiment, but it is clear that 
Ti exposure may cause some neurological disturbances via interference with Zn homeostasis. 
The mechanism of this Ti effect on tissue Zn (and Cu) remains unclear, but the fact that two 
different routes of exposure (via the water or the food) can produce similar trace element 
disturbances in the brain requires further investigation. 
It remains unclear whether these changes in brain chemistry caused changes in 
behaviour in the present experiment. In this study TiOi did not interfere with feeding 
behaviour, but feeding motivation is a strong driver, and metal-contaminated fish are known 
to fight for possession of food (Campbell et al , 2005) even when neuro-endocrme fimctions 
of the brain may be disrupted (Handy, 2003). Disturbances to Cu homeostasis in trout 
(Handy, 2003; Campbell et al., 2005). and brain lesions leading to decreased brain Na /^K'^ -
ATPase activity (e.g., in rodents, Lima et al., 2008) are implicated in alteration of more 
complex behaviours. We also observed large reductions in Na^/K*-ATPase in trout brain 
homogenales during TiOj NP exposure (Fig. 4.5). Lima et ai. (2008) demonstrated that loss 
of Na*/K -ATPase activity in the cortex of the rat brain was associated with poor 
performance in the Barnes maze test, and a consequent delay in escape from the maze. 
Unfortimatety. such complex behaviours such as social hierarchy formation and schooling 
behaviours of the trout were not measured here. 
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4.4.5 Functions of the spleen 
The spleen showed a rapid rise m Ti in week 2, prior to Ti increasing in the other 
internal organs {Fig. 4.1), and spleens from exposed animals also increased in size during the 
exposure (Table 4.1) with some pathology at the end of the experiment (Fig. 4.8). One of the 
main functions of the spleen is to filter damaged cells and foreign material from the blood, 
and given the apparently normal haematology (Table 4.2), this seems to have been successfial. 
The spleens offish from the 100 mg kg ' TiOj NP treated showed a statistically significant 
increase in red pulp by the end of the exposure period (week 8) consistent with the role of the 
spleen in filtering damaged red blood cells, and the presence of granular deposits associated 
with the activity of fixed macrophages in the spleen from all treatments suggested normal 
phagocytic functions. In the recovery phase (by week 10), there was a statistically significant 
reduction in the red pulp and concomitant increase in the white pulp in spleens for the highest 
Ti02 diet indicating that the spleen had recovered from this activity and returned to the 
control proportions of red and white pulp (see Ramsden ct al., 2007). The absence of changes 
in the red and white pulp proportions at the lower 10 mg kg'' TiOi NP treatment, suggested 
that the spleen was working harder than normal to filter the blood at the 100 mg kg"' TiOs NP 
concentration. These observations taken together indicate an important protective role of the 
spleen during Ti exposure. The spleen normally responds to damage to the blood cells and so 
it is assumed that it is the blood cells triggering this response. TTie fixed macrophage activity, 
while present in all treatments, was not higher in the NP treated animals (Ramsden et al., 
2007), suggesting that particulate matter was not being phagocytised in the spleen, or at least 
not visibly at the level of the light microscope. Wang et al. (2007) also noted increased Ti 
levels in the spleen of mice following a single dose (gut gavage 5 g kg" of either 25 or 80 nm 
diameter TiO^ NPs), but did report spleen function. Detailed studies of splenic morphology in 
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fish are rare (e.g.. Sticklebacks. Handy et al., 2002a), but changes in the proportions of red 
and white pulp and the presence of foci of necrosis associated with the management of 
damaged red cells are typical during oral exposures to chemicals in rodents (e.g.. pesticides. 
Handy el al., 2002b), and overall very similar responses are observed here for TiO: MP 
exposure (Ramsden et al., 2007). 
In this study, Ti levels in the spleens of treated animals relumed to control levels by 
week 4, and this was coincident with Ti elevations in some of the other internal organs (Fig, 
4.1), suggesting redistribution of Ti away from the spleen to other tissues such as the liver 
and giU. This also implies the spleen has a finite ability to protect the internal organs from Ti 
in the circulation. The changes in Ti levels in the spleen also imply that the Ti02 NPs or Ti 
metal entering the blood within the first 2 weeks of exposure becomes associated with (on or 
within) the blood cells, and is therefore trapped in the spleen. The precise aetiology of events 
in the spleen requires a more detailed investigation of the haemopoietic system, but the 
redistribution of measured Ti away from the spleen by week 4 suggests that either the spleen 
was working at capacity and no longer able to protect the other intemal organs from exposure 
due to pathology (not a likely explanation as the spleen seemed to be working within its 
normal capacity. Fig. 4.8), or that the Ti was in a form that the spleen could not trap (e.g., not 
in blood cells or large aggregates that could be phagocytised by fixed macrophages in the 
spleen, but in solution). The experimental design was not aimed at testing particle size effects 
on splenic function, and the ability offish spleen to filter any kinds of manufactured 
particulate matter (nano or otherwise) remains undocumented. Methods for counting 
particulate matter in the spleen need to be developed, but would be very problematic for NPs, 
because of the background particulate matter generated during normal macrophage activity in 
the spleen. 
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There were also some transient changes in Cu and Zn in the spleen (Figs. 4.3 and 4.4). 
The spleen showed a statistically significant depletion of Cu at week 2 in fish ft'om both 
treatments compared to controls (Fig. 4.3). Copper depletion has long been implicated in 
altered cell surface markers on splenocytes and therefore modulation of spleen functions 
(Flynn, 1984). Zinc levels in the spleen also showed some small, but statistically significant, 
transient increases (Fig. 4.4). and a role for Zn in immunity is also well known (Rink and 
Gabriel, 2000). Fish do not have distinct lymph nodes (unlike mammals) and the spleen is 
therefore considered a more important organ in the haemopoietic system offish. The effect of 
NPs on the function of the spleen and immunity in fish clearly requires fiirther investigation. 
4.4.6 Oxidative stress and histology 
Several in vitro studies have demonstrated the potential for Ti02 NPs to generate 
reactive oxygen species (ROS) or other products associated with oxidative stress in fish cell 
lines (Reeves el al., 2008; Vevers et al., 2008). Oxidative stress is also reported in vivo in 
trout during waterbome exposures to TiOi where the gills, intestine and brain showed 
increases in thiobarbituric acid reactive substances (Federici el al., 2007). However, TEARS 
did not increase during dietary TiO; NPs exposure, but instead showed some small (bui 
statistically significant) decreases in the gill and intestine (Fig. 4.6). This phenomenon has 
also been observed during waterbome SWCNT exposure in trout, and in the absence of 
changes in the total glutathione pool, suggested that the fish were probably up regulating 
other anti-oxidant defences to cause a fall in background level of TEARS (Smith et al., 
2007). 
Histological observations in the liver (Ramsden et al., 2009) also support the notion 
that the changes in TEARS and glutathione in the current study were subtle background 
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effects that were not likely to compromise organ fiinction. Biologically important levels of 
lipid peroxidation are often associated with vacuolation and extensive lipidosis in the tissues 
(Handy, 2003; Shaw and Handy, 2006; Hoyle et al., 2007). 
4.4.7 Hazard assessment implications 
This study demonstrates that fish can accimiulate Ti from a dietary TiOi NP exposure, 
and that a number of subtle physiological and biochemical disturbances, including organ 
pathologies can occur. This information is collected against an historic use of ordinary Ti02 
powder (bulk Ti02) in many fish nutrition studies and animal feeds over many years where 
no such toxic effects have been observed, partly because the fish do not absorb the bulk Ti02 
powder from the gut lumen (e.g., digestibility studies, Vandenberg and De La Noue. 2001; 
Richter et al., 2003). This at least suggests some circumstantial evidence that there may be a 
different hazard from the commercially available nano TiOj product used in this study and 
ordinary TiO: powders that have been used in nutritional research and foods. 
Perhaps a more important question for risk assessors examining exposure via the food 
chain in ecosystems, is whether or not the hazard presented by TiO? NPs is more or less than 
existing dietary metal toxicants of considerable concern such as Cd, Hg, Zn or Cu (review. 
Handy et al., 2005). If this experiment is compared against dietary metal concentrations in 
other studies on salmonids where growth rate was maintained, but subtle biochemical 
disturfiances and pathologies were observed over 8 weeks or more (e.g., Cu, 500 mg kg"'. 
Handy etal., 1999; Zn, 590-1520mg kg' , Clearwater etal., 2002; Cd, 250mgkg"', 
Lundebye et al.. 1999: Inorganic Hg, iOO mg kg"'. Bemtssen et al., 2003); then TiO: NPs 
might be considered more toxic than dietary Cu and Zn, and at least as toxic as Hg and Cd. 
The human health hazard from eatmg contaminated fish is also a concern, and the risk fix>m 
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accidental ingestion of TiO; NP contaminated trout may be limited, because the Ti does not 
appear to accumulate in the edible muscle at the concentrations and time scales used here. 
4.4.8 Addendum 
The research presented in the current chapter was conducted in 2008. and the 
subsequent paper published in 2009 (two years prior to the submission of the thesis). Notably, 
this chapter and the associated research paper are almost identical (hislolog>' and minor edits 
aside). As such, it is prudent to revisit the literamre since this publication in order to assess 
the current state of knowledge regarding the toxicity of Ti02 NPs to fish. 
Zebrafish chronically (6 months) exposed to relatively low levels of Ti02 NPs (1-7 
mg r ), showed that Ti was accumulated and distributed in the gills, liver, heart and brain (ng 
g"' levels), with some histological effects in the gills (Chen etal., 2011a). However, similarly 
to the study by Federici et al. (2007), Johnston et at. (2010) also observed a lack of uptake of 
Ti02 NPs in rainbow trout following waterbome exposure (500 or 5000 |ig 1"' for 14 days), 
and only a small elevation in gut Ti following dietar>' exposure (30 or 300 g kg"' for 21 days; 
no increased Ti burden in the gill, liver, brain, skin, or blood of exposed fish). The amount of 
Ti found in the gut of dietary exposed trout after 21 days represented approximately 0.83 % 
of the total concentration of Ti metal in the feed, which is very similar to that seen in the 
study here where the Ti concentration in the gut after 14 days dietary exposure represented 
approximately 0.92 % of the total Ti metal concentration in the feed (assuming that Ti metal 
constitutes approximately 60 % of TiOi). However, there is no definitive evidence as to 
whether this is from uptake of TiOi NPs, uptake of Ti released from the NPs, or siu'face 
bound metal or NPs (although attempts were made to rinse the guts in the current study to 
remove any surface bound NPs). The spleen experienced a transient increase in Ti levels and 
153 
some deleterious effects in the current study, though to date these have not been replicated in 
studies within the literature, though it is quite possible that no attempts have been made to do 
so. Likewise the increase in Ti concentration in the liver and brain of dietary exposed fish 
seen currently has not been observed in other studies (e.g., Scown et al., 2009; Johnston et al., 
2010), though the data p)ool is currently relatively small. In the injection study by Scown et 
al. (2009), the kidney was the main storage compartment for Ti, however this may not be 
ecologically relevant due to the lack of evidence of significant TiOi NP uptake fi-om the 
water and diet meaning that it is unlikely that Ti02 NPs or Ti metal will be transported to the 
kidney following environmental exposure. Also, although there were some differences in Ti 
levels between treatments in the current study, il is notable that the levels are still very low 
(nmol g"' levels). At these low levels the analytical instrumentation (i.e., ICP) is close to 
running at the detection limit and caution may be required in interpretation in such instances. 
In the waterbome TiO; NP study by Federici et al. (2007) and the present dietary TiOz 
NP exposure there was some evidence of oxidative stress. Hao el al. (2009) observed 
statistically significant decre^es in superoxide dismutase, catalase, and peroxidase activities 
and a significant increase in lipid peroxidation levels in the liver, gill and brain of juvenile 
carp {Cyprimis carpio) following exposure to 100 or 200 mg l ' TiOi NPs. The liver was the 
organ most affected; however, attributing a positive correlation between the effects seen and 
die NPs is difficult as tissue Ti levels were either not assessed or not described. Scown ei al. 
(2009) intravenously injected rainbow trout with 100 ^g TiOa and found Ti concentrated in 
the kidney for up to 21 days, but observed no deleterious effects to kidney fimction and no 
evidence of lipid peroxidation (TBARS) in kidney, liver or blood plasma. No evidence of 
oxidative stress was observed in zebrafish larvae exposed to Ti02 NPs (Chen et al., 201 lb). 
Some in vitro studies have shown oxidative stress to be one mechanism of toxicity following 
exposure to TiOz NPs (e.g.. Reeves et al., 2008), however, Thomas et al. (2011) saw no 
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increase in reactive oxygen species in rainbow trout hepalocytes exposed to two different 
sizes of TiOi NPs. Significant changes in innate immune fiinction at the levels of gene 
expression and cellular fiinction have also been seen following zebrafish exposure to 
watcrbome TiO? NPs. Palaniappan and Pramod. (2010) exposed zebrafish to nanosized and 
bulk TiOi and saw that the structural conformation of proteins in gill tissue was significantly 
influenced by NP exposure when compared to the bulk form. 
Further empirical evidence is clearly required before a more definitive judgement can 
be made as to the level of bioavailability and toxic effect of TiO: NPs in fish, particularly in 
view of some of the irregularities between different studies in the literature where fish were 
exposed to Ti02 NPs via the water or diet. For example, fathead minnow {Pimephales 
promehs), had a 48 h LC50 value of > 500 mg I"' (Hall et al., 2009), whilst rainbow trout 
displayed a 96 h LC50 of > 100 mg f' (Warheit et al.. 2007b). Zhu et al. (2008) observed no 
toxic effects to zebrafish (Danio rerio) embryos and larvae exposed to 1-500 mg P' TiOi 
NPs, whilst Paterson et al. (2011) observed some effects to the development of TiOjNP (0-
14 mg r ') exposed Japanese medaka {Oryzias latipes), particularly post-hatching. Chen et al. 
(2001b) saw no effects to hatchability, survival, and no signs of malformation of zebrafish 
embryos and larvae exposed to 0.1-10 mg 1"' TiOi NPs, whilst effects to reproductive success 
were seen in zebrafish chronically exposed to TiO; NPs (Wang et al., 2011). Contrary to trout 
exposed to dietary TiO? NPs here, fathead minnow exposed to waterbome TiO; NPs (542 mg 
r ' for 7 days) in the study by Hall et al. (2009) experienced a 25 % inhibhion of growth. 
Inhibition of growth fi'om a waterbome TiOi NP exposure route was also seen in zebrafish 
exposed to 1-7 mg I"' for 6 months (Chen et al.. 201 la). Some dietary studies have shown no 
uptake of TiO: NPs (e.g., Johnston et al., 2010). whilst others have shown that there was 
uptake (e.g., Zhu et al., 2010), although the mode of exposure may have some bearing upon 
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this (NP incorporation into pelleted, manmade feed in the former compared to NPs 
biologically incorporated into prey items in the latter). 
It is clear that two years following the study contained within this chapter, that there is 
still no general consensus on the nanoloxicity of TiOj and it remains prudent to conduct more 
research, but perhaps with a more collaborative effort to coordinate and standardise toxicity 
tests (experimental design etc) to allow a rational comparison. 
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Chapter 5. The toxicological effects of 
waterbome copper nanoparticles versus 
copper sulphate on rainbow trout, 
(Oncorhynchus my kiss). 
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Abstract 
EmergiDg data suggests that some types of nanoparticies (NPs) are toxic to fish, and given the 
well known toxicity of dissolved metals, there are also concerns about metal-NPs. One 
central question for risk assessment is whether or not nanometals represent a greater hazard 
than traditional dissolved forms of metals. In this study, fish (mean ± S.E.M., n = 210; 37.4 ± 
1.9 g) were exposed in triplicate to either control, 20 or 100 fig l ' of either soluble Cu (as 
CUSO4.5H2O) or Cu-NPs (99.9+ % purity; 87 ± 27 nm mean particle size) in a semi-static 
aqueous exposure regime. Fish were sampled at days 0, 4, and 10 for tissue trace elements, 
haematology, and biochemistry. By day 4. fish from the 100 ng P' CUSO4 treatment 
experienced 85 % mortality (treatment subsequently terminated) compared to 14 % in the 100 
fxg r ' Cu-NP exposed fish. Mortality at day 10 was 4, 17, 10. and 19% in the control, low 
CUSO4, and low and high Cu-NP treatments respecfively. Copper accumulation was seen in 
the gills of fish from both Cu treatments, and was statistically significant in both CUSO4 
treatments at day 4 and ail Cu treatments at day 10 compared to controls. No statistically 
significant Cu uptake was seen in the spleen, hrain or muscle offish from any treatment, 
although an elevation in intestinal Cu was seen in the high Cu-NP treatment throughout. 
Although there were some statistically significant effects observed in some blood parameters 
(i.e., haemoglobin, haematocrit. and red blood cells), there were no obvious treatment-related 
trends and Cu-NPs were not haemolytic. However, a parallel decreases in Na*/K*-ATPase 
activity (almost 6-fold in all Cu treatments compared to controls) and plasma and carcass ions 
suggests that Cu-NPs are an ionoregulatory toxicant to rainbow trout. Significant decreases in 
Na*/K'-ATPase activity were also seen in the brains of all Cu exposed fish compared to 
controls and in the intestine offish exposed to high Cu-NPs, along with changes to levels of 
thiobarbituric acid reactive substances (TBARS, as an indicator of lipid peroxidation), also 
observed in the gills. The brain and intestine as target organs of waterbome NP exposure has 
been noted previously and requires fiirther study, in conclusion, Cu-NPs were not as acutely 
toxic as CUSO4, but did present a sublethal risk to rainbow trout that was similar to the metal 
salt. 
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5.1. Introduction 
The effects of dissolved trace metals (i.e., metal ions in aqueous solution) on fish have 
been extensively studied (e.g., Cu: Bury and Handy. 2010; Zn: Hogstrand and Wood, 1996: 
Cd: Sprague, 1987). This has led to a consensus view that aqueous metal toxicity and/or 
bioavailability is often a ftinction of the free metal ion concentration, or the complexes that 
the metal ion will form in aqueous solution (Paquin et al., 2002). However, recent advances 
in materials science have produced nanoparticulate forms of metals or metal oxides, 
including Cu nanoparticles (Cu-NPs). The ecotoxicology and chemistry of nanomateriais has 
recently been reviewed (Ju-Nam and Lead. 2008; Handy et al., 2008a; Klaine et al., 2008; 
Kahru and Dubourguier, 2010; Shaw and Handy. 2011). Nanoparticles form dispersions or 
emulsions, rather than aqueous solutions in water (Handy et al., 2008a) and there are 
concerns that the toxicity of metal NPs may be different to the traditional dissolved forms of 
the same metal. Or alternatively, that metal NPs may gradually dissolve to release metal ions 
by dissolution from the surface of the particle, causing latent free ion toxicity. However, httle 
is imown about the bioavailabihty of metal NPs and their subsequent accumulation and body 
systems effects compared to the traditional dissolved form (review. Handy et al., 2008b). 
Following waterbome exposure, the fraditional form of dissolved copper from metal 
sahs tends to accumulate in the gills first, reflecting the route of exposure, and then the 
internal organs (e.g.. Stagg and Shuttleworth, 1982; Grosell et al., 1997; McGeer et al., 
2000). The mechanisms of acute toxicity in the gill are well established and can be explained 
by the direct effect of Cu on the structural integrity of the gill epithelium and loss of 
branchial ionoregulatory functions (Taylor etal., 1996; Campbell et al., 1999; Wood, 2001; 
Grosell et al., 2002; Handy, 2003) which is largely a function of the amount of free Cu ions 
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in the water (review; Meyer et al., 2007). Consequently, there is a direct correlation between 
Cu toxicity and abiotic factors such as increased water hardness and reduced pH which can 
provide other ions (Ca^*, H*) to compete with dissolved Cu (Di Toro et al., 2001; Handy and 
Eddy, 2004). The presence of other ligands in the water which can also complex Cu ions 
(e.g., natural organic matter, Hollis et al., 1997; Schwartz et al., 2004). 
Research on dissolved Cu toxicity has therefore focused on metal speciation in the 
water, and the details of effects on gill functions including inhibition of branchial Na^/K^-
ATPase (e.g., Li et al., 1998), as well as respiratory acid-base disturbances (e.g., Wilson and 
Taylor, 1993; Taylor etal., 1996). In acute Cu toxicity, the loss of branchial ionoregulatory 
control, efflux of electrolytes from the blood over the gill epithelium, and subsequent 
cardiovascular collapse leads to death (review; Handy, 2003). Sublethal concentrations of Cu 
(low ^g r ' levels) will result in Cu accumulation in the internal organs, with the liver being 
the central compartment m Cu metaboUsm (Groseil et al., 1998; 2001). Numerous sublethal 
effects following waterbome Cu exposure have been reported including changes to 
haematology (e.g., Cerqueira and Femandes, 2002), vacuole formation and necrosis in the 
liver (Figueiredo-Femandes et al., 2007), and oxidative stress (e.g., Sanchez et al., 2005). 
Currently only a handful of studies have assessed the effects of Cu-NPs on fish, and 
details of the mechanisms of toxicity are currently unclear. It remains to be seen if the factors 
that affect dissolved Cu toxicity (e.g., metal speciation and water chemistry) will also apply 
to Cu-NPs. Cu ions may be released from the NP surface so that the fish are exposed to 
dissolved Cu as well as the nano-form. but the toxicity of free Cu compared to Cu-NPs has 
not been quantified in the same experiment with fish. Studies with Cu-NPs have 
demonstrated quite low acute toxicity of the nano form. The 48 h LC50 of Cu-NPs to 
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zebrafish {Danio rerio) was 1.5 mg I compared to 250 jig \~ in fish exposed to dissolved Cu 
(Griffitt et a!., 2007). Some of this difference in toxicity may have been due to the loss of Cu-
NPs due to particle aggregation in the suspension, but nonetheless, toxicity associated with 
Cu-NPs was observed. Similar to traditional dissolved Cu. the gills were the organ primarily 
affected by exposure with concentration-dependent damage to the lamellae; characterised by 
proliferation of epithelial cells, as well as oedema of primary and secondary gill filaments. 
An inhibition of branchial NaVK*-ATPase activity was also observed (Griffitt et al., 2007). 
Subsequent work by Griffin and colleagues also showed that Cu-NPs were also toxic to 
juvenile zebrafish (48 h LC50, Griffitt et al., 2008), and that Cu accumulation was seen in the 
gills of zebrafish exposed to Cu-NPs for up to 48 h (Griffitt et al., 2009). Cu-NPs were also 
seen to be acutely toxic to zebrafish embryos in a 96 h exposure, with 100 % mortality in 
animals exposed to I and 0.5 mg 1"' Cu-NPs at 8 and 24 hours post-fertilisation (hpf) 
respectively (Bai et al., 2010). Concentration-dependent decreases in hatching success were 
also observed along with a statistically significant concentration-dependent decrease in larvae 
length. 
To the authors knowledge the effects of waterbome Cu-NPs on rainbow trout have 
not been investigated and therefore the aim of the current study was to compare the effects of 
Cu-NPs to equal concentrations of soluble Cu (as CuSOa) following aqueous exposure to 
juvenile rainbow trout {Oncurhynchus mykiss). Two concentrations of CUSO4 and Cu-NPs 
were selected for the exposure. A high Cu concentration (100 jig 1"') was chosen as an 
approximation of the 96 h LC50 for waterbome Cu in salmonids (e.g., Shaw and Brown, 
1974; Spear and Pierce, 1979) so that the toxicity of Cu-NPs could be compared to a 
concentration of soluble Cu that would be overtly toxic to trout, whilst the lower 
concentration of 20 |ig T' was selected in order to asses for any sublethal affects at more 
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envirMimentally realistic levels. Analogous to previous work on the effects of waterbome 
NPs on fish (e.g., Federici et al., 2007, Smith et al., 2007), a body systems physiological 
approach was employed which assessed haemstology and plasma ions, disturbances 
associated with osmoregulation (trace element profiles of the internal organs, Na^/K^-ATPase 
activity) and oxidative stress (tbiobarbituric acid reactive substances (TBARS). tissue 
glutathione content). 
5.2. Materials and methods 
5.2.1 Experimental design 
Juvenile rainbow trout (n = 300) were obtained from Hatchlands Trout Farm, Rattery, 
Devon, UK, and held for 4 weeks in a stock aquaria with flowing, aerated, dechlorinated 
Plymouth tap water (see below). Stock animals were fed to satiation on a commercial trout 
food. Fish weighing 29.4 ± 1.0 g (mean± S.E.M., n = 210) were then transferred into fifteen 
aerated 20 1 experimental glass aquaria (14 fish/tank; identical water conditions) and 
acclimated for 48 h prior to experiments. Three tanks per treatment were randomly allocated 
and fish exposed in triplicate to one of the following treatments for 10 days: control (no 
added Cu), 20 or 100 jig l ' Cu (as CUSO4.5H2O) or copper nanoparticles (Cu-NPs), equating 
to molar concentrations of 0-315 and 1.574 jimol Cu f' respectively. Note, when 
concentrations of CUSO4 are mentioned here on, it is referring to the actual Cu concentration 
(i.e., 100 Jig 1"' CUSO4 is actually 100 ^g 1'' Cu), with the whole compound name used in 
order to make distinction between the two Cu forms and thus treatments easier. A semi-static 
exposure regime (80% water change every 12 h with re-dosing after each change) was 
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employed following a pilot study where water changes after 12 h were shown to adequately 
maintain water quality. 
Fish were not fed 24 h prior to, or during the experiment in order to minimise the risk 
of the Cu-NPs absorbinzyg to food or faecal material, and to help maintain water quality. 
Water samples were taken before and after each water change for pH, temperature, saturated 
oxygen (HACH HQ40d multi reader), total ammonia (HACH LANGE GMBH LCK kit 304 
read on a HACH LANGE GmbH DR 2800 spectrophotometer) and water hardness (Ca and 
Mg measured by inductively coupled plasma optical emission spectroscopy (ICP-OES)), As 
there were no significant differences between any tanks in water quality, data were pooled 
and were (means ± S.E.M.. n = 240-528 samples); pH. 6.98 ± 0.004; temperature. 16.0 ± 0.01 
T ; oxygen saturation, 90.9 ± 0.2 %; total ammonia, 0.85 ± 0.05 mg \'\ total hardness (mg l ' 
CaCOs), 52.02 ± 1.2. Photoperiod was 12 h light: 12 h dark. The electrolyte composition of 
the dechlorinated Plymouth tap water used was 9.89, 1.56. and 18.05 mg f' Na\ K* and Ca"^ * 
respectively (0.43. 0.04, and 0.45 mmol 1"' respectively). Background Cu levels in the water 
were 6.04 ± 0.27 jig Cu f' (0.095 ± 0.004 fimol Cu I"'). 
Fish were randomly sampled on day 0 (initial fish from the stock), day 4, and 
day 10 for haematology, plasma analysis, tissue electrolytes, and tissue biochemistry. 
5.2.2 Copper nanoparticle stock solution and dosing 
The Cu-NPs used were purchased from Sigma Aldrich and had (from manufacturer's 
information) an average particle size < 50 nm and 99.9 % purity. Subsequent image analysis 
by transmission electron microscopy (TEM. JEOL 1200EX U) revealed a mean particle of 87 
± 27 nm {mean ± S.D.. n = 50, Fig. 5.1a). with mean aggregates of 216 ± 122 nm with a 
mode of 48 nm (NanoSight LMio, Fig. 5.1b). Notably, analysis of Cu-NP aggregates in the 
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experimental tanks (NanoSight LMjo) following dosing was not possible due to the low 
concentrations and interference from other particulates in the water. Inductively couple 
plasma optical emission spectroscopy (TCP-OES, Varian 725 ES) analysis revealed no metal 
in^urities (data not shown). A fresh 50 ml stock solution of 0.5 g 1' Cu-NPs was made at 6 
pm daily by dispersing the NPs in ultrapure (MilH-Q) water without solvents and stirring 
(magnetic stirrer IKA Werke RET basic C, at 300 rpm) for 4 h in a low-density polyethylene 
(LDPE) plastic. This stock was then used to dose the fish at 10 pm following the water 
change and again at 10 am the following morning (the stock was stirred for a further hour 
prior to the morning dosing event). A 10 ml subsample was then taken from the stock for 
analysis of total Cu by ICP-OES and the remaining stock discarded. 
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Figure. 5.1. Particle size and particle size distribution and aggregation of 1 g 1" Cu-NP stock, 
(a) Electron micrograph showing aggregated Cu-NPs with a mean particle size of 87 ± 27 nm 
(mean ± S.D., n = 50), and (b) NanoSight LMm graph showing the concentration of particles 
at each size (vertical bars) and the percent of total particles at each size (line) with a 
calculated mean aggregate size of 216 ± 122 nm and a mode of 48 nm. 
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5.2.3 Haematology and plasma analysis 
Haematology and plasma analysis were performed as described in Chapter 2. Briefly, 
two fish were randomly collected from each tank (six fish/treatment and initial fish) at days 0, 
4, and 10 and anaesthetised with buffered MS222. Whole blood was collected via the caudal 
vein into heparinised syringes, and the fish were then weighed and the total length recorded. 
Immediately following blood collection the haematocrit value (HCT) and haemoglobin 
concentration were determined. Plasma analysis was carried out for Na^, K ,^ CI" and glucose. 
5.2.4 Tissue ion analysis 
Following blood sampling, fish were terminally anaesthetised with MS222 and 
dissected for tissue ion analysis. Gill, liver, intestine, spleen, whole brain, and skinned muscle 
from the flank were harvested, rinsed in deionised water and processed for Cu, Zn, Mn, Ca, 
Na and K by inductively coupled plasma optical emission spectrometry (ICP-OES, Varian 
725 ES) according to Chapter 2. In the absence of certified fish reference tissues for Cu-NPs, 
spike recovery tests were performed with both CuSOa and Cu-NPs using rainbow trout gill 
and liver. Recovery was good in all tissues measured with recovery values from nominal 
concentrations all over 90 % (data not shown). 
5.2.5 Biochemistry 
Biochemistry was performed exactly as described in Chapter 2. Briefly an additional 
two fish were randomly collected from each tank (6 fish/treatment, and initial fish) at days 0, 
4, and 10 for biochemistry. Gill, liver, intestine, and whole brain were removed and 
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immediately snap frozen in liquid nitrogen, then stored at -80 °C until required for analysis. 
Tissues (approximately 0.2-0.3 g or the whole brain) were homogenised and stored in 0.5 ml 
aliquots at -80 °C until required. Horaogenates were analysed (in triplicate) for Na*/K^-
ATPase activity, and thiobarbituric acid reactive substances (TBARS) and total glutathione 
(GSH). 
5.2.6 Statistical analysis 
All data were analysed by StatGraphics Pius version 5.1 as described in Chapter 2. No 
tank effects were observed throughout the experiment, so data were pooled by treatment for 
statistical analysis. Briefly, parametric data were analysed for treatment, time, and treatment 
X time interactions by multifactor ANOVA (see Chapter 2 for description of pre-requisite 
tests and observations to allow the appropriate use of ANOVA and how non-parametric data 
were analysed). When a statistically significant effect was observed by this model a one-way 
ANOVA (or equivalent non-parametric test) was employed to assess for simple effects. 
Where a statistical significance is indicated within the data (i.e., P < 0.05, ANOVA) this 
refers to the simple effect observed by one-way ANOVA following the multifactor ANOVA 
model showing there was an overall effect, 
53 . Results 
5.3.1. Waterbome exposure to dissolved CUSO4 andCu-NPs 
Waterbome copper exposure was contirmed by ICP-OES analysis of water samples 
taken 10 minutes following the dosing of the experimental tanks. Copper levels were (mean ± 
SEM., n - 12 water samples per treatment) 3.01 ± 0.02,22.3 ± 1.7, 102-3 ± 5.7, 19.7 ± 2.8, 
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and 100.8 ± 6.9 jig !'' (for the control, 20 and 100 ^g P' CuS04 and al-^fP treatments 
respectively), representing recoveries of 111.5,102.3,98.5, and 100.8 % of the nominal 
concentrations respectively. Mean recoveries taken over the 12 h exposure period between 
water changes (samples taken at lOmin, 1,2, 6, and 12 h post dosing) were (data; mean %, n 
= 12 samples per treatment) 94.7, 95.2, 88.3, and 84.6 % for the control, 20 and 100 i^g l ' 
CUSO4 and Cu-NP treatments respectively. Analysis of Cu-NP stocks used to dose the fish 
showed that values never deviated by more than 2 % of the nominal concentration (mean 
values ranged between 98.9-101.2 % of nominal concentrations). Aqueous exposure to both 
CuSO.1 and Cu-NPs caused mortality in rainbow trout, though the fonner was far more 
acutely toxic (Fig. 5.2). Exposure to 100 fig l ' CUSO4 caused 80 % mortality in 96 h and this 
treatment was therefore terminated at this point. However, the same concentration of Cu-NPs 
only caused an approximate 20 % mortality after 10 days exposure. No signs of stress, 
aggression or unusual swimming behaviour were noted in any tank prior to the fish becoming 
moribund. Whilst the control fish did experience some mortality (5 % after 10 days. Fig. 5.2), 
this is not unusual for juvenile rainbow trout and within acceptable levels. 
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Figure. 5.2. The effects of CUSO4 and Cu-NPs on survival in rainbow trout. Data are mean of 
triplicate treatments (errors bars are not shown for clarity). Note the termination of the 100 
^g r ' CUSO4 treatment after 4 days due to high mortality. 
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Copper accumulation was seen in the gills of fish from both Cu treatments, 
statistically significant increases in the tissue Cu levels in gills from the CUSO4 treatments at 
day 4, and all Cu treatments at day 10 compared to controls (Fig. 5.3). The elevated mortality 
rates observed in fish from the high CUSO4 treatment (Fig. 5.2J was associated with an almost 
9-fold increase in branchial Cu levels compared to control at day 4. Fig. 5.3). Notably, 
throughout the exposure branchial Cu burden was more pronounced in the CUSO4 treatments 
compared to Cu-NPs, whilst the livers offish exposed to CuS04also had elevated Cu levels 
compared to Cu-NP exposed animals, though this was only statistically significant in the low 
CUSO4 treatment at day 10. Contrary to the aqueous exposure route, intestinal Cu levels were 
significantly elevated in the high Cu-NP treatment at day 4 (not observed in the CUSO4 
treatments), which persisted until the end of the exposure (day 10). No statistically significant 
{P > 0.05, ANO VA) Cu uptake was seen in the spleen, brain or muscle of fish from any 
treatment (Fig. 5.3). 
5.3.2 Haematology and blood plasma analysis 
Although there were some statistically significant effects observed in some blood 
parameters (Table 1), there were no obvious treatment-related trends. Fish exposed to both 
CUSO4 and Cu-NPs showed decreases in haemoglobin levels after 10 days, although this 
trend was also seen in the control fish compared to initial (TO) fish though to a lesser extent. 
Similarly, haematocrit and red blood cell counts decreased throughout the experiment 
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Figure. 5.3. Copper levels in (a) gills; (b) liver; (c) intestine; (d) spleen; (e) brain: (f) muscle 
of trout after 4 and 10 days of exposure. Data are mean ± S.E.M., dry weight tissue, f? = 6 
fish/treatment. Data were analysed by mullifactor ANOVA and when an overall significant 
effect (P < 0.05) was indicated, data were then analysed by one-way ANOVA (or non-
parametric equivalent) for simple effects. Different letter denotes a statistically significant 
(simple) difference between treatments at each time point (ANOVA or Kniskal-Wallis, P < 
0.05); # indicates significantly different than initial fish (ANOVA. P < 0.05), * indicates 
significantly different from same treatment at the previous time point (ANOVA, P < 0.05). 
Note that initial (time zero fish) had been recently fed and as such may have dietary derived 
Cu remaining in their system at this time point. 
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compared to initial fish and control (though in the latter, the day 10 control fish also 
displayed reduced red blood cell count similar to that of the Cu treated groups indicating no 
treatment effects). Haematocrit values were seen to decrease in both Cu-NP treatments by 
day 10. These were statistically significant in the high Cu-NP treatment compared to day 4 
values for that treatment (time effect), whilst day 10 haematocrit values in fish from the low 
Cu-NP treatment were significantly lower compared to fish exposed to low CUSO4 at that 
time point iP < 0.05, ANOVA). 
Some treatment related changes were seen in blood plasma analysis which were 
potentially treatment related (Table I), By day 4 fish exposed to low Cu-NPs showed a 
significant decrease in plasma Na' compared to all other treatments and initial fish (ANOVA, 
P < 0.05), though this did not persist at day 10, at which time fish exposed to high Cu-NPs 
also experienced reduced plasma Na^  levels (significantly reduced compared to the previous 
time point, and the low Cu-NPs at day 10, ANOVA, P < 0.05). A time-dependent decrease in 
plasma K' was seen in fish exposed to low CUSO4 and high Cu-NPs, which was significant in 
the high Cu-NP treatment compared to control fish at day 10 as well as the previous time 
point within that treatment and initial fish (ANOVA, P < 0.05, Table I). Plasma glucose 
levels were also measured and showed depletion in fish exposed to both Cu-NP treatments by 
day 10; statistically different compared to initial fish at both NP concentrations and to control 
fish in the high Cu-NP treatment only {P < 0.05; Table 1). 
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Table 5.1. Haeniatological parameters and plasma ion, CI'and glucose concentrations in rainbow trout exposed to control (no added Cu), 20 or 
100 ^gl"' CUSO4 or Cu-NPs for up to 14days. 
Parameter 
Haemoglobin 
(gdl '} 
Haematocrit 
(%) 
Red blood cell count 
(cells xlO^mm^) 
Plasma Na' (mmol 1"') 
Plasma K* (mmol r ' ) 
Plasma Cr(mmoir ' ) 
Plasma glucose (mmol 1'') 
Time 
(days) 
0 
4 
10 
0 
4 
10 
0 
4 
10 
0 
4 
10 
0 
4 
ID 
0 
4 
10 
0 
4 
10 
Control 
5.25 ±0.51 
4.58 ±0.53 
4.70 ±0.17 
26.8 ± !.! 
22.8 ± 0.8" 
22.3 ± 1.0" 
0.79 ±0.09 
0.76 ±0.06 
0.59 ±0.03" 
129.17 ±3.95 
138.33 ±6.19 
125.67 ±4.01 
3.27 ± 0.08 
3.35 ±0.12 
3.22 ± 0.20 
I63.67± 14.55 
148.33 ± 
12.83" 
137.17 ±6.89" 
3.87 ± 0.35 
3.65 ± 0.54 
3.27 ± 0.36 
20ngr 'Cu{as 
CUSO4) 
3.74 ±0.56 
3.80 ±0.61"* 
22.1 ±1.0" 
23,7 ±1.3 
0.52 ± 0.08" 
0.53 ± 0.07" 
141.83 ±4.64 
115.5± 11.23* 
3.09 ±0.08 
2.72 ±0.24 
153,73 ±8.09" 
146.19 ±3.53" 
3.04 ±0.47 
3.27 ±0.25 
Treatment 
20 ^xg r' Cu-
NPs 
3.68 ±0,37'' 
3.64 ±0.25 '* 
21.4±2.l' ' 
18,1 ±1.7"'^'' 
0.66 ± 0.04^ 
0.55 ±0,04 
97.83 ±6.70'^" 
131.00 ±6.54* 
2.37 ±0.09"^" 
2.37±0.17*'' 
130.38 ±7.84" 
136.00 ±4.58" 
2.83 ±0.12 
2.66 ±0.30" 
100tigr 'Cu(as 
CUSO4) 
3.95 ±0.415" 
-
20.7 ± 0.9" 
-
0.54 ±0.05^" 
-
142.00 ±3.61 
-
3.03 ± 0.09 
-
143.00 ±4.36* 
-
3.10±0.26 
-
100 ugl 'Cu-NPs 
4,39 ± 0.32 
3.84 ±0.22' " 
23,4 ±0.2'^" 
19.4 ±1.2"' 
0.62 ± 0.03^ 
0.50 ±0.04" 
136,67 ±2.93" 
102.83 ±4.35*"° 
3.34 ±0.25" 
2.50±0.16'*" 
139,45 ±3.28" 
139.55 ±4,71" 
3,42 ±0.23" 
2 . 0 6 ± 0 . i r " 
Data are mean ± S.E.M. (/i = 6 fish/treatment). Data were analysed by multifactor ANOVA and when an overall significant effect (P < 0.05) was 
indicated, data were then analysed by one-way ANOVA (or non-parametric equivalent) for simple effects. ,^ significant difference from control 
within rows (ANOVA or Kruskal-Wallis, P < 0.05). ^. indicates that the Cu-NPs displayed a significant difference from the CUSO4 treatment at 
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each concentration (NP effect, ANOVA, P < 0.05). *, significant difference between day 7 and day 14 within treatment (time-effect, ANOVA, P 
< 0.05).'', significantly different from the previous CUSO4 or Cu-NP concentration within row (dose-effect within time point, ANOVA, P < 
0.05). ", significantly different fi-om initial fish (stock fish at time zero. ANOVA, P<0.05). Note that there is no data for the 100 ^gP' CUSO4 
treatment at day 10 due to the cessation ofthis treatment at day 4 following high mortality. 
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5.3.3 Tissue ion concentrations and water content 
During the exposure there were some statistically significant differences to ion levels 
in some tissues, most notably Na^ levels in the gills, liver, intestine, and muscle. However, 
only the gills displayed any obvious trends and these were both treatment and time related 
(ANOVA, P < 0.05. Fig. 5.4). Branchial Na' levels decreased in all Cu treatments (apart 
fi-om the 20 ng l ' CuSO.^  treatment) at day 4 and this persisted at day 10. Although liver, 
intestine and muscle tissue Na* levels also displayed some statistically significant differences 
(ANOVA, P < 0.05), these data did not show any notable time or concentration-dependent 
trends (Fig. 5.4). However, a transient decrease (day 4 only) in hepatic K^  was observed in 
fish exposed to both of the high Cu treatments along with reduced Ca'^ in the Uver at day 10 
m both of the Cu-NP treatments {ANOVA, P < 0.05; Ca"' day 10 values were (mean ± SEM, 
n = 6 samples per treatment) 19.5 ± 2.8, 21.4 ± 3.6, 12.8 ± 4.7, and 5.3 ± 0.4 ^mol Ca^^ g"' 
for the control, low CuSOa, low and high Cu-NP treatments respectively). No significant 
changes in tissue Zn and Mn levels were seen in any treatment (ANOVA, P > 0.05) with 
values remaining in the expected range for rainbow trout. In the present study Mn and Zn 
values ranged between 0.02-O.I6 and 1.4-7.1 nmol g"' dry weight tissue respectively 
depending upon tissue (i.e., gill, liver, intestine, spleen, muscle or brain). Tissue moismre 
content did not differ significantly between treatments or over time with values remaining 
between 58-89 % depending upon the tissue. 
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Figure. 5.4. Sodium levels in (a) gills; (b) liver; (c) intestine; (d) spleen; (e) brain; (0 muscle 
of trout after 4 and 10 days of exposure. Data are mean ± S.E.M., dry weight tissue, « = 6 
fish/treatment. Data were analysed by muftifactor ANOVA and when an overall significant 
effect (P < 0.05) was indicated, data were then analysed by one-way ANOVA {or non-
parametric equivalent) for simple eflfects. Different letter denotes a statistically significant 
(simple) difference between treatments at each time point {ANOVA or Kniskal-Wallis, P < 
0.05); U indicates significantly different than initial fish (ANOVA. P< 0.05), * indicates 
significantly different fi-om same treatment at the previous time point (ANOVA. P < 0.05). 
Note that initial (time zero fish) had been recently fed and as such may have dietary derived 
Na^ remaining in their system at this time point. 
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5.3.4 Na^/K^-ATPase 
Exposure to both CuSO^ and Cu-NPs caused decreases in Na*/K'-ATPase activity. 
The gills offish exposed to 20 |ig f' CuSOj and both Cu-NP treatments all experienced 
significant reductions with an aUnost 6-fold difference compared to control al day 10 
(Kruskal-Wallis, P < 0.05, Fig. 5.5) with little difference seen between fish exposed to Cu-
SOj or Cu-NPs. Brain and intestinal Na'/K^-ATPase activity were also affected, with all Cu 
exposed fish showing significantly reduced levels in the brain compared to control fish and in 
the intestine of fish fi"om the high Cu-NP treatment compared to all other treatments 
(ANOVA, P < 0.05; Fig. 5.5). 
5.3.5 Total glutathione content and TEARS 
Biochemical analysis was carried out on day 10 and showed that total glutathione 
(GSH) content of the liver, intestine, and brain were not affected by waterbome exposure to 
CuS04 or Cu-NPs and remained stable (ANOVA, P > 0.05). Day 10 GSH values ranged 
between 2.3-3.4 (hver), 0.7-1.3 (intestine), and 0.6-1.1 (brain) jjmol g"' wet weight (ww) 
tissue. A small, but insignificant increase in branchial GSH was noted at day 10, with values 
of 1.8 ± 0.5, 2.8 ± 0.8, 2.0 ± 0.7, and 2.6 ± 1.0 [tmol g ' ww tissue in the control, low CUSO4, 
and low and high Cu-NT treatments respectively (ANOVA, P < 0.05). However, significant 
differences in levels thiobarbituric acid reactive substance were seen between some 
treatments (ANOVA, /*< 0.05, Fig. 5.6). The brains offish exposed to CUSO4 and both Cu-
NP treatments showed reduced levels of TEARS compared to control fish, whilst fish 
exposed to CUSO4 only showed reduced branchial levels (ANOVA, P < 0.05, Fig. 5.6). A 
non-significant trend of increasing TEARS was also seen in the gills offish exposed to Cu-
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NPs (ANOVA, P > 0.05). Fish exposed to low CUSO4 and low Cu-NPs did not experience 
any changes in intestinal TBARS, but fish exposed to high Cu-NPs showed a significant 
increase, approximately 1.7-fold compared to control fish {ANOVA, P < 0.05. Fig. 5.6). 
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Figure. 5.6. Thiobarbituric acid reactive substances (TBARS) in crude homogenates from (a) 
gills; (b) intestine; (c) brain of trout after 10 days of exposure to 0 (clear bar), 20 (ig l ' 
CUSO4 (grey bar). 20 jig l ' Cu-NPs (white bar with diagonal lines), or 100 ng l ' Cu-NPs 
(grey bar with diagonal lines). Data are mean ± S.E.M., n = 6 fish/treatment. Data were 
analysed by multifactor ANOVA and when an overall significant effect (P < 0.05) was 
indicated, data were then analysed by one-way ANOVA (or non-parametric equivalent) for 
simple effects. Different letters indicate significant (simple) differences bet\veen treatments 
within tissues (ANOVA or Kruskal-Wallis. P < 0.05). Note that there was no 100 ng l ' 
CuSOa treatment at this time point and he different 7-axis scales on each graph. 
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Figure. 5.5. Na^/K*-ATPase activity in crude homogenates from (a) gills; fb) intestine; (c) 
brain of trout after 10 days of exposure to 0 (clear bar). 20 fig l ' CUSO4 (grey bar), 20 \ig I'' 
Cu-NPs (white bar with diagonal lines), or 100 fig 1 ' Cu-NPs (grey bar with diagonal lines). 
Data are mean ± S.E.M., n = 6 fish/treatment. Data were analysed by multifactor ANOVA 
and when an overall significant effect (P < 0.05) was indicated, data were then analysed by 
one-way ANOVA (or non-parametric equivalent) for simple effects. Different letters indicate 
statistically significant (simple) differences between treatments within tissues (ANOVA or 
Kruskal-Wallis. P < 0.05). Note that there was no 100 ^g 1"' CUSO4 treatment at diis time 
point. Note the different v-axis scale for the gill data (panel A). 
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5.4. Discussion 
Few, if any, studies have so far investigated the effects of waterbome Cu-NPs on trout 
and here we present a comparison with equal mass Cu (as CuSOa) using a whole body 
systems approach. Exposure to Cu-NPs caused significant changes to plasma and tissue Na^ 
levels along with reduced Na'^/K^-ATPase activity in the gills, intestine, and brain, indicating 
that Cu-NPs, like dissolved Cu, are an ionoregulatory toxicant to trout. It is possible that 
oxidative stress was a factor in the observed toxicity with levels of TEARS (as an indicator of 
lipid peroxides in the tissue) significantly different to that of controls in some treatments, 
though total glutathione pools were not affected. 
5.4.1 Particle characterisation, exprosure, and metal ion dissolution 
Primary particle size characterisation of the Cu-NPs used here showed a disparity 
with the manufacmrer' s information (measured mean particle size of 87 ± 27 nm compared to 
< 50 rnn primary particle size claimed by the manufacturers). This is a phenomenon that has 
previously been noted by several researchers and emphasises the need for characterisation to 
take place prior to toxicity testing (Scown et al., 2010), particularly as particle size dependent 
toxicity (different sizes of the same NP) has been observed (e.g., Ag-NPs; Bar-Ilan el al., 
2009). Although it is unlikely that the fish were predominantly exposed to single particles 
here (with a mean aggregate size of 216 ± 122 nm seen in 1 g 1"' Cu-NP stock solution in pure 
water), NanoSight analysis did show that particles less than 100 nm in size were present in 
the stock before addition to the experimental tanks. Aggregation of Cu-NPs may well differ 
in tank water, which has significantly increased ionic strength compared to pure water and 
also contained fish and thus organic matter (e.g., mucous secretions). Although attempts were 
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made to assess Cu-NP aggregation and distribution in tank water this was not possible due to 
the interference of other particles present (e.g., natural colloids), whilst the concentrations of 
Cu-NPs used in the exposiu^s were too low to successfully assess in pure water using 
NanoSight. Exposure to CuSO^ and Cu-NPs was confirmed by ICP-OES analysis of water 
samples taken mid-water column 10 minutes, 1,2,6, and 12 hours following its addition to 
the experimental tanks. These analyses showed that concentrations of total Cu did not drop 
below 84 %, throughout in any treatment, with the 12 h period between water changes and 
subsequent redosing adequate to maintain exposure. This is despite that at stock 
concentrations at least (i.e., i g 1' ) it was evident by observation that there was NP 
aggregation and some sedimentation. Confirmation of waterbome exposure was also 
demonstrated by elevation of branchial Cu. with the gills being the primary target organ for 
this route of exposure. Indicative of waierborne exposure, fish in the CUSO4 exposed groups 
had significantly elevated branchial Cu after 4 days of exposure compared to all other 
treatments, whilst all Cu exposed fish {CUSO4 and Cu-NPs) had Cu levels that were 
significantly higher than controls at day 10 (Fig. 5.3). 
Separate experiments using the bulk equiUbrium reverse dialysis bag technique 
showed that over 12 h (i.e., the time between water changes and subsequent redosing) there 
was an approximate 6.1 % dissolution of Cu ions fi-om the Cu-NPs (Boden, 20 U, personal 
communication). In the current experiment this rate of loss would equate to approximately 
1.22 and 6.1 ^g f'free Cu in the 20 and 100 ^g r'Cu-NP treatments 12 h after dosing 
respectively. Therefore, it can be concluded that the toxicity seen in the current experiment 
was not a product office ion activity. 
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5.4.2 Acute toxicity 
Although the aim of this study was to investigate the sublethal affects of Cu-NPs 
some mortahty did occur (Fig. 5.2). Fish from both the CUSO4 and Cu-NPs treatments died 
during the exposure, though the former was far more acutely toxic with the high CuSO^ 
treatment terminated after 4 days due to high mortality. These fish experienced 50 % 
mortality after approximately72 h exposure to 100 |ig 1"' CUSO4, with over 80 % dead by 96 
h. Ail other treatments including control fish experienced less than 20 % mortality over 10 
days. At the start of the experiment it was accepted that the high CuSOa concentration used 
here could potentially cause mortality. For example, Cu 24-96 h LC50 values in trout typically 
range from 91-210 (ig 1"' (e.g.. Shaw and Brown, 1974; Taylor et al., 2000; De Boeck et al., 
2004) depending upon water quality (review; Meyer et al.. 2007). although more extreme 
values can be found within the literature (e.g., Howarth and Sprague, 1978). Therefore a high 
concentration of 100 ng l ' was chosen here in order to expose fish tea concentration of Cu-
NPs that although could prove lethal to trout exposed to an equal concentration of soluble Cu 
and would certainly elicit sublethal affects. Subsequently at the concentrations used here, 
despite some mortality, Cu-NPs can be considered sublethal toxicants to trout. That the Cu-
NP concentrations used here were not acutely toxic to rainbow trout is unsurprising with two 
48 hCu-NP LC50 values of 1.5 and 0.94 mg T' previously established in adult zebrafish 
(Griffitt et al., 2007; 2008), though sensitivity may well differ from rainbow trout. 
5.4.3 Copper accumulation during waterbome exposure 
The accumulation of Cu in the gills seen here after exposure to Cu-NPs (Fig. 5.3) is in 
agreement with Griffitt et al. (2007) who also saw branchial Cu levels rise in zebrafish after 
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exposure to 100 jig l ' Cu-NPs. Though in the latter study this may have been as a result of 
dissolution of Cu ions from the NPs. Following waterbome exposure, fish will likely 
experience an elevarion in hepatic Cu levels, with the liver being an important organ in Cu 
homeostasis (Grosell et al., 1998a; b), though other internal organs can also show increases in 
Cu levels (Kamunde and Wood, 2004), Unlike fish exposed to CuS04, there was no 
accumulation of Cu in the livers of Cu-NP exposed fish (Fig. 5.3). This presents an 
interesting quandary in thai there was clearly Cu accumulation (though maybe not actual 
uptake) at the gills, with measures taken to remove surface bound particles fi"om the analysis, 
but this Cu was not translocated to other internal organs. It is possible that Cu-NPs became 
associated with mucous within the gill microenvironment (similar to other NPs, e.g., CNT; 
Smith et al., 2007) and this was not easily dislodged by rinsing with deionised water. Another 
explanation could be that Cu ions dissolved from the Cu-NPs at the gill and were taken up, 
though if this was of appreciable concentrations then one would expect hver levels to rise 
accordingly. Clearly, more research is necessary to understand the processes by which Cu-
T^s associate and/or accumulate within the gills (or at least the gill microenvironment) of 
exposed fish. Of the other tissues analysed for Cu, only the gut offish exposed to high Cu-
NPs displayed significantly elevated levels, with no changes compared to control, or between 
CUSO4 and Cu-NP exposed fish in the spleen, brain or muscle (Fig. 5.3). This elevation of Cu 
in the gut occurred even though the fish were not fed during the exposure and the gut tissue 
was cleared of surface boimd Cu-NPs by washing both the interior and exterior in deionised 
water during dissection (the risk of oral exposure is discussed further below). 
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5.4.4 Haematology and ionoregulatory disturbances 
Blood chemistry and haematology is often used to assess the health of animals and 
waterbome Cu exposure has been shown to affecl haematological parameters in fish. For 
example, changes (often seen as decreases) have b ^ n observed in Hb, RBC, and HCT levels 
(e.g., Kliangarol and Tripathi. 1991; James etal., 1998; Singh etal., 2(X)8), and can be an 
indication of ionoregulatory or respiratory disturbances (Carvalho and Feraandes, 2006). 
However, no major disturbances to haematology resulted from exposure to CuSOj or Cu-NPs 
in the current study, with no clear concentration or Cu-form trends evident. These results 
suggest that Cu-NPs are not haemolytic to rainbow trout, although some statistically 
significant changes were seen in some of the blood parameters at some time points (Table I). 
However, changes seen over time compared to initial fish may be associated with the animals 
not being fed during the experiment (e.g., Rios et al.. 2005) or just background 'noise'. 
During the exposure, plasma glucose levels remained below 5 mmol I"' in all treatments 
indicating that the fish were not overly stressed. However, plasma glucose levels were 
significantly reduced in both Cu-NP treatments at day 10 (compared to control and CUSO4 
exposed fish, T^ le I). This may have been related to the lack of feeding during the 
experiment, though as it was only seen in the Cu-NP exposed fish could suggest a depletion 
of glucose stores following increased stress levels in those treatments at an earlier time not 
assessed. 
The lack of overt haemolytic toxicity is in agreement with the limited effects seen 
from previous smdies where fish were exposed to different forms of NPs via the water or diet 
(e.g., single-walled carbon nanotubes (SWCNT), Smith et al.,2007; Fraseretal.. 2011, and 
TiO: NPs, Federici et al., 2007; Ramsden et al., 2009). However, significant reductions in 
Na^/K*-ATTase activity and effects on tissue electrolytes in the current smdy show that Cu-
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MPs are an ionoregulatory toxicant to rainbow trout. The gills play an important role in 
osmoregulation and the ionoregulaiory toxicity of Cu is well estabUshed (e.g., Lauren and 
McDonald, 1987a,b; Li et al., 1998), with sodium homeostasis being a key target (Grosell et 
al., 2002). Subsequendy the effects on the Na pump and tissue and plasma Na* levels here 
suggests this is also true for Cu-NPs. Griffitt et al. (2007) also reported decreased branchial 
Na* /^K^-ATPase activity, in zebrafish exposed to Cu-NPs, though a far greater inhibition 
(approximately 5-fold or greater) was seen in fish exposed to CUSO4. Contrary to the work by 
GrifRtt and workers no differences were seen here between fish exposed to CuSO^ or Cu-NPs 
with the significant decreases in branchial and brain Na*/K^-ATPase activity compared to 
controls similar between both treatments (Fig. 5.5). Of particular note here are effects to the 
brains of fish, a recurrent theme in NP toxicity. For example, as well as affecting the sodium 
pump, 100 |ig r ' Cu-NPs also caused a reduction in brain Na"^  levels at day 4 (also seen in the 
high CuSO^ treatment at this time point), which was persistent at day 10. By day 10 the low 
CUSO4 treatment also displayed a significant decrease in brain Na' levels, although notably 
this was not seen in the low Cu-NP treatment. 
5.4.5 Oxidative stress 
Oxidative stress is a known mechanism of Cu toxicity to fish. For example, in 
previous studies fish exposed to Cu have shown changes to antioxidants levels (Eyckmans et 
aj., 2011), hepatic catalase gene expression (Craig et al., 2007), and branchial and intestinal 
TBARS (Hoyie et al., 2007). Some recent studies have also shown that NPs can cause 
oxidative stress, though without appreciable metal accumulation in the affected organs (e.g., 
TiO; NPs, Federici et al., 2007). Oxidative stress was also implicated in a study exposing 
Japanese medaka (Oryzias latipes) to Fe-NPs (Li et al.. 2009). In the current smdy, fish 
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exposed to 20 |ig l ' CUSO4 for 10 days had significantly decreased TBARS in the gills 
compared to all other treatments, whilst a non-significant trend of increasing TBARS was 
seen in the gills offish exposed to both concentrations of Cu-NPs (Fig. 5.6). Total glutathione 
pools in this organ were not significantly different between treatments, though values in the 
Cu treated fish were slightly higher than controls. However, these data cannot sufficiently 
explain the changes to levels of TBARS and it is possible that other antioxidants, not 
measured here, may have been induced. 
Following the trend of Cu accumulation and subsequent ionoregulatory inhibition 
seen in the gut of trout exposed to the high Cu-NP treatment, fish fi^om that treatment also 
experienced a significant increa.se (approximately 2-fold compared to all other treatments) in 
TBARS at day 10, although levels remained in the range previously reported for control fish 
in similar conditions (e.g., 1-3 nmol mg protein', Federici et al., 2007; Smith et al., 2007). 
However, it is clear that Cu-NPs were present in the gut offish fi-om the high treatment and it 
is thus likely that the elevated TBARS seen in this organ was not 'backgroimd noise', but an 
artefact of oxidative stress. 
5.4.6 Risk of oral exposure to NPs from waterbome sources 
The phenomenon of NPs being present in the gut offish following exposure via the 
water has been noted in previous studies. Rainbow trout exposed to waterbome SWCNT had 
visible aggregates of the NPs in the gut lumen of exposed fish along with pathology to the 
mucosa (Smith etal., 2007), whilst Ti02NP exposed fish displayed luminal fluid of a milky-
white appearance, presumed to be ingested Ti02, also with concomitant gut pathologies 
(Federici et al., 2007). This is perhaps not surprising seeing as stressors such as pollutants 
have been seen to increase the drinking rate offish (e.g., Best et al., 2003), which in normal 
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(unstressed) conditions can be a few ml k g ' h"' (Eddy, 1982). The elevated intestinal Cu 
(Fig. 5.3) and changes to Na+/K+-ATPase activity (Fig. 5.4) and levels of TBARS (Fig. 5.5) 
of fish exposed to the high Cu-NP treatment seen here support the notion of the gut being a 
target organ from waterbome exposure. Although there is the possibihty of NPs being a 
delivery vehicle for metal ions (presenting ions to the gut mucosa with subsequent toxicity. 
Handy et al., 2008), the gut lumen is a high ionic strength environment that may promote 
particle aggregation, making dissolution less likely. Therefore the effects seen here may be 
NP driven and thus from the evidence beginning to emerge there are clearly reasons to be 
concerned regarding the risk of oral exposure offish to NPs. 
5.4.7 Toxicity of Cu-NPs compared to CUSO4 
From the results seen here it is clear that Cu-NPs present a similar sublethal risk to 
trout as CUSO4 with generic stress responses, though they are less of an acute risk. For 
example, both forms of Cu had no effect on haematology. but both affected ionoregulation, 
with similar inhibition of the sodium pump and subsequent imbalances to Na* levels (Fig. 5.5 
and Table 5.!). This was in spite of the almost 2-fold greater Cu accumulation in the gills of 
fish exposed to 20 ^g l ' CuSO^ than either Cu-NP treatment after 10 days (Fig. 5.3). In terms 
of uptake, Cu-NPs did not exhibit the trends frequently associated with dissolved Cu 
exposure (e.g., elevated hepatic Cu), but fish did, somewhat unusually, experience a 
significant increase in intestinal Cu (over 3-fold in the high Cu-NP exposed fish at day 10 
compared to other treatments). These data suggest that the mechanisms of toxicity may differ 
between CuSOj and Cu-NPs. It is unlikely that dissolved Cu from the NPs played a 
significant role in toxicity and the concern that NPs could be potent surface acting toxicants 
has been suggested (Handy et a!., 2008b) with Cu-NPs potentially felling into this category. 
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The phenomenon of indirect systemic toxicological effects without a positive correlation to 
internal metal accumulation has previously been seen with aluminium exposure (e.g.. Handy 
and Eddy, 1989, 1991), and with exposure to a metal-NP (TiOj MPs; Federici et al., 2007). 
The brain of Cu-NP exposed fish in the current study showed reduced sodium pump activity 
and changes to levels of TEARS without Cu accumulation in this organ, although this also 
occurred in fish exposed to CuSO.j. However, the content of Cu in the brain appears to be a 
neglected aspect of Cu accumulation studies (Handy, 2003), and similarly, data on 
deleterious effects in the brain are lacking in the literature, rendering a comparison difficult. 
Federici et al. (2007) discuss the possibility that from the site of injury {at the gills) there 
could be a diffusion of highly mobile hydroxyl radicals or a cascade of inflammatory 
responses that are rapidly mediated around the body by specific signalling pathways, and 
similar responses cannot be disregarded here. Overall it appears that Cu-NPs elicit 
toxicological effects akin to dissolved Cu and at similar levels of severity, but that there are 
potential differences in the mechanism of toxicity as indicated by the accumulation data, 
although there is some ambiguity regarding the brain. 
5.4.8 Conclusions 
Although less acutely toxic than soluble Cu. Cu-NPs present a similar sublethal risk to 
rainbow trout. The effects observed here displayed the usual traits of traditional Cu toxicity, 
along with concerns regarding oxidative stress. There were no overt toxicological effects on 
haematology, though other blood constituents were not assessed (e.g.. plasma proteins, lipids, 
and enzymes). These results are in agreement with other studies on the toxicity of waterbome 
NPs to fish where similar effects were seen without high levels of accumulation. As in 
traditional trace metal toxicology, the gills were the target organ here, but analogous to other 
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NP studies, the brain also appears to be a target organ following waterbome NP exposure, as 
does the gut, and as such both require fiirther investigation. Although it is possible that ions 
dissolving from the mefai-NPs in the water column and being taken up by the gills of the 
eTLperimental fish could affect toxicity, the limited rate of dissolution seen over 12 h in 
separate experiments for the Cu-NPs used here suggests that this is relatively negligible. 
Further studies may be required to assess the possibility of the Cu-NPs releasing Cu ions 
within the gill microenvironment (thus acting as a delivery vehicle), though with current 
analytical techniques routinely employed in ecotoxicology, differentiation in this 
environment could be difficult. 
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Chapter 6. The acute toxicity of 
waterbome copper nanoparticles to 
early life stage zebrafish, {Danio rerio) 
and the influence of some abiotic 
factors. 
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Abstract 
Embryonic and larval zebrafish {Danio rerio) were exposed in a series of experiments to 
either control, Cu as (CUSO4) or Cu-NPs (99.9+ % purity; 87 ± 27 nm mean particle size). 
Acute static toxicity bioassays established 48 and 96 h-LCso values in embryos (24 hpf) and 
larvae (< 4 hph) respectively. This was followed by experiments investigating the effects of 
abiotic factore on acute toxicity in static bioassays (Ca^*, a Cu chelator (EDTA), humic acid 
and pH). Cu concentrations in water samples were determined by ICP-OES and were ± 10 % 
of nominal concentrations at all times. Dose-dependent mortality was seen in embryos and 
larvae exposed to both treatments and based on Cu concentrations, CUSO4 was more acutely 
toxic to larvae than Cu-NPs. However, little difference was seen in the acute toxicity of 
CUSO4 or Cu-NPs to embryos. Larvae were generally more sensitive to Cu-NPs than embryos 
(mean 96 h median lethal concentration (LCjo) values of 427.1 and 580.1 pg P' respectively). 
Larvae exposed to CUSO4 in the presence of Ca^* (0-80 mg !"') experienced reduced 
mortality, whilst Ca did not reduce Cu-NP toxicity, with a slight increase in acute Cu-NP 
toxicity with increasing Ca concentrations. A fiirther Ca experiment was conducted with 
larvae exposed to either 100 pg 1"' CUSO4 or 500 ^g f' Cu-NPs in the presence of 0-2000 mg 
r ' Ca^*, with an overall trend of increased survival with increasing Ca^^. Larvae exposed to 
100 pg 1' CuSOjor 1000 pg l ' Cu-NPs with increasing EDTA concentrations (0-800 nM) 
showed a dose dependent decrease in acute toxicity in CUSO4 exposed larvae, but not Cu-
NPs. Humic acid (10 mg l ' ) was seen to elevate the LCso values for both CUSO4 and Cu-NPs 
(i.e., reducing acute toxicity), whilst altered pH bad a similar, though more exaggerated, 
effect on Cu-NPs as did CuS04. These results show that both CUSO4 and Cu-NPs are acutely 
toxic to early life stage fish and whilst some effects may be due to dissolved Cu ions there are 
also effects that seem to be attributable to the NPs themselves. Aggregation appears to play a 
key role in the observed effects, but further experiments are required to clarify this. 
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6.1 Introduction 
Advancements in materials science and technology have led to increased production 
and use of engineered nanoparticles (NPs). with a predicted one trillion dollar industry by 
2015 (Maynard, 2006; Meng et al., 2009b: Xia et al., 2009). The production and use of 
metallic or metal oxide nanomaterials and nanoparticles (nanometals) is a growing area of 
nanotechnology and there are concerns that these may be toxic to aquatic wildlife. One of 
these is nanosized copper which has uses in antimicrobial coatings, fuel ceils, water 
electrolysis, air and water purification and biomedical imaging contrast agents (Griffitt et al., 
2008). With the extensive research into the uptake and toxicity of trace metals in the aquatic 
environment several paradigms ha\'e emerged regarding the affects (often protective) that 
certain abiotic factors have on metal availability and toxicity (e.g., pH. alkalinity, water 
hardness, temperature, competing cations, dissolved organic matter, and suspended solids, 
review: Meyer et al., 2007). However, it remains to be seen if similar protective effects occur 
with nanometals. Furthermore, successfiil reproduction and subsequent uptake of young fish 
into wild stocks is critical for their ongoing survival and as a consequence it is essential to 
carry out early life stage (ELS) toxicity tests with NPs. 
Experiments investigating the effects on fish at various life stages have 
highlighted differences in sensitivity to trace metals, with ELS fish often more sensirive than 
theirolder counterparts (e.g.. Holcombe etal., 1979; Vander Merwe etal., 1993).Larval fish 
have often proven more sensitive to Cu than embryos (e.g., McKim et al., 1978; Scudder et 
al., 1988), most likely due to the protective nature of the chorion surrounding the embryos. 
Therefore it is prudent to carry out toxicity bioassays with the most sensitive life stage of the 
test organism (Hynes, 1960). Copper NPs were seen to be less toxic to adult zebrafish {Danio 
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rerio) than soluble Cu (Griffitt et al., 2007), though it remains to be seen if this is the case for 
ELS fish. However, to date few studies have assessed the effects of NPs to ELS fish. Griffitt 
et al. (2008) discovered that zebrafish larvae were slightly more sensitive to Cu-NPs than 
adults (48 h LCso values of 0.71 and 0.94 mg 1"' respectively). Somewhat unusually in that 
study adult fish exposed to soluble Cu (as CuCh) were more sensitive than larvae {48 h LC50 
values of 0.13 and 1.78 mg l ' respectively), with larv^ over 2.5-fold more sensitive to Cu-
NPs than soluble Cu. Retarded hatching success in zebrafish embryos has also been seen 
following exposure to Cu-NPs, along with mortahty in embryos exposed to concentration 
over 0.1 mg 1"' (Bai et al., 2010). Further studies have investigated the effects of other 
nanometals on fish. Asharani et al. (2008) exposed zebrafish embryos to Ag-NPs and saw 
concentration-dependent increases in mortality and delays in hatching. Zebrafish embryos 
experienced a concentration-dependent increase in mortality when exposed to Ag-NPs (Lee 
et aL, 2007), whilst Yeo and Kang. (2008) saw significantly decreased hatching rates in 
zebrafish embryos exposed to Ag-NPs. Zinc-NPs imparted similar acute toxicity as bulk ZnO 
in zebrafish embryos (Zhu et al., 2008), along with decreased survival and reduced hatching 
rates. Ispas et aL (2009) found little difference in lethal toxicity between soluble Ni salts and 
Ni-NPs to zebrafish embryos, with the latter slightly less toxic, although dentric clusters 
(consisting of aggregated 60 nm particles with particle size distribution of 540nm) of Ni-NPs 
were most acutely toxic of all. In a study exposing adult zebrafish for up to 13 weeks to TiO: 
NPs, Wang et al. (2011), observed impairment to reproduction and a significant reduction in 
the survival of embryos whose parents had been exposed to the NPs for 8 weeks or more. 
The influence of abiotic factors on Cu toxicity in fish has long been recognised (e.g., 
water hardness; Shaw and Brown, 1974), with risk assessment often difficult due to the large 
and complex effects of water characteristics on metal toxicity (Erickson et al., 2008). Our 
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understanding of these complex interactions following many years of research has led to 
exposure prediction models such as the biotic ligand mode! (BLM, technical review; Di Toro, 
2001) and it remains to be seen if these can be applied to Cu-NPs. Copper accumulation and 
subsequent toxic action depend on bioavailability (Campbell, 1995), which can mostly be 
explained by Cu speciation with the two often interlinked. For example, Cu speciation can be 
affected by pH, with the more toxic and bioavailable cupric species present at low (acidic) pH 
levels (e.g., Howarth and Sprague, 1978). Bioavailability can also be affected by the presence 
of divalent cations such as Ca"^, which can out compete Cu for binding sites on the gills 
(Matsuo et al.. 2005), with the propensity for reduced Cu toxicity with increasing water 
hardness not surprising (e.g., Perschbacher and Wurts, 1999^. Elevated Na', as well as Ca^ ,^ 
was also protective to zebrafish exposed to low levels of soluble Cu (Craig et al., 2007). The 
complexation of Cu by various inorganic and organic ligands, such as natural organic matter 
(NOM), also serves to reduce toxicity in fish, presumably due to reduced bioavailability 
(Erickson et al., 2008). However, few studies to date have assessed the effects of abiotic 
factors on waterbome NP fate and behaviour or on toxicity to fish, rendering comparison 
with dissolved metals difQcult. The size of NP aggregates and the rate at which they were 
formed has been obser\'cd to increase with increasing particle concentration (e.g., nanoscale 
zerovalent iron particles, Phenrat et ai.. 2007), but some abiotic factors may also influence 
this. Handy et al. (2008a) suggest that NPs with a metal ion fiinctional surface should behave 
in the same way as dissolved metals, but factors such as elevated hardness, changes to pH, 
and ionic strength may alter NP aggregation, though with currently unknown consequences. 
Data regarding any effects upon toxicity is currently lacking and for future environmental 
studies, nanospecific reactions between dissolved organic matter and NPs need to be 
considered {Aiken et al., 2011), along with other abiotic factors such as pH, ionic strength, 
water hardness etc. 
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To the authors knowledge the effects of abiotic factors on the acute toxicity of 
waterborae Cu-NPs on zebrafish embryos and larvae has not been investigated, so the aim of 
the current study was firstly to assess the acute toxicity of Cu-NPs to zebrafish (Danio rerio) 
embryos and larvae (range finding experiments). Our knowledge of the effects of abiotic 
factors on the ecotoxicity of NPs is poor and requires work (Handy et al, 2008a), with NP 
interactions with natural water components (e.g., environmental colloids and natural organic 
matter) under a variety of physicochemical conditions crucial to our understanding of the fate 
and behaviour of NPs in aquatic systems (Chrisrian et al., 2008). With this in mind the second 
phase of the current study aimed to investigate the influences of certain abiotic factors on the 
acute toxicity of Cu-NPs to larvae compared to a Cu salt. Early life stage fish are considered 
a fairly rapid, low-cost and comparable to screen pollutants (WoJtering, 1984) and zebrafish 
were chosen due to their importance as a research model (Lawrence, 2007). 
6.2 Methodology 
6.2.1 Experimental animals 
Breeding stocks of adult zebrafish were maintained at the Univereity of Plymouth in 
20 I aerated. How-through glass aquaria containing dechlorinated Plymouth tap water (see 
below). Fish were held 28 "C with a phoioperiod of 14 h light: 10 h daric (as was used under 
experimental conditions). Parent fish (> 3 months old), were fed ad libitum three times daily 
(twice on flake and once on Anemia naupUi). Male and female fish were kept in separate 
tanks until the night before breeding, at which point they were placed in an equal ratio of 
sexes into breeding aquaria. Following spawning at first light the eggs were collected and 
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placed into 400 ml beakers containing dechlorinated Plymouth tap water at 28 "C. Dead 
embryos and debris were periodically removed and viable embryos removed into beakers 
containing clean water. The profile of the water used in for routine fish maintenance and also 
for experiments was (mean data) 11.43, 1.40, and 17.47 mg!"'(0.50, 0.04, and 0.44 mmol!"') 
forNa'.K^ andCa^^ respectively. Total hardness was 37.7 ± 1.0 mgCaC03 f''whilst 
background Cu levels in the water were 5.72 ± 0.31 ^g Cu 1'' (0.090 ± 0.005 ^mol Cu 1"'; 
data mean ± SEM). A circumneutral pH and saturated oxygen above 85 % were maintained 
throughout, and total ammonia did not rise above 0.03 mg 1"' in experimental beakers. 
Temperature was maintained by ambient heating in a dedicated tropica! aquarium. 
Criteria for confinning mortality were as suggested by OECD. (1992). For embryos 
this is defined as a marked loss of translucency and change in colouration, caused by 
coagulation and'or precipitation of protein, leading to a white opaque appearance 
(particularly in the early stages), and an absence of body movement and/or absence of heart-
beat in later stages. For larvae, one or a combinafion of the following were used to confirm 
death; immobility, absence of respiratory movement, absence of heart-beat, an opaque 
colouration of the central nervous system or a lack of reaction to mechanical stimulus. For the 
most part dead larvae would appear opaque and assume a curved position, however if there 
was some doubt (e.g., when there was no natural movement) mechanical stimulus would be 
used. 
6.2.2 Copper nanoparticles 
The Cu-NPs used here were fi-om the same batch used in Chapter 5 and 
characterisation and stock solution data can be viewed there. 
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6.2.3 Confirmation of exposure 
Exposure to CUSO4 and Cu-NPs was confirmed throughout by inductively couple 
plasma optical emission spectrometry (ICP-OES) as described in Chapter 2. Note, as in 
Chapter 5 when concentrations of CUSO4 are mentioned here on. it is referring to the actual 
Cu concentration in water (i.e., 100 |ig P' CUSO4 is actually 100 i^g 1' Cu), with the whole 
compound name used in order to make distinction between the two Cu forms and thus 
treatments easier. Analysed exposure concentrations of Cu, and Ca when required, never 
deviated more than ± 10 % of the nominal concentration and exact values are only reported 
where necessary due to the large volume of experiments conducted here. Total organic 
carbon (TOC) was assessed in experiments using humic acid. Briefly, acidified water samples 
were kept in the dark at 4 °C until required and then processed using a Shimadzu TOC 500A 
total organic carbon analyser. Automatic sparging was conducted as a pre-treatment within 
the instrument in order to remove inorganic carbon prior to analysis of TOC. 
6.2.3 Acute toxicity bioassays 
Embryos or larvae (n = 15-30) were randomly added to 400 ml Pyrex beakere (pre-
washed in 3 % HNO3) containing dechlorinated Plymouth tap water. Acute static non-
renewal tests were conducted according to standard methods with mortality as the endpotnt 
(LCso). Embryos were exposed at the btastula stage (-2-4 h post-fertilisation (hpf)) to serial 
dilutions of either Cu (as CUSO4.5H2O) or Cu-NPs for 48 h. Larvae were similarly exposed, 
but for a period of 96 h. The duration of the exposures was chosen to approximately reflect 
the time before hatching in embryos (i.e., 48 h) and the time before first feed for larvae (i.e., 
96 h), as well as enabling comparison to values in the literature. During this period the larvae 
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also do not require feeding as nutrition is delivered via the yolk-sac. Beakers were checked 
every 24 h and dead embryos or larvae were immediately removed. The concentration of Cu 
in acidified water samples (one drop of 6 M HNO3) in ion clean tubes was determined for 
each treatment by ICP-OES every 24 h. 
6.2.4 Acute toxicity bioassays with varying abiotic factors 
For experiments investigating the influence of abiotic factors on acute toxicity, 
zebrafish larvae were exposed to Cu (as CUSO4) or Cu-NPs in 96 h non-renewal tests a 
mortality endpoint as described above, but with the addition of various constiments to the 
water. Firstly, the affects of calcium (as CaCl3.2H20. Sigma Aldrich) were assessed whereby 
larvae were exposed to serial dilutions of CUSO4 or Cu-NPs in the presence of 0 (no added 
Ca). 40, or 80 mg f' Ca~\ Following the results of this bioassay a flirther experiment was 
conducted whereby fish were exposed to 500 jig I"' Cu-NPs in the presence of an extended 
concentration of Ca"* (0-2000 mg I"'), In all Ca experiments, as well as no added Cu controls, 
Ca controls were also established, whereby Ca was added at the concentrations used in Cu 
experiments to ensure there were no Ca affects. Finally, a lethal-time experiment was 
conducted where the time taken for 50 % of the test larvae to die whilst exposed to 350 jig I"' 
Cu-NPs in the presence of 0, 40. or 80 mg 1'' Ca'"^  was assessed. 
In order to explore whether free Cu (dissolved from the Cu-NPs) was causing acute 
toxicity, larvae were exposed to CUSO4 or Cu-NPs in the presence of a known Cu chelator; 
ethylenediaminetetraacetic acid (EDTA, ACS reagent quality, 99.4-100.6 %, Sigma Aldrich). 
A concentration of CuSO^ at 100 pg 1"' and Cu-NPs at 1000 jig 1 ' were chosen for the 
exposure as these had been seen to cause > 50 % mortality in acute toxicity tests. Larvae were 
added to experimental beakers (n = 30 per beaker) and acclimated for 6 h. Then, following 
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the addition of either 100 ^g l ' CuSOj or 1000 i^g l ' Cu-NPs to the appropriate experimental 
beakers, 0-800 nmol 1"' EDTA was added from either a i or 100 jimol 1"' stock (in pure, 
Milli-Q, water) and survival assessed over 96 h. EDTA controls were employed whereby 
larvae were exposed in normal tank water with added EDTA at the concentrations used in the 
experiments. 
Further experiments assessed the possible protective effects of humic acid 
(representative of natural organic matter) on the acute toxicity of CuSOj and Cu-NPs. A 100 
mg r ' stock solution of humic acid was prepared by adding the appropriate mass of Aldrich 
humic acid to ultrapure (Milh-Q) water and stirring for 6 hours (magnetic stirrer IKA Werke 
RET basic C, at 150 rpm). Then 40 ml of stock was added to a series of 500 ml beakers and 
dechlorinated Plymouth tap water added to achieve a final volume of 400 ml. Zebrafish 
larvae were added (« - 15 per beaker) and acclimated for 24 h. Larvae were then exposed to 
serial dilutions of CUSO4 or Cu-NPs in the presence of Oor 10 mg P' humic acid and survival 
assessed over 96 h. Controls exposing larvae to humic acid only were also utilised. The pH of 
test solutions containing humic acid remained between 6.7-6.9 throughout. 
The effects of pH on acute toxicity of both Cu treatments to zebrafish larvae was then 
assessed with larvae exposed in triplicate to either 100 jig P' CuSO^ or 500 ^g 1"' Cu-NPs at 
either pH 5, 7, or 9. The adjustment of pH in the experimental beakers was carried out prior 
to the addition of larvae. Sulphuric acid (Sigma-Aldrich) was used to adjust to pH 5, whilst 
sodium hydroxide (Sigma-Aldrich) was used to adjust to pH 7 and 9. Larvae were allowed to 
acclimate for 24 h in experimental conditions (without added Cu) prior to commencement of 
the experiments, during which time no mortalities occurred. As pH did not drift over 96 h 
there was no need to readjust pH in any treatments. 
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6.2.5 Statistics 
The medium lethal concentration values (i.e., to kill 50 % of the population) were 
calculated by the trimmed Spearman-Karber method with 95 % confidence intervals as 
described in Chapter 2. Where possible a sigmoidal curve was fitted to dose-response curves, 
and where this was not appropriate linear regression was used. Correlation coefficients were 
calculated by the Pearson Product Moment Correlation, 
6.3 Results 
6.3.1 Acute toxicology 
Zebrafish embryos and lar\'ae were exposed to either CUSO4 or Cu-NPs in a series of 
48 or 96 h acute toxicity tests (LCso)- No significant differences were seen between the acute 
toxicity of CuSOd and Cu-NPs following exposure to zebrafish embryos (Fig. 6.1) with 
similar LC50 values (Table 6.1). However, significant differences between treatments were 
seen in larval lethal toxicity bioassays with CUSO4 proving more acutely toxic than Cu-NPs 
(Fig. 6.1, Table 6.1). Notably, repetition of experiments under identical conditions revealed 
that there was some statistically significant differences in some larvae Cu-NP LC50 values 
(Table 6.1), though Cu-NPs were not more acutely toxic than CuSO^- For ethical reasons, 
following two identical experiments to determine the CuSOj LC.so for larvae (alongside that 
of Cu-NPs), a further two acute toxicity experiments with Cu-NPs {not including those 
exploring the influence of abiotic lactors) did not require concomitant CUSO4 treatments, 
though control fish with no added Cu were still utilised. Three of the four Cu-NP larval 
exposure tests revealed similar LC t^. values, whilst the other produced and LC50 values over 
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2-foId higher (Table 6.1). Notably, no differences were seen in LC50 values from embryo 
toxicity tests, with the two separate embryo exposures conducted returning very similar 
results (LC50 values of 662.77 and 638.88 \ig l ' respectiveiy; note only one of these is 
presented in Fig. 6.1). Correlation coefficients and resulting P values showed a positive 
correlation between concentration and mortality in all acute toxicity tests with both CUSO4 
and Cu-NPs (Table 6.1). 
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Fig. 6.1. Dose-response curves for zebrafish embryos exposed to either CuSOj or Cu-NPs for 
48 h. LCso and 95 % confidence level values can be found in Tabic 6.1. Data are raw values 
{no replication of each concentration). Sigmoidal curves are fitted to both data sets. 
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Table 6.1. Zebrafish embryo (48 h)and larvae (96 h) LCa values and correlation coefficients following acute toxicity bioassays. 
- . _ Lower Upper _, . ^ Correlation Figure 
Life stage _ , f.". confidence confidence _ , ^ coefficient (panel) 
^ Form (ugl ) ,, .^,a,. „ •. ,o/* coefficient /« , . vf / 
*^^ ' limit (%) Imit (%) {P value) 
Embryonic 
Embryonic 
Embryonic 
Embryonic 
Larval 
Larval 
Larval 
Larval 
Larval 
Larval 
CUSO4 
CUSO4 
Cu-NPs 
Cu-NPs 
CUSO4 
CUSO4 
Cu-NPs 
Cu-NPs 
Cu-NPs 
Cu-NPs 
526.72 
553.45 
582.56 
577.63 
89.76" 
100.60" 
783.61'' 
326.87" 
327.20*= 
270.85= 
433.63 
528.90 
527.53 
554.32 
82.50 
93.91 
688.64 
298.40 
297.99 
158.98 
639.78 
569.06 
639.78 
603.66 
97.66 
110.94 
891.69 
358.05 
359.27 
461,44 
0.832 
0.877 
0,901 
0,876 
0.632 
0.870 
0.992 
0.792 
0.980 
0.893 
0.0000351 
0.00054 
0,000000786 
0.0000641 
0,0930 
0,000492 
0.00000122 
0.0190 
0.000000658 
0.0167 
6.1 
-
6.1 
-
6.2 (a) 
-
6.2 (a) 
6.2 (b) 
6.2 (c) 
6.2 (d) 
Dashed line (-) = not displayed in a graph: Different letters donate significant differences between LC50 values for larvae (no significant 
differences seen in embryo values). Correlation coefficients are for toxicity data (i.e., not for the goodness of curve fit). 
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Fig. 6.2. Dose-response curves for zebrafish larvae exposed to either CuSO^ or Cu-NPs for 
96 h. Note only panel (a) has a dose-response for CuSO^ compared to Cu-NPs, whilst panels 
(b, c, and d) display Cu-NP data only. LC50 and 95 % confidence level values can be found in 
Table 6.1. Data are raw values (no replication of each concentration). Sigmoidal curves are 
fitted throughout. 
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6.3.2. The influence of abiotic factors acute toxicology 
6.3.2.1 Effects of Ca^ * on CUSO4 and Cu-NP toxicity 
During experiments investigating the effects of elevated aqueous Ca^ ^ on Cu toxicity, 
no mortalities occurred in Ca^^ control treatments (elevated Ca^' at the levels used in 
experiments, but with no added Cu, data not shown). Background Ca~^  levels were (data 
mean ± SEM, n = 6 samples) 17.7 ± 0.18 mg I"' and where a Ca^* concentration is mentioned 
hereafter the actual value would be this naturally occurring background level. Larvae exposed 
to CUSO4 in the presence of 40 or 80 mg l ' Ca^ ^ experienced a Ca-dependent reduction in 
toxicity with LC50 values increasing with increasing Ca^* (Fig. 6.3 and Table 6.2). This 
relationship was confirmed with positive correlation coefficients and P values less than 0.05. 
However, Cu-NPs displayed an inverse relationship, whereby larvae experienced increased 
mortality with increasing Ca'^ (Fig. 6.3). This is evident in the medium lethal concentration 
data obtained following exposure to a serial dilution of Cu-NPs in the presence of Ca^' (Fig. 
6.3b), with LCso values of 309.04, 223.78, and 189.27 pg I ' at Ca^^ levels of 0,40, or 80 mg 
r ' Ca^' respectively (Table 6.2). Although the confidence intervals of the latter two LC50 
values do have some crossover, the first two do not (Table 6.2), and it is likely there are 
statistically significant diflferences between the three LC50 values. In order to further 
investigate the effects of Ca, an experiment was conducted whereby larvae were exposed to 
either 100 i^g 1"' CUSO4 or 500 ^g f' Cu-NPs (with no added Cu controls) in the presence of 
0-2000 mg r ' Ca^ .^ Here, survival was plotted (Fig. 6.4), and although there is an overall 
trend of increased survival with increasing Ca^ ^ (positively correlated), the relationship is not 
significant (P = 0.107; Table 6.). 
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Table 6.2. The influence of 0-80 mg l ' Ca^ * on acute toxicity of CUSO4 or Cu-NPs to larvae 
Cu form ( m g l ' ) 
LCsn Lower 
confidence 
limit (%) 
Upper 
confidence 
limit (%) 
Correlation 
coefficient 
Correlation 
coefficient 
(P value) 
Figure 
(panel) 
CUS04 
CUS04 
CuSC 
Cu-NPs 
Cu-NPs 
Cu-NPs 
0 
40 
80 
0 
40 
80 
103.06 
146.62 
150 
309,04 
223.78 
189.27 
97.22 
140.89 
* 
278.03 
203.68 
175.37 
109.26 
152.59 
• 
343.50 
245.86 
204.28 
0.950 
0.879 
0.766 
0.977 
0.951 
0.887 
0.00107 
0.00912 
0.0449 
0,000155 
0.000986 
0.00771 
6,3 (a) 
6.3 (a) 
6.3 (a) 
6,3 (b) 
6,3 (b) 
6.3 (b) 
Correlation coefficients are for toxicity data (i.e., not for the goodness of curve fit). * Could not be calculated due to a lack of reliability as 50 % 
mortality was reached at the highest CuSO,i concentration (150 j,[g l ' ) only in the presence 0T8O mg l ' treatment. 
Table 6.3. The relationship between exposure to 100 or 500 ng I"' CUSO4 or Cu-NPs 
respectively in the presence of 0-2000 mg l' Ca"^  
Cu form Cu (fig 1') 
Correlation 
coefficient 
Correlation 
coefficient 
(P value) 
Figure 
(panel) 
CuSO^ 
Cu-NPs 
100 
500 
0.868 
0.720 
0.0250 
0,107 
6.4 
6.4 
Correlation coefficients are for toxicity data (i.e., not for the goodness of curve fit). 
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6.3.2.2 Effects of EDTA on CUSO4 and Cu-NP toxicity 
The effects of a Cu chelator were then assessed, with larvae exposed to 100 or 1000 
Jig r ' CUSO4 or Cu-NPs respectively, in water containing EDTA (0-800 nmo! l ') . Survival 
increased in botti treatments with increasing EDTA (Fig. 6.5), though there was only a 
significant correlation in CUSO4 exposed fish (Table 6.3), with larvae exposed to Cu-NPs and 
EDTA showing a positive correlation, but insignificant P value (i.e., correlation coefficient of 
0.443,P= 0.319, Table 6.3). 
6.3.2.3 Effects of humic acid on CUSO4 and Cu-NP toxicity 
Larvae exposed to both CUSO4 and Cu-NPs in water containing 10 mg I ' humic acid 
(Fig. 6.6) experienced elevated LC50 values (Table 6.3) compared to acute toxicity tests 
without the addition of natural organic matter (Table 6.1). Notably, this was far more 
pronotmced in larvae exposed to Cu-NPs (LC50 of 1131.37 ^g 1" ), with increases between 
1.4-4.2-foId compared to larvae exposed to Cu-NPs without bumic acid (Table 6.1). Analysis 
of water samples containing humic acid showed the TOC concentration to be 9.1 ± 0.3 mg C 
r ' (mean±SEM,n = 3). 
6.3.2.4 Effects of pH on CUSO4 and Cu-NP toxicity 
Larvae exposed to 100 jig I ' CUSO4 at varying pH in triplicate showed increased 
survival with increasing pH (80 % mortality at pH 5. compared to 40 % mortality at pH 9, 
Fig. 6.7). A strong relationship between smrival in these larvae and pH was observed with a 
correlation coefficient of 1 and P value of 0.0 (Table 6.4). Cu-NP exposed fish also 
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experienced increased survival with increasing pH (Fig. 6.7), though the correlation was not 
as strong as with the CuSO^ treatments {/* = 0.0913, Table 6.4). Notably mortality was higher 
at low pH in larvae exposed to Cu-T^s compared to CUSO4, whilst more survived at high pH. 
No larvae died m control beakers with no added CuSO^ or Cu-NPs at any pH assessed {i.e., 
pH 5, 7, or 9). 
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Table 6.4. The influence of EDTA, humic acid, or pH on the toxici^ of Cu504 or Cu-NPs to larvae. 
Cu 
form 
Cu Abiotic 
factor 
LC„ 
(Jig I') 
Lower 
confidence 
limit (%) 
Upper 
confidence 
limit (%) 
Correlation 
coefficient 
Correlation 
coefficient 
(P value) 
CUS04 
Cu-NPs 
CuSOj 
CuSOd 
Cu-NPs 
Cu-NPs 
Control 
CUSO4 
Cu-NPs 
100 
1000 
0-320 
0-320 
0-1600 
0-1600 
0 
100 
500 
EDTA 
EDTA 
HA 
No HA 
HA 
No HA 
pH(5-9) 
pH (5-9) 
pH(5-9) 
142.54" 
70.26" 
1131.37'' 
300.42" 
Figure 
(panel) 
-
-
120.28 
56.56 
889.87 
254.06 
-
-
_ 
-
-
168.92 
87,27 
1438,42 
355.24 
-
-
. 
0.868 
0.720 
0,987 
0.890 
0.978 
0,910 
* 
1.000 
0.990 
0,0250 
0.107 
0.000267 
0,0176 
0,000751 
0.0117 
* 
0.0 
0.0913 
6.5 
6.5 
6.6 (a) 
6.6 (a) 
6.6 (b) 
6.6 (b) 
6.7 
6.7 
6.7 
HA = humic acid. Dash (-) = not applicable as Cu dose-response not assessed. Different letters donates significant difference in LC50 values 
between CUSO4 and Cu-NPs within that experiment. " = significant difference between CUSO4 or Cu-NPs exposed larvae with no added HA 
compared to those exposed in the presence of 10 mg 1"' HA. * = data values were all equal and therefore correlation was not useful. Correlation 
coefficients are for toxicity data (i.e., not for the goodness of curve fit), 
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6.4 Discussion 
Due to the importance of ELS fish for the long term survival of stocks (including 
commercially important species), it is imperative that toxicity tests with new contaminants 
are carried out using these organisms, particularly as pollution avoidance may be more 
difficult in the organisms. In the current study, the effects of exposure to Cu-NPs (mortality 
end point) on the early life stages of xebrafish {Danio rerio) were examined along with the 
eflfects of CUSO4 to aid a comparison. Cu~NPs were acutely toxic to both larvae and embryos 
(hough Cu-NPs were less toxic to larvae than the CUSO4, but equally as toxic as the Cu salt to 
embryos. There were some notable mfluences of abiotic factore on Cu-NP toxicity, at times 
more pronounced than with CUSO4. Copper levels from both the CUSO4 and Cu-NP 
treatments remained within ± 10 % of the nominal exposure concentration throughout which 
falls within the 20 % recommend in OECD guidelines (OECD, 1992). Notably, separate 
experiments using the bulk equiUbrium reverse dialysis bag technique showed that the rate of 
dissolution of Cu ions from the Cu-NPs over 24 h was 10.1 %, at which point dissolution was 
seen to level off (Boden, 2011, personal communication). 
6.4.1 Acute toxicity 
Both zebrafish larvae and embryos died following exposure to CUSO4 and Cu-NPs, 
with larvae generally more sensitive to Cu-NPs than embryos. This phenomenon has been 
obser\'ed in numerous trace metal smdies, suggesting that embryos are less sensitive than 
larval fish (e.g., Eaton et ai., i 978; McKim et al., 1978). During the current smdy there was 
not a significant difference in the acute toxicity of Cu-NPs to embryos compared to CUSO4 
(Fig. 6.1 and Table 6.1). The LC50 values for both treatments seen here (between 526-582 \ig 
1', Table 6.1) are broadly similar to for fish embryos exposed to soluble Cu in the hterature 
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(e.g., 400 ng I ' 96 h LC50, Giles and Klaverkamp; 1982; 327 fig l ' 24 h LC50, Chan et al., 
2006). It is unlikely that Cu ions dissolved from the Cu-NPs contributed significantly to acute 
toxicity in embryos here, as separate studies showed a dissolution of 10.1 % of total Cu after 
24 h (imlikely to rise significantly after this time). This represents a relatively low 
concentration compared to that of CUSO4 required to kill 50 % of the population {i.e., - 60 fig 
r' free Cu present in Cu-NP treatments compared to LC50 values of approximately 500 fig I"' 
in CUSO4 only treatments). In one of the few studies exposing zebrafish embryos to Cu-N?s, 
(Bai et al., 2010) observed 100 % mortality in embryos exposed to 1000 and 500 fig 1"' Cu-
NPs at 8 and 24 hpf respectively. In that study exposure to 300 and 600 fig l ' Cu (as CUSO4) 
also resulted in 100 % mortality at the same time points. Similar effects have been seen with 
other nano-metals when compared to their bulk coimterparts. For example, zebrafish embryos 
exposed to ZnO-NPs experienced similar effects to embryos exposed to bulk ZnO with LDso 
concentrations of 1.793 and 1.550 mg 1"' respectively (Zhu et al., 2008). In another study 
exposing zebrafish embryos to ZnO-NPs and bulk ZnO it was discovered that the NPs 
exerted far more toxic effects than the bulk powder, with hatching rates and development end 
points (Zhu et al., 2009). Though many studies have not reported uptake of NPs in to fish 
embryos it is possible that the barrier and subsequent protection afforded by the chorion is 
susceptible to NP exposure. TTiis has been demonstrated by Lee et al. (2007) who developed 
a method for imaging single Ag-NPs (5—46 nm) through zebrafish embryos. In their study, 
the transport of Ag-NPs in and out of the developing embryos was observed, with movement 
through chorion pore canals by diffusion. The adsorption of fluorescent NPs onto the chorion 
has also been observed (latex NPs, Kashiwada, 2006; silica NPs, Pent at al., 2010), with 
larvae hatched from exposed embryos in the study by Kashiwada (2006) exhibiting highly 
concentrated fluorescent NPs in the yolk and gallbladder. 
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The 96 h LCso values for CUSO4 exposure to larvae seen here (Table. 6.1) fal! within 
the range of values reported for a rangeof different ELS fish species in the literature (e.g., 5-
1780 ^g r ' , Scudder et ai., 1988; Hamilton and Buhl. 1990; Welsh et al., 1996; Shyong and 
Chen, 2000; Griffitt et al. 2008). As with embryos it is unhkely that free Cu dissolved from 
the NPs played a significant role in acute toxicity to larvae. In one of the few studies 
exposing ELS zebrafish to Cu-NPs, Griffitt et al. (2008) observed a 48 h LC50 of 710 ^g 1"' 
compared to 1780 \ig I"' for Cu exposed fish. However, this increased sensitivity to Cu-NPs 
compared to soluble Cu was not seen in the current study with CuSOj more than three times 
toxic to larvae than Cu-NPs (Table 6.1). However, the considerably hi^er Cu-NP LC50 
values reported by GrifFitt et al. (2007,2008; all hfe stages of zebrafish) were from tests 
conducted in hard water and at a pH in the alkaline range, compared to the moderately soft 
and slightly less than pH 7 water used here. However, some notable variations were seen in 
the acute toxicity of Cu-NPs in the present study (Figs. 6.2 and 6.8 (whole stock data) with 
differences in acute toxicity possibly due to the difficulty in maintaming reproducible 
solutions (Handy et al.. 2008a). It is possible that this was the case here, though every attempt 
was made to ensure there were DO differences between Cu-NP stock preparation and dosing 
between experiments. Differences could also occur between different batches of larvae or if 
the dissolution rate of Cu ions from the NPs changed between experiments. A study by 
Heinann et al. (2008) showed that the toxicity of CuO-NPs to bacteria (Vibriofischeri) and an 
anostracan crustacean {Thamnocephalusplatyurus) was largely attributable to Cu^* dissolved 
from the NPs. although Griffitt et al. (2007) say that only a small fraction of Cu-NP toxicity 
to zebrafish was due to Cu^ .^ 
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6.4.1 Acute toxicity with varying abiotic factors 
The influence of abiotic factors on the bioavailabihty and toxicity of Cu has been 
recognised for many years, with the substantial amount of research carried out culminating in 
exposure prediction models such as the BLM. The advent of metal NPs and their likely 
release into the environment has raised the question as to whether these new materials are 
subject to similar effects as their bulk counterparts and how this affects toxicity. Several 
paradigms have been established with dissolved metals such as reduced bioavailability and 
toxicity with differing abiotic factors and the effects of CuSO^ on larvae seen here reflect that 
described in the literature (e.g., Ca^' effects, Erickson et al., 1996; dissolved organic matter. 
Brown etal., 1974). 
6.4.1.1 The effects of elevated Ca^ ^ on toxicity 
Increased water hardness has long been associated with decreased Cu bioavailability 
and subsequent toxicity, with Ca~* and Mg~^ offering protection by competing with Cu'^ for 
binding sites on the gills (Meyer et al., 2007). Hardness attributed to Ca * has been seen to 
attenuate metal uptake and toxicity more than Mg"^ (Meyer et al., 2007 and references 
therein) and as such was iLsed in the present study to assess the effects on Cu-NP toxicity. In 
the first calcium experiment (Fig. 63), increased Ca^' elevated tlic CUSO4 LC50 to larvae 
(i.e., reducing acute toxicity) with statistically significant correlations (P < 0.05, Table 6.2). 
The three concentrations of Ca"^ used here (0, measured as 17 mg I"' (background levels; no 
further addition of Ca^^), 40 and 80 mg l ' ) represents three different levels of water hardness 
(as CaCOj); moderately soft, slightly hard, and hard. Larvae exposed to 0-150 ng I"' CUSO4 
and 80 mg 1"' Ca^ ^ did not even register a 96 h LC^o (Fig. 6.3). However, larvae exposed to 
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Cu-NPs at the same three concentrations of Ca^^ experienced a reversal of effects with 
mortality inversely related to Ca"^ * concentration (Fig. 6.3). Exposure to increasing 
concentrations of Cu-NPs caused significantly correlated increases in mortality at each level 
of Ca^*, resulting in decreased LC50 values (i.e., increased acute toxicity. Table 6.2). It is 
unlikely that dissolved Cu from the NPs contributed greatly to toxicity as firstly levels would 
have been relatively low, at least in larvae exposed to < 400 ftg I"', and also the elevated Ca^^ 
would presumably have been sufficient to counteract free Cu at these concentrations. In a 
second experiment to assess the effects of increasing Ca^* levels (0-2000 mg l ' ) on the acute 
toxicity of 100 or 500 pg 1"' CUSO4 or Cu-NPs respectively, both treatments saw an increase 
in survival with increased Ca^ *^  which was significant in the former, but not for Cu-NPs 
(Table 6.3). A transient decrease in survival was seen in larvae exposed to Cu-NPs, but the 
overall trend was for a Ca^ ^ dependent increase in survival (Fig. 6.4). It is quite possible that 
dissolved Cu could have partially contributed to mortality here, with 10 % of the 500 jig I"' 
Cu-NPs approximately representing the 96 h LC23 for larvae exposed to CUSO4 in the current 
study. However, if this was the only source of toxicity then one would expect mortality in the 
Cu-NP treatment to be approximately half that seen in the CUSO4 treatment, but this was 
clearly not the case (Fig. 6.4). Handy et al. (2008b) state that some NPs will aggregate in the 
presence of Ca'" and in high ionic strength seawater, as was seen with TiOi NPs and Ag-NPs 
(Mukherjee and Weaver, 2010). The high levels of Ca^*used in the second Ca^' experiment 
here reached that typically found in seawater (e.g., > 400 mg I"'), and it is tikely that the Cu-
NPs aggregated with possible affects on toxicity. Handy et al. (2008a) argue that elevated 
water hardness may increase NP aggregation due to specific sorption and/or compression of 
the electrical double layer (EDL)- The research conducted so far suggest that NPs follow the 
Deijaguin-Landau-Verwey-Overbeek (DLVO) theory of colloidal stability in that, as 
electrolyte concentrations increase, the attachment efficiency increases due to increased 
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screening of particle surface charge, thus reducing the energy barrier to aggregation (Chen et 
al., 2007; Gao et al., 2009). Also, aggregation may induce changes to particle size and shape 
and that these changes could themselves result in transport potential, as well as NP reactivity 
and toxicity (K-laine et al., 2008). In the absence of stabihsing organic matter, aggregated NPs 
will most likely fall out of suspension (Handy et al, 2008a,b), with the tendency of NPs to 
aggregate previously shown to be inversely proportional to their stability (Mackay et al., 
2006). As such aggregates of NPs could pose less of a (or at least a different) toxic risk to 
pelagic species. However, after hatching larvae will adhere to hard surfaces (Laale, 1977), 
most likely at the bottom of beakers/tanks, before inflating their gas bladder over the 
following days during which time they are restricted in their swimming capabilities 
(Lawrence. 2007). Therefore al the early stages of larva] development these animals could be 
at particular risk to aggregated and sedimented NPs. Furthermore the differences seen in 
response to Cu-NPs with different batches of larvae could be due to differences in lar\'ae 
quality and rime to develop, with larval growth varying widely (Lawrence. 2007). For 
instance, poor quality larvae that take longer to inflate their swim bladder and begin 
swimming may be more susceptible to NP aggregates sedimented on the base of the beaker or 
tank compared to those who develop more quickly and can swim away. 
6.4.1.2 Effects of a metal chelator (EDTA) 
Significantly reduced Cu uptake has previously been seen in fish exposed to Cu and 
EDTA (e.g., James et al., 1998) and therefore, experiments were conducted with exposure to 
CuSOj or Cu-NPs in the presence of EDTA with the aim of chelating any free Cu ions 
present, to render them non-bioavailable to the larvae and thus less toxic (Fig. 6.5, Table 6.3). 
As expected CUSO4 toxicity was reduced (almost 2-fold) by increasing the levels of EDTA 
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from 0 to 800 nmol 1"', whilst Cu-NP exposed larvae experienced an overall decrease in 
mortality with increased EDTA (Fig. 6.5). However, the correlation, although positive, was 
much weaker than with CuS04 and was non-significant (P= 0.107, Table 6.4). A contribution 
towards mortality of Cu ions dissolved from the NPs is a distinct possibihty here with a 
potential dissolved Cu concentration of 50-60 ng l ' . Interestingly though, survival in Cu-NP 
exposed larvae was greatest in fish exposed concurrently to 100 nmol 1" EDTA, whilst larvae 
exposed to higher concentrations of EDTA experienced decreased survival (Fig. 6.5) and a 
more linear relationship would be expected if toxicity was directly correlated to the 
concentrations of free Cu and EDTA only (as in CuSO^ exposed larvae. Fig. 6.5). Mortality 
in fish exposed to low watertiome Cu (4.27 (ig 1'') along with EDTA (1 g f') has been seen 
previously (exact data not reported, James et al., 1998), with no deaths in fish exposed to the 
same concentration of Cu only. Notably however, the concentration of EDTA used by James 
et al. (1998) is far higher than used here (1 g l ' there compared to 800 nmol l ' , 
approximately 0.000234 g l ' here), with no mortality reported in fish exposed to 0.5 g l ' 
EDTA in that study. Data regarding the effects of EDTA on Cu-NP behaviour in water is 
currently lacking and it remains to be seen what effect, if any, these interacfions have on the 
bioavailability and toxicity of Cu-NPs to fish. It is possible that the presence of EDTA could 
result in an increase in the rate dissolution of Cu ions over that which would occur without 
the addition of a metal chelator. Although there is unlikely to be a strong enough attraction of 
Cu ions to the EDTA to effectively pull them finm the NPs, it is possible that as Cu ions are 
chelated by the EDTA, their absence from the water column may then encourage more from 
the NPs (diffusion gradient effect). In a study looking at the effects of EDTA on Ag-NPs 
Chappell et at. (2011) saw increase in the mean Ag-NP size in the presence of EDTA (at least 
in part explainable by EDTA sorption), and some evidence that EDTA acts as a mild 
dispersant to Ag-NPs (at 1 mM NaNO^). The authors also report that, predictably, fr^ Ag 
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ions in the water were reduced by the presence of increasing EDTA. However, total dissolved 
Ag (i.e., Ag ions both free in the water and complexed with EDTA, but with Ag-NPs 
removed) increased due to the complexation of Ag^ ions from solution (Chappell et al., 
2011), though notably this data contained large error bars. The Cu-NPs themselves may also 
be affected by the presence of EDTA. For example, a complete coverage of the MP surface 
could shield the particle surface from van der Waals forces, thus potentially reducing particle 
aggregation (Chappell et al., 2011). 
There is also the possibility that EDTA becomes more toxic to zebrafish Iar\'ae at the 
higher concentrations used here when in the presence of Cu-NPs, particularly as no mortality 
was observed in larvae exposed to EDTA only in the present study. The phenomenon of 
increased uptake of a contaminant in fish in the presence of a NP has been seen previously 
(Trojan horse effect; e.g., Zhang et al., 2007) with the potential for increased toxicity. 
Notably, with their widespread use and poor biodegradability, chelating agents have become 
persistent organic pollutants and EDTA is among the most concentrated anthropogenic 
compound in European surface waters (Yuan and VanBriesen. 2006 and references therein). 
Therefore it would be prudent to conduct further studies to assess the interaction between Cu-
NPs and organic solutes such as EDTA and subsequent effects to aquatic biota. 
6.4.1.3 The influence of humic acid on Cu-NP toxicity 
Dissolved or particulate organic matter is ubiquitous in almost every natural water 
body and as such will almost certainly be present in areas where NPs are released. Humic 
acid (HA) constitutes30-50%of surface water organic matter (Woodwel! et al., 1978), and is 
possibly the most abundant naturally occurring organic macromolecule (Thurman and 
Malcolm, 1981). Concentrations of 1 -20 mg I"' HA have been reported in water (Shapiro, 
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1969), and HA is a known modifier of acute Cu toxicity to fish (review on DOC; Wood et al., 
2011) with interactions with NPs of particular interest to ecotoxicologists (review; Aiken et 
al., 2011). In the present study mortality was reduced in larvae exposed to both CuSO* and 
Cu-NPs in the presence of 10 mg l ' HA{Fig. 6.6), with a consequential increase in LC50 
values (significantly correlated. Table 6.4). However, this effect was far more pronounced in 
the Cu-NP treatment with an ahnost 4-fold reduction in die 96 h LC30 of larvae exposed in 
the presence of HA, compared to a 2-foId reduction in those exposed to CUSO4 (Table 6.4). 
However, at the higher concentrations of Cu-NPs (i.e., >400pg P'), it is difficult to discern 
tihe effects of Cu->JPs to that of Cu ions dissolved from the particles. For example at the 
highest concentration of Cu-NPs (1600 pg l ' ) , the potential concentration of dissolved Cu 
ions at 10 % dissolution would be approximately 50 % greater than that the LC;o for CUSO4 
to larvae (Table 6.1). However, as seen previously, mortaUty is often not wholly or even 
partly attributable to free Cu in the Cu-NP treatments and that is likely the case at higher 
concentrations, though perhaps to a far lesser degree. Therefore the effects of HA in reducing 
toxicity are still of interest. 
Natural organic matter such as HA may form a coat on the NPs which could either 
reduce or enhance aggregation depending upon certain other factors (Christian et al., 2008), 
and this in turn could affect toxicity similarly to ionic strength. A similar trend of decreasing 
toxicity with increasing DOM as seen here, was observed with an aquatic invertebrate 
{Ceriodaphnia dubia) exposed to Cu-NPs in the presence of DOM. with size of Cu-NP 
aggregates also effected (by the presence of DOM as well as its source) suggesting a link 
between the two. Humic acid has also been observed to induce disaggregation in iron oxide 
NPs (Baalousha, 2009) and C^ fiillerenes (Xie et al., 2008) in water, whilst stabilising multi-
walied carbon nanotubes (also in water, Hyung et al.. 2007). The stabilisation of NPs due to 
steric repulsion following coating by NOM has also been seen (Ti02 NPs with fulvic acid, 
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Domingos et al., 2009; C6o with HA, Chen and Eiimelech, 2007). Siiver-NPs were seen to 
stabilise in the presence of humic substances, which could result in long residence times in 
aquatic systems potentially increasing bioavailability {Cumberland and Lead, 2009). The 
(few) effects reported so far suggest that NP and Ha interactions are complex and dependent 
on certain factors (Ju-Nam and Lead. 2008). Such effects are important in ecological terms as 
in most aquatic environments where NPs may be released, concentrations of natural colloids 
such as HA will far outweigh that of NPs (ng 1"' predicted NP concentrations compared to mg 
r ' colloidal concentrations) and as such NP aggregation and behaviour will be dominated by 
these interactions (Klaine et al., 2008). 
6.4.1.4 The effects of pH on Cu-NP toxicity 
Dissolved Cu toxicity is also affected by pH, whereby at low pH the more toxic free 
Cu ion (Cu^^) dominates (Bury and Handy, 2010), with increased Cu toxicity in fish seen 
with pH in the acidic range (e.g., Howarth and Sprague, 1978, Cusimano et al., 1986) 
including fish embryos (Stoulhart et al.. 1996). Conversely, fish exposed to Cu at pH levels 
over 7 have seen a reduction in toxicity (e.g., Erickson et al., 1996). although there have been 
exceptions to the rule (see Meyer et ai., 2007 for review). Here, larvae exposed to 100 pg r ' 
CUSO4 experienced similar effects with an almost 2-fold increase in acute toxicity at pH 5, 
compared to pH 7 and pH 9 (Fig. 6.7). This is to be expected, as at pH 5 the dominant species 
would be the toxic Cu^\ whilst the less bioavailable and less toxic Cu(0H)2 andCu(C03)i 
would dominate at pH 9 (Leckie and Davis, 1979). The trend seen with CuSOa was also seen 
in larvae exposed to 500 pg f' Cu-NPs (Fig. 6.7), though far more pronoimced in the latter 
than for CuSOj. At pH 5, larvae experienced 100% mortality, with just 50% mortality atpH 
7. However, at pH 9, larvae exposed to an equal concentration of Cu-NPs suffered just over 
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20 % mortality by 96 h (Fig. 6.7). Notably, no control lar\^e died at any pH over 96 h. It is 
possible that changes to pH may alter aggregation of fJPs, and although it remains to be seen 
if this occurs with Cu-NPs, it could be argued that increasing or decreasing Cu-NP aggregates 
(i.e., from that found at circumneutral pH) may affect toxicity. As argued above for the 
eifects of water hardness, increased aggregation and a subsequent deposition of the NPs at 
the bottom of the beaker ma.y results in closer contact with the contaminant in ELS fish. 
Conversely, if disaggregation occurred then the larvae could be exposed to smaller particle 
aggregates or perhaps single NPs which could also affect toxicity. Furthermore, free Cu ions 
dissolved fit)m the NPs would be more toxic to fish at acidic pH levels, again enhancing 
toxicity. Dissolution could partially explain the toxicity seen in the current study with a 
potential 50 ng P' dissolved Cu present in the water column (approximately the 96 h LC25 for 
larvae exposed to CUSO4 in earlier studies (e.g.. Table 6.1). It is unknown if the rate of 
dissolution is altered by changes to pH, yet this remains a possibility and requires ftirther 
consideration. Zhang et al. (2010) assessed the dissolution rate of zinc sulphide NPs and 
found greater dissolution at lower pH levels and smaller particle sizes. The surface potential 
of NPs may also be altered by pH (Handy et al., 2008a) with low pH most likely resulting in 
a positively charged surface and negatively charged at high pH. It is thought that when there 
is no net charge (i.e., at the point of zero charge (PZC)) there is no repulsion and the NPs will 
aggregate, whereas more stable solutions are formed at pH levels ± the PZC. However, 
Guzman et ai. (2006) also report that Ti02 NPs aggregate over a wide range of surfece 
potentials so aggregation may not be directly correlated. They discovered that over 80 % of 
suspended particles and aggregates were mobile between pH 1-12, except as the pH 
approaches the point of zero charge (PZC) where high levels of aggregation occurred, an 
effect also seen with magnetite NPs{Huetal., 2010). The behaviour of Cu-NPs in water 
could therefore be somewhat dependent on where (along the pH scale) the PZC lies. For 
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example, FeO-NPs have a PZC in the pH region of natural waters (i.e., pH 6 to 8, Handy et 
al., 2008a), which infers that these NPs would readily aggregate in most natural waters. 
Alternatively, many oxide NPs have a PZC at low pH levels and will thus aggregate at these 
pH levels. However, the presence of humic acid induced a shift in the PZC of magnetite NPs 
due to partial neutralisation of the positive charges on the particles (Hu et al., 2010). Chang et 
al. (2010) found that Cu-NPs in solution had an isoelectric point (i.e., no net surface charge) 
at pH 9.1, so that decreasing pH would result in a better suspension (less aggregation). 
Therefore although further pH experiments are required in order to assess these phenomena 
with Cu-NPs, it is obvious that the aggregation, and environmental fate and behaviour of NPs 
cannot be predicted by knowledge of water pH alone. ' 
6.4.2 Conclusions 
The acute toxicity of Cu-NPs to embryos was similar to that of CUSO4, whilst larvae 
were more sensitive to CuSO^ than the NPs, Exposure to embryos was not commenced 
within I hpf, so it remains to be seen if exposing these organisms prior to the hardening of 
the chorion would increase acute toxicity (potentially important in terms of ecotoxicology as 
it is quite possible that eggs would be laid in NP contaminated water). Clearly, there needs to 
be some standardisation in acute toxicity bioassays using NPs, though the results from 
identical larvae experiments seen here indicate that even under controlled conditions there 
may be extraneous factors that influence toxicity that are perhaps out of the control of the 
experimenter. Notably, the acute toxicity of Cu-NPs was in the |ig l ' range, rather than the 
mg r ' range which has been predicted for some NPs. Abiotic factors were seen to influence 
Cu-NP toxicity though not always correspondingly to CUSO4. Toxicity was seen to increase 
wifli elevated Ca'^, whilst HA had a much greater effect in reducing toxicity to Cu-NP 
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exposed larvae than for CuSO*. The influence of pH was also greater in Cu-NP exposed 
larvae with higher mortaUty at lower pH and higher survival at a high pH than CUSO4 
exposed animals. It is quite possible that dissolved Cu ions played at least a partial role in 
some of the toxicity seen in some Cu-NP exposed fish, particularly at the higher 
concentrations, though in no experiment was this considered the sole cause. 
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Chapter 7. General Discussion. 
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The results observed throughout this study confirm that metal-NPs are acutely toxic 
to fish following waterbome exposure and exert sublethal effects when exposure is through 
both the water and the diet. Effects in fish included disturbances to ionoregulation and 
osmoregulation, and oxidative stress. Some of these effects can be considered generic 
responses to contaminants, particularly metals, though some, such as effects to the brain, may 
be particular to NPs (or their aggregates) and may require further investigation. Generally 
metal-NPs are not as acutely toxic as their bulk metal counterparts; though experiments with 
early life stage (ELS) fish showed little difference in the acute toxicity of CUSO4 and Cu-NPs 
to embryos. Further experiments showed that changes to abiotic factors resulted in similar 
effects to dissolved metals, whereby toxicity was either reduced or increased depending upon 
the manipulation of a particular factor. The degree of these effects was sometimes more 
pronounced in Cu-NP exposed fish than in those exposed to CUSO4. 
The experiments and investigations contained within this thesis began when 
nanotoxicology (of engineered NPs) was in its infancy and only a small number of reports 
concerned fish, with very little known of the behaviour, bioavailability, and effects of NPs in 
aquatic systems. Since then, several more studies have emerged as well as some key concepts 
regarding the use of NPs in bioassays, particularly in relation to how NP characteristics may 
affect toxicity. This has materiahsed through a combination of experimental trial and error, as 
well as the shared expertise from several fields of science, technology and policy making. As 
such the work carried out and presented here underwent a similar pathway, whereby a great 
deal of experimentation was required to achieve the aims of comparing NPs to their bulk 
metal counterparts. This included, for example, painstaking attempts to successfully disperse 
the NPs in solution to enable homogeneous dosing, and subsequent quantification in water 
and fish tissues, as well as the assessment of toxicological effects on fish. Therefore the work 
contained here significantly contributes to the field in terms of our understanding of NP. 
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water and fish interactions, and can also contribute towards the necessary 'data bank' 
required to begin risk assessment and making informed policy decisions. 
7.1 Considerations for NP exposure and quantification 
Fish have long been adapted to natural NPs in the environment and one issue was 
whether they were adapted to cope with engineered NPs. In order to achieve this it was 
necessary to add the NPs to solution to be able to dose the fish. One challenge here is whether 
the NPs should be added and allowed to aggregate naturally in stock solutions prior to the 
addition to aquaria, or whether it is better to disperse the NPs as best as possible in order to 
expose the fish to more homogenous NP solutions. It was decided that the latter was the 
preferred option as effects obtained fi"om a uniform solution are more easily described. Also 
if you wish to repeat the experiment you can then start each successive trial with a solution 
that matches the previous as much as possible. If no attempts were made to disperse NP 
stocks then the rate of aggregation may differ between stocks meaning that when dosing, the 
fish are exposed to different size ranges of aggregated NPs and comparisons are difficult. 
Nevertheless, it was also decided that no dispersants or sonication would be used for Cu-NPs 
due to risks associated with adding in unknown variables and the risk that sonication may aid 
and increase dissolution. Laban et al., (2010) saw an approximate 10-fold increase in acute 
toxicity in fathead minnow (Ptmephales promelas) embryos when Ag-NP stocks were 
sonicated compared to those stirred. The Cu-NPs used here were instead stirred for several 
hours prior to each use, though it remains to be seen if this in itself affects any NP 
characteristics. With this approach it is likely that the NPs will quickly aggregate when added 
to the experimental aquaria, but this may be seen as a positive due to its environmental 
significance. 
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Another issue faced was that of the effects of stock age on NP toxicity. Using the 
same Cu-NPs as used in these experiments, a trial investigating the acute toxicity of a 6 
month old stock compared to a freshly made stock was carried out on zebrafish larvae 
(Calver, 2010, personal communication), in that experiment the 6 month old stock was 
almost twice as iethally toxic as the fresh one. This may have been due to ongoing dissolution 
of Cu ions from the NPs with Kittler et al. (2010) noting that aged stocks of Ag-NPs were 
much more toxic to human mesenchymal stem cells than freshly prepared Ag-NPs. In that 
study, Ag-NPs lost up to 90 % of their weight when stored for up to 125 days, with the rate 
and degree of dissolution depended upon surface ftinctionalisation and the temperature at 
which the NPs were stored. Murdock et al., (2008) showed that over time Cu-NPs of varying 
sizes all experienced changes to shape and size (from more solid, spherical particles to 
smaller particles with spherical centres, but with crystalline spikes emanating from the 
surface), aggregation (increases over time), and zeta potential (initial decrease followed by an 
increase in all NPs). The changes to individual NP size and shape, and subsequent changes to 
zeta potential were as a result of dissolution of Cu ions from the surface of the NPs (Murdock 
et al., 2(K)8). Therefore all experiments in the current study were carried put with freshly 
made stocks. 
Of note from the study by Murdock et al. (2008) was their realisation that additional 
dispersants (high in Na and S) had been used on Ag-NPs by the manufacturers, which was 
not disclosed to the researchers (subsequently discovered by XPS analysis). This raises the 
importance of knowing the full life history of NPs prior to use in toxicology assays, 
especially as dispersants have been proven to be the root cause of toxicity rather than the >JPs 
themselves in previous studies with fish (see Henry et a!., 2007). 
When formulating fish feeds contaminated with Ti02 NPs it was decided to disperse 
the NPs in water by sonication with subsequent spraying onto the surface of the feed pellets. 
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This was carried out before evidence was raised regarding concerns as to the effects of 
sonication on NPs and a more prudent method may have been that which was adopted in our 
laboratory in the study by Merrifield et al., (2011), whereby NPs were added as dry powder 
to base feed ingredients and mixed, with a subsequent formation of pellets containing 
relatively well dispersed NPs. However, it is quite possible that only some NPs are affected 
by sonication in this manner, and that TiOi NPs are not amongst them. 
The second technical issue raised in the current study was that of the quantification of 
NPs in water, fish issue and fish feeds. Preliminary experiments (spike recovery tests) 
showed that Cu-NPs were able to be measured using the methods routinely established for 
traditional Cu analysis. That is water samples were acidified with a small volume of 
concentrated nitric acid and fish tissue sample digested in nitric acid and subsequently diluted 
with ultrapiu-e water, and both analysed by ICP-OES. Spike recoveries were good with over 
90 % recovery of nominal concentrations in both water and tissue. However, similar 
experiments with TiO; NPs were not as successful. Attempts, as detailed in Chapter 3. were 
made to improve recovery of Ti from fish tissue containing TiO; NPs (along with 
experimental diets). Whilst recovery was greatly improved for most tissue types by the 
addition of Triton X-100, work is still ongoing in order to improve the method further. This 
includes assessing the efficacy of single particle counting ICP-MS. A variation of this method 
has been employed for the quantification of gold (Degueldre et al., 2006a) and uranium 
(Degueldre et al., 2006b) colloids in water and it remains to be seen if the recovery of Ti02 
NPs in fish tissue can be improved by this method. 
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7.2 Nanoparticle fate, behaviour and bioavailability 
The transport, persistence, and bioavailability of NPs in the environment are essential 
aspects to consider when assessing and managing risks (Wiesner et al., 2009). When NPs 
undergo aggregation they will most likely precipitate to the sediment, thus becoming tar less 
mobile than would single particles (Petosaetal., 2010). This could result in reduced contact 
with pelagic species and less bioavailability (as suggested in the current hypothesis). They 
could also enter the food chain by interacting with benthic organisms (Wiesner and Bottero, 
2007). The uptake of polystyrene-NPs has already been seen in two species of suspension-
feeding bivalves (Ward and Kach, 2009), and a food chain effect has been shown, with 
zebrafish consuming TiO^ NP contaminated Daphnia magna (Zhu et al.. 2010). Nanoparticle 
aggregates could also adsorb to the surface of animals {Handy et al., 2008c), with surface 
acting toxicants previously seen in ecotoxicology (e.g., Handy and Eddy, 1991). In studies 
using species such as rainbow trout, increased aggregation and sedimentation could 
theoretically result in reduced exposure to NPs in the water. However, in the waterbome Cu-
NP study detailed in Chapter 5, Cu levels from samples taken mid-water remained high over 
12 hours suggesting that trout were exposed to close to nominal concentrations. This was in 
clean experimental conditions though and it remains to be seen, for example, if the presence 
of a sediment substrate (potentially resulting in sediment-trapped NPs) in the tanks would 
alter the mid-water concentrations observed in that study. 
In experiments with Cu-NPs it is possible that in some instances the dissolution of Cu 
ions from the NPs contributed to toxicity, particularly where high Cu-NP concentrations were 
used (i.e., > 500 pg l ') . However, in experiments where lower concentrations were used this 
contribution would have been negligible and the effects seen can be attributed to Cu-NPs or 
more likely their aggregates, though the specific mechanism of this requires further 
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investigation. This is particularly relevant where Cu-NP concentration were 100 |ig 1" or less, 
with separate dissolution experiments showing that over 12 hours the concentration of 
dissolved Cu in the water would be approximately 6.1 i^g V when a Cu-NP concentration of 
100 p,g r ' was used. Notably, these dissolution experiments were conducted in pure water and 
it remains to be seen if the rate of dissolution differs when in tank water (with the influence 
of abiotic factors not present in pure water). 
Figure 1.2 of the hypothesis in Chapter 1 showed some proposed differences in 
bioavailability of NPs to fish, with Cu-NPs and CUSO4 as examples, whilst Fig. 1.3 
illustrated differences in ADME along with some known or suggested toxic effects (again 
using Cu as examples). Following the experiments conducted and presented throughout this 
thesis, it is now possible to formulate some conclusions regarding these concepts. Figs. 1.2 
and 1.3 have been redrawn following the work carried out and are presented in Figs. 7.1 and 
7.2 respectively {the latter discussed in the next section). 
In view of the results obtained from the waterbome Cu-NP exposures seen in 
Chapters 5 and 6, along with separate dissolution studies and NP stock analysis on NanoSight 
LMjo, it is evident that most of the Cu-NPs in solution will aggregate with some dissolution 
(approximately 6 % over 12 h). This is reflected in Figure 7.1. though bioavailability is still 
described as limited as there is no definitive evidence that intact Cu-NPs are bioavailable to 
fish. The other noticeable difference between the initial Fig. 1.2 and the revised Fig. 7.1 is the 
interaction with abiotic factors. It has been well established that differences in water 
chemistry can affect the fate and behaviour of contaminants such as trace metals, which in 
turn affects bioavailability to fish. In experiments exposing larvae to Cu-NPs or CUSO4 with 
varying abiotic factors (Chapter 6), it was seen that acute toxicity was reduced or enhanced 
similarly between Cu treatments, but that in some cases the effect was more pronounced in 
NP exposed fish. As seen in Chapter 6, humic acid (HA) had the effect of reducing the acute 
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toxicity of Cu-NPs. It is perhaps not siuprising that toxicity was reduced as organic matter 
such as HA can stabilise NPs in the water column (Lead & Wilkinson, 2006), with NPs 
tending to form agglomerates with organic matter, something already seen with carbon 
nanotubes visible on fish mucous following exposure (Smith et al., 2007). Here this had the 
effect of reducing mortality in Cu-NP exposed larvae more than 3-fold, compared to the 2-
fold reduction in acute toxicity seen in CuS04 exposed larvae (Chapter 6). This was most 
likely as a result of the NPs being coated by the HA, thus reducing contact with fish epithelial 
tissue, probably through steric hindrance. The specific interaction between Cu-NPs and HA 
remains unknown in terms of whether the organic matter does actually increase stability or 
possibly aggregation. However, mortality still occurred from Cu-NP exposure in the presence 
of HA (albeit reduced), and the relationship requires further investigation in order to elucidate 
the actual mechanism of this interaction. 
Calcium was used as an example of a competing cation and the results obtained were 
somewhat variable. Initially Ca'* did not affect acute Cu-NP toxicity (in fact slightly 
increasing it), but in a following experiment, Ca ^ appeared to alleviate the acute effects of 
the NPs. As such the relationship is presented in terms of limited bioavailability in Fig. 7.2, 
but that there is an effect. The effects of pH on Cu-NPs were similar to those on CUSO4. but 
more pronounced in the NP exposed fish. Figure 7.1 presents this as limited bioavailability 
(and thus reduced mortality) at high pH (i.e., < H*), with increased bioavailability or at least 
> contact with fish epitheUal tissue at low pH (i.e., > H^). Of course, it is possible that the 
dissolution of Cu ions fi"om the Cu-NPs may be affected by changes to pH, and certainly at 
the acidic pH 5 used in these experiments (Chapter 6), free (dissolved) Cu would frave 
predominantly been the toxic Cu ^ species. Further experiments at lower concentrations of 
Cu-NPs and dissolution experiments at various levels of pH would overcome this issue. 
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Figure 7.1. An updated version of the conceptual diagram found in Chapter 1 (Fig. 1.2). following the results obtained throughout this study. The 
diagram shows the current understanding of the differences in bioavailability of Cu-NPs to fish with some example abiotic factors. Dashed lines 
indicate limited bioavailability, with unbroken lines showing high bioavailability or contact with cpithelia. Blue lines represent known effects 
(from work presented in this thesis), whilst red lines show possible interactions. The arrow linking Cu-NP aggregates and HA is bi-direclional as 
it us unknown if HA stabilises Cu-NPs or affects aggregation. Low pH results in a greater bioavailability or contact with epithelial tissue, whilst 
the opposite is true for high pH. Note that compared to the corresponding Fig. 1.2, the affects of abiotic factors for dissolved Cu arc not included 
here. 
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7.3 Nanoparticle uptake and toxicity 
Some differences were obser\'ed between the hypothesised effects of NTs on fish 
(Fig. 1.3) and what was actually seen (Fig. 7.2), although some effects were as suggested (or 
not assessed in some cases). For example, no evidence of cutaneous uptake was pr^ented 
throughout any study, and no skin lesions were noted on any fish. As predicted there were 
some affects on the brain, and no accumulafion of Cu-NPs, though TiO; NPs (as Ti), showed 
some signs of accumulation in this organ, albeit at very low concentrations. The liver did not 
accumulate Cu-NPs, though fish exposed to dietary TiOi NPs did initially, along with the 
spleen. The spleen was a notable absentee from Fig. 1.3, but subsequent analyses showed that 
this organ may play a role in NP ADME. 
In experiments using a waterbome exposure route, 100 jig 1"' CUSO4 was more toxic 
than the same mass concentration of Cu-NPs to juvenile rainbow trout with 80 % and 15 % 
mortality respectively after 96 h (LC^a not calculable due to a lack of Cu concentrations in the 
exposures). Zebrafish larvae were similarly affected by exposure to CuSO^ with 96 h LCso 
values around 70-100 pg 1'. If you accept that the 96 h LC25 for larvae was approjomateiy 
150 fig 1', dien it appears that these fish were of similar sensitivity to juvenile trout, as the 
latter fish experienced 14 % mortality following exposure to 100 jig f' Cu-NPs for 96 h. As 
in traditional trace metal toxicity, the gills were the target organ for waterbome Cu-NP 
exposure (some accumulation and ionoregulatory disturbances), though as with some other 
NPs the gut was also affected with elevated Cu levels in Cu-NP exposed fish (but not fixim 
waterbome CUSO4). Sublethal effects were seen in the gut and brain (< sodium pump 
activity, changes to TBARS), though there was no evidence of Cu-NP uptake in these organs 
(or the spleen or muscle). Notably, many of these sublethal effects were on a (severity) par 
with those seen in CUSO4 exposed fish, though fish from the 100 ^g l ' CUSO4 treatment did 
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not sur\'ive until the final sampling point at day 10, making a hke for like comparison of 
sublethal effects with the 100 fig I"' Cu-NP treatment impossible. 
Further hypothesise included sublethal effects following chronic dietary exposure, and 
conjecture that these could possibly lead to death. No treatment related mortality occurred 
when rainbow trout were fed diets containing TiO; NPs, though some sublethal affects were 
observed. Notably, TiO; NPs did not affect growth or nutritional performance and 
compensatory processes may have protected this. The dietary TiO: NP experiments here 
showed that fish will eat food contaminated with NPs, and this has also been seen in fish 
exposed to Cfto fullerenes and carbon nanotubes through the diet (Fraser et al., 2010). 
However, although the target organ, Ti accumulation in the gut of exposed fish was 
somewhat limited, with a greater difference in Ti levels seen between the liver, spleen and 
later the gills of control and exposed fish, and to a lesser extent the brain. As Ti is not an 
essenfiai micronutrient and that bulk TiOi is used as an inert marker in fish dietary studies, it 
is not surprising that uptake was relatively low in all organs (nmol g ' levels fi-om < 100 mg 
kg"' dietary inclusion). The pathologies observed in the gut offish exposed to waterbome 
Ti02 NPs {Federici et al., 2007) did not manifest to the extent expected in dietary exposed 
fish (Ramsden et a!., 2009). Similarly to several dietary metal studies (e.g., dietary Cu, Handy 
et al., 1999; Shaw and Handy, 2006; Hoyle et al. 2007). growth was not affected in fish fed 
TiO: NP contaminated food. This may be due to the fish adopting a strategy whereby growth 
is protected, but with consequential sublethal effects on other physiological processes (Handy 
et al., 1999; Clearwater et al., 2002). 
In the current study (Chapter 5), fish exposed to waterbome Cu-NPs experienced an 
elevation in gut Cu along with ionoregulatory disturbances. However, it remains to be seen if 
feed contaminated with Cu-NPs would firstly be palatable to fish, and secondly whether they 
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would be bioavailable and exert toxic effects. During the course of these studies such a trial 
was commenced, but was abandoned dm to technical difficuhies. In view of the effects seen 
in the gut of waterbome exposed fish, it remains prudent to cany out a dietary exposure with 
Cu-NPs. 
7.4 Nanoparticle toxicity to ELS fish 
The early Hfe stage (ELS) offish is a critical period for recruitment into fish 
populations and disruptions can have dire consequences for both commercial and non-
commercial wild stocks. As such it is critical for these animals to be a considered in 
ecotoxicological research and subsequent risk assessment. Experiments with ELS fish 
showed that Cu-NPs followed a similar panem to soluble Cu (as CUSO4) in that embryos 
were less sensitive than larvae. Copper sulphate was also considerably more acutely toxic to 
larvae than Cu-NPs, though this was not the case with embryos. In experiments exposing 
zebrafish embryos to both forms of Cu. there was not a significant difference in the 96 h LC50 
values. This is in agreement with Zhu et al. (2008) who found no differences in the toxicity of 
TiOa NPs. ZnO-NPs and AiiOs NPs to zebrafish embryos. The embryo exposure experiments 
described in Chapter 6 commenced 2-4 hours post-fertilisation (hpf) and it remains to be seen 
if exposing embryos prior to the hardening of the chorion would result in an increase in acute 
toxicity. The chorion presents a formidable barrier to soluble metals, effectively preventing 
free passage to the embryo following its hardening after contact with water (von 
Westemhagen, 1988; Weis and Weis, 1991)- With few reports of NPs crossing the chorion of 
fish embryos it is suggested that the chorion may offer some protection from waterbome 
exposure, but once the fish has hatched the internal organs can become contaminated (Handy 
et al., 2011). However, Lee et al. (2007) observed the transport of Ag-NPs in and out of 
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developing zebrafish embryos, with movement through chorion pore canals by diffusion. 
Clearly Cu-NPs caused acute toxicity to fish embryos in the current study and further work is 
required to investigate the mechanism by which this occurs. 
Copper-NPs were acutely toxic to zebrafish larvae in the current study. Griffitt et al. 
(2008) also observed acute toxicity of Cu-NPs to zebrafish larvae, though in their study the 
Cu-NPs were more toxic than dissolved Cu (Cu-NP 48 h LCjo of 710 fig I"' compared to 1780 
|ig r ' for Cu exposed fish). This may be indicative of water quality differences between the 
two studies, with GrifFitt and workers using relatively hard water, compared to the 
moderately soft water used here and notably they also report dissolution of less than I % of 
total mass of the original dose of Cu-NPs over 48 h. This is considerably less when compared 
to the approximate 10 % dissolution over 24 h here. This illustrates the difficulties faced by 
nano-ecotoxicologists and highlights the need for standardised test materials and procedures 
in order to progress our understanding of nanotoxicology. 
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Figure 7.2. An updated version of the conceptual diagram found in Chapter I (Fig. 1.3, panel 
a), showing absorption, distribution, metabolism, and excretion {ADME) and toxicity of TiOi 
NPs and Cu-NPs in rainbow trout following the results obtained throughout this study. Note 
that compared to the corresponding Fig. 1.3. the diagram for dissolved Cu is not included 
here. Diagram conception based on Handy et al. (2008b). 
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7.5 Is there evidence of a nano effect? 
The initial hypothesis of this thesis considered that metal-NPs would be both acutely 
and sublethally toxic to fish and impart unique toxicological effects due to their specific 
characteristics (particle size, shape, surface area and surface charge etc). Whilst acute and 
sublethal toxicity was observed, throughout these experiments there was no direct evidence 
of a 'nano' effect. Obser\'ations of Cu-NPs by NanoSight LMm in pure water showed mean 
aggregates of 216 ± 122 nm, with aggregation expected to increase in certain water 
chemistries (see Chapter 6 for discussion). Therefore it is extremely unlikely that fish were 
exposed to single particles, however, technical limitations do not aid this assessment, wilh no 
techniques available to irrefutably demonstrate that intact NPs are present in fish after 
exposure. 
In an attempt to address the issue of acute toxicity being related to particle and 
aggregate size, an experiment was conducted to assess differences in toxicity between larger 
aggregates of Cu-NPs compared to smaller NPs and filterable Cu (data not presented in an 
experimental chapter, see below). Briefly, a 3 mg I"' stock solution of Cu-NPs was prepared 
as described in Chapter 5 and fihered using a 250 ml Millipore filter tower with a 0.2 \im 
pore membrane. Larvae were then exposed in triplicate to either the filtered fi-action, or the 
imfilterable particles (removed into solution from the filter), or an identical (unfiltered 3 mg V 
' stock) for 96 h, with similar mortahty between each treatment (16.7 ± 5.5, 10.0 ± 1.7, and 
17.8 ± 3.9 % respectively, data mean ± SEM). However, subsequent analysis of the Cu 
content of each fraction revealed vastly different values (2730 ± 127, 1576 ±69, and 92.9 ± 
17 ^g l-l in the whole stock, particulate, and filtered Cu-NP fractions respectively). 
Therefore, the smaller particles, aggregates and free Cu in the filtered fraction was equally as 
toxic as the larger aggregates (particulate faction, > 0.2 |im), even though there was almost 
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30 times more Cu in the latter treatment. Particle size-dependent toxicity has been seen with 
NPs before, whereby equal concentrations of Ag-NPs of different sizes (5.9, 15.3,51.2, and 
108.9 nm) produced 80, 64, 36, and 3 % mortality in zebrafish embryos respectively {Bar-
Ilan et al , 2009). However, concerns over the low toxicity seen in the filtration experiment 
described here (i.e., less than 20 % mortality in animals exposed to 2730 |ig I"', compared to 
LCso values around 200-300 jig V seen previously) prohibited the inclusion of this data in an 
experimental chapter, but it could prove a valuable experiment to rerun. 
7. 6 Implications for risk assessment 
With current legislation for metal exposure taking decades to research and implement 
it would be prudent, if possible, to apply the^ to metal-NPs. This is only feasible however, if 
the metal-NPs are less or similarly toxic compared to their soluble metal counterparts. From 
the data presented in Chapter 4 and by previous work (i.e., Federici et al., 2007) it can be 
seen that TiOi NPs are more toxic to fish than bulk TiOj fi'om both dietary and waterbome 
sources (note: effects of bulk TiO: not directly assessed due to their use as inert biomarkers in 
fish nutrition and lack of toxicity, along with major differences in structure, see Chapter 4). In 
the experiment descnbed in Chapter 5, although not as acutely toxic, Cu-NPs were clearly 
capable of producing sublethal effects in trout on a par with soluble Cu at similar exposure 
concentrations. This signifies that current legislation for safe environmental limits of Cu 
could be applied to Cu-NPs. though this is clearly not acceptable for TiOz NPs and legislation 
for Ti metai. However, there is a danger, for example, that chronic exposure or exposure in 
conditions not assessed in Chapter 5 could result in increased Cu-NP toxicity. Furthermore, 
differences in specific characteristics of the same NP can affect their behaviour in water. For 
example, NP size can affect aggregation with 5 nm Ti02 NPs forming larger aggregates 
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compared to 32 nm TiO; NPs particles under the same conditions of pH and solid 
concentrations (Pettibone et al., 2008). 
Another consideration is can we use current bioavailability and toxicity prediction 
models for metal-NPs? Although Cu-NPs caused similar sublethal effects to rainbow trout as 
CUSO4 (Chapter 5), the differences in fate and behaviour in the water column raises the issue 
of the appropriateness of current models forNPs. Several factors may influence the behaviour 
of NPs in solution including, aggregation chemistry and the ability to form stable dispersions 
in liquids, NP characteristics, the adsorption of manufactured NPs onto surfaces (including 
the exterior surfaces of organisms), and the effects of abiotic factors (Handy et al., 2008c). 
However, the fate and behaviour of most, if not all, NPs in water is not currently fully 
understood. There are indications that certain abiotic factors, such as humic acids (HA), 
stabilise NPs (Klaine et al., 2008). though depending upon certain other conditions HA could 
also promote aggregation (Ju-Nam and Lead. 2008). Other physicochemical factors can also 
increase or decrease aggregation such as changes to pH {Petosa et al., 2010). The results seen 
in Chapter 6 demonstrate the influence that abiotic factors can have on acute toxicity of Cu-
NPs. Clearly the issue of aggregation plays an important role in NP ecotoxicology, having a 
significant impact upon transport, fate, reactivity, and bioavailability. Therefore due to the 
(probable) differences in bioavailability, fate and behaviour of metal-NPs in water compared 
to soluble metals, current toxicit\' prediction models such as biotic ligand models are 
inadequate in their present form. Consequently new, empirically derived models or at least 
updated versions of current ones would be required to predict metal-NP uptake and toxicity. 
However, the NPs themselves remain the biggest problem in developing such models. 
Differences in characteristics such as size and surface charge between NPs of the same basic 
material (e.g.. Cu), can influence aggregation, and subsequent bioavailability and toxicity, 
with these factors in turn influenced by water chemistry. Therefore, the characterisation of 
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each individual type or batch of NP used and potentially released into the environment would 
be required for modelling. However, this is a challenging and monumental task and clearly 
there is a need for established standard test materials and standard tests to act as a starting 
point. It may then be possible for toxicologists and regulators to modify the model in 
accordance with each specific f^P of interest, perhaps adding functional ised groups etc. This 
is particularly pertinent as new generations of NPs are undoubtedly being developed with, for 
example, new forms of organic and inorganic fiinctionalisations currently not present. 
Current prediction models are well equipped to deal with the speciation of metals 
such as Cu which can alter depending upon water chemistry, and remain usefiil if dissolution 
of metal-NPs was solely responsible for toxicity to fish. However, the results presented in this 
thesis and the work by Griffitt et al. (2007), suggest that for Cu-NPs at least, dissolution is 
not a major factor in a many of the effects seen, although caimot be discounted at higher Cu-
T^ concentrations. Yet another facet of NP toxicity that may need to be included in future 
models is the interaction with other contaminants. Some evidence of increased uptake of 
other contaminants in the presence of metal-NPs is emerging in the literatiu-e (e.g., Zhang et 
al., 2007; Sun el al., 2007,2009). There is also the possibility that the non-linear mortality 
response of larvae exposed to Cu-NPs in the presence of EDTA (Chapter 6) is a co-
contaminant effect. 
Also of concern is the appropriateness of a pelagic fish species as test models for Cu-
NP toxicity. If Cu-NPs settle out of the water column after forming aggregates a more 
ecologically relevant test species may be a flat fish or a sedimentary organism (e.g., molluscs 
or polychaetous aimeUds), though mid-water column Cu levels remained high following the 
addition of Cu-NPs in Chapter 5. 
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7. 7 Nanoparticle hazard versus risk 
One important aspect to consider is the hazard risk versus the environmental risk of 
exposure in relation to environmentally realistic scenarios. Many laboratory based toxicity 
studies are conducted in clean, controlled conditions with artificially high concentrations of 
contaminant, including NPs. These studies are quite relevant as proof of principle 
experiments where the researcher is attempting to assess whether or not a NP (in this 
instance) is toxic and at what level the toxicity manifests at. However, diis needs to be placed 
into context when considering what, if any, effects will occur within the environment. The 
association between toxic effects and dose/concentration of NP is another issue awairing 
resolution (Savolainen et al., 2010) and caution must be advised when extrapolating the 
effects seen with high NP concentrations in the laboratory to those likely within the 
environment. Toxicologists have a duty to responsibly interpret and report nanotoxicology 
data in order that a potentially beneficial and valuable industry might progress and fiilfil its 
potential. However, this is made all the more difficult where NPs are concerned as there is 
very little data regarding the release of these particles into the environment and techniques for 
environmental monitoring are either inadequate for NPs (e.g., CNT) or are unable to 
distinguish between the nano and bulk forms of a material (e.g., Cu). However modelling 
techniques have predicted low jig l ' concentrations of NPs releases into the environment 
(dependent upon the NP, Boxall et al., 2007). For example, the estimated environmental 
concentrations of TiO; NPs in Nordic aquatic ecosystems range from 0.0007 to 0.0245 |ig ml" 
' (Mueller and Nowack. 2008; P^rez et al., 2009). The issue of risk assessment and regulation 
is fiirther compounded as NPs are not a uniform group of substances (Borm et al., 2006) and 
generalisations are difficult. 
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However, several studies have now shown deleterious effects from exposure to NPs. 
although there is currently no general consensus regarding routinely observed effects with 
many disparities between different studies. Coupled to that are that many responses are 
generic in nature (to numerous contaminants) and may not necessarily be as a result of actual 
NP exposure, ratiier exposure to aggregates which effectively clog the gills with toxicity a 
result of secondary effects. Regardless, that effects have been observed signifies that there is 
a hazard risk associated with NPs, but the risk of exposure via the aquatic environment 
remains relatively low (when considering the literature). Several factors will effect potential 
exposure including target species (pelagic/sedimentary etc); NP type and its characteristics; 
environmental concentration, fate and behaviour of the NPs; bioavailability and the 
mechanisms of absorption, distribution, metabolism, and excretion (ADME) for NPs in fish; 
and perhaps the ability of the animal to cope with exposure and/or remove itself from the area 
of exposure (pollution avoidance). Therefore at present there appears to be some disparity 
between NP hazard and risk of exposure to NPs in the aquatic environment, but further work 
is required to elucidate this relatively unknown area of ecotoxicology. 
Notably, in terms of the risk of human exposure via consumption of contaminated fish 
fitiets, Cu and Ti levels in the muscle of NP exposed fish remained low; suggesting that 
inadvertent ingestion of NPs would be negligible, at least from fish exposed to NPs similarly 
to the exposure scenarios used here (concentrations, route and duration of exposure etc). 
7.8 Conclusions and fiiture work 
Metal-NPs are both acutely and sublethally toxic to fish depending upon the route of 
exposure and NP type. Copper-NPs were acutely toxic to early life stage fish, and caused 
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some mortality in juvenile rainbow troui (though the latter were only exposed to 
concentrations intended to cause sublethal effects). Sublethal effects from waterbome 
exposure included generic responses to contaminants (such as dissolved metals) including 
disturbances to ionoregulation and indications of oxidative stress. However, these effects 
often manifested without significant accumulation of the NPs in the affected organ. Dietary 
exposure to T1O2 NPs did not result in treatment related mortality and no affects were seen on 
growth or nutritional performance. 
In terms of hazard assessment, Ti02 NPs are evidently more toxic to fish than their 
bulk counterparts and as such current safe hmit regulations are not adequate. The situation for 
Cu-hFPs is more complicated as although not as acutely toxic as soluble Cu, the NPs induce 
equal, if not greater, sublethal toxicity to fish. Abiotic factors affect Cu-NPs similarly to 
CUSO4 in some cases, whilst causing more extreme or different reactions in others. From the 
results seen here and those presented in the literature it is clear that the fate, behaviour, and 
ADME of Cu-NPs is complicated and requires further elucidation, though in the short term at 
least current legislation is probably adequate in order to protect the environment. However, in 
terms of protecting human health, NP levels measured in edible fish fillets (muscle) remained 
low throughout: indicating that consumption of contaminated fish would not be a concern for 
TiO; NPs and Cu-NPs. 
It is clear that the technical ability to successfijUy investigate the effect of NPs on 
aquatic organisms is currently hampering efforts. Current techniques such as ICP-OES 
analysis do not allow differentiation between different versions of the same basic material 
(e.g., Cu-NPs and Cu*^ *), with high naturally occurring environmental levels of these elements 
making NP quantification extremely difficult. This could be overcome if the NPs were 
comprised of an unusual Cu isotope not commonly found in appreciable levels, but this does 
not appear to be the case. More rare elements may be easier to quantify in the environment. 
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but in terms of common usage, NPs based on elements rarely found in measurable quantities 
in the environment is unusual. Furthermore, many NPs have proven difficult to measure in 
fish tissue due to limitations of the instruments used in analytical chemistry. 
7.8.1. Future work and recommendations 
• The role, if any, of the spleen in NP ADME requires further investigation following 
its implication in a few studies to date. 
• A dietary Cu-NP experiment would still be a necessary project in order to make 
comparisons with waterborae Cu-NP exposure (considering the effects seen to the 
intestine offish exposed to waterborae Cu-7^s here), as well as a comparison 
between a NP with an essential metal base and one without (i.e., Ti from TiOi NPs). 
• During dietary exposures it may be prudent to prepare diets in different ways in order 
to assess potential differences in ADME and toxicity. These would include 
biologically incorporated NPs (i.e., in prey items). NPs bound to the surface of feed 
items, and NPs incorporated into fish feeds during the manufacturing process. 
• Future studies on embryo toxicity should stari at < 2 hpf in order to assess the role of 
the chorion in NP toxicity, or perhaps expose dechorionated embryos, though this is a 
less attractive proposal. 
• Standard reference materials and tests are a necessity in order to make some informed 
decisions on the future direction of nanotoxicology and risk assessment. This would 
then enable a range of test conditions and abiotic factors to be analysed with the 
standardised tests enabling effective con:^arison. 
• The affects of temperature on NP toxicity are needed, particularly as some studies 
have shown dissolution to be temperature related. The studies os abiotic factors here 
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were conducted at 28 "C, and it may be that colder water temperatures will yield 
different results, although the acute toxicology of Cu-NPs did not appear dissimilar 
between trout exposed at 16 °C and zebrafish at the higher temperamre. 
• If aggregation and subsequent precipitation of NPs is a common effect in water 
(particularly under a range of conditions), then further toxicity tests with flatfish, for 
example, may be important, as well as assessing food chain effect with, for example, 
benthic filler feeders. 
• Further studies using the filtration method of separating different size factions of a NP 
stock (described previously in section 7.5) would be an interesting way of assessing 
the issue of particle size affects on toxicity. However, in order to negate further 
dissolution of NPs over time following filtration it may be necessary to limit the 
exposure time (e.g., 24 h exposure rather than 96 h). 
• Studies assessing the effects on fish from brackish water habitats may be valuable as, 
for example, increased aggregation and decreases in particle numbers can occur 
through small increases in salinity (e.g., 2.5 ppt, Stolpe and Hassellov, 2007), 
meaning the interface between fresh and estuarine water may produce different 
toxicity results, with data currently lacking. 
• In order to ftirther assess the effects of pH on Cu-NP toxicity it would be valuable to 
expose the fish at lower concentrations of Cu-NPs than were used in pH experiments 
here (Chapter 6) and also to carry out dissolution rate experiments at various levels of 
pH. This would then allow a more comprehensive understanding of the effects of pH, 
the role of dissolved Cu ions in toxicity and whether pH influenced dissolution. 
• In view of the issues of NP aggregation and/or dissolution over time it is worthwhile 
comparing the effects of static versus semi-static exposure bioassays in order to assess 
possible affects on toxicity. The question remains however, do we leave the NPs in an 
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experimental aquaria without agitation or renewal in order to be environmentally 
realistic or do we refresh daily in order to see potential nano effects and reduce the 
possibility of dissolved ions affecting toxicity? Arguably, both may be 
environmentally reajisdc depending upon the nature of the release of MPs into the 
environment, but it seems more likely at present that the former (e.g., a single 
pollution episode) would be the more relevant scenario rather than one of continued 
NP release. 
• Ongoing work is currently focusing on the efBcacy of single particle ICP-MS with a 
view to improving the quantification of TiOz NPs in fish tissue. If successfiil. this 
would represent a significant breakthrough for nano-ecotoxicologists. 
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Dietary exposure to titanium dioxide nanoparticles in rainbow 
trout, iOncorhynchus mykiss): no effect on growth, but subtle 
biochemical disturbances in the brain 
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Abstract Our laboratory recenUy reported gut pathology 
following incidental ingestion of titanium dioxide nano-
pariicles (TiOi MPs) during aqueous exposures in trout, but 
there are almost no data on dietary exposure to TiOj NPs in 
fish. The aim of this experimeni was to observe the sub-
lethal effects of dietary exposure to TiO; NPs in juvenile 
rainbow troui {Oncorhynchus mykiss). Stock solutions of 
dispersed TiOj NPs were prepared by sonication without 
the use of solvenis and applied lo a commercial trout diet. 
Fish were exposed in triplicate lo either, contnil [no added 
Ti02), 10, or 100 mg kg"' TiOi NPs diets for 8 weeks 
followed by a 2 week recovery period where all fish were 
fed ihe control diet. TiO? NPs had no impact on growth or 
nutritional performance, and no major disturbances were 
observed in red or white biood cell counts, haemalocrils. 
whole blood haemoglobin, or plasma Na'^.TI accumulation 
occurred in the gill, gut, liver, brain and spleen during 
dietary TiOi exposure. Notably, some of these organs, 
especially the brain, did not clear Ti after exposure. The 
brain also showed disturbances to Cu and Zn levels (sta-
tistically significant at weeks 4 and 6; ANOVA or Kniskal-
Wallis. P < 0.05) and a 30% inhibition of Na^R-^-ATPase 
activhy during TiO; NP exposure. Na"* K^-ATPase activity 
was unai'fecied in the gills and iniesiine. Total glutathione 
in the gills, intestine, liver and brain were not affected by 
dietary TiOn NPs, bui thiobarbituric acid reactive sub-
stances (TEARS) showed up lo 50^c decreases in the gill 
and inlesline. We conclude that Ti02 NPs behave like other 
toxic dietary meiais where growth rate and haematotogy 
C. S. Rarosdcn T. J. Smilh B. J. Shaw • R. D. Handy (&^( 
Ecotiixicoltjgy and Sness Biology Research Group. School of 
Biological Sciences. University of Hymoudi, Drake Circus, 
Plymouih PL4 SAA. UK 
e-mail: Tfaandy@plyniDutlLac.uk 
can be protected during sub-lethal exposures, but in the 
ca.se of TiO) NPs this may be at the expense of critical 
organs such as the brain and the spleen. 
Keywords Titanium dioxide nanoparticles -
Rainbow uout • Dietary exposure, Na"Tt"'"-ATPase -
TEARS • Glutathione 
iQtroduction 
Engineered nanoparticles (NPs) are novel materials with at 
leasi one dimension <100 nm and there are concerns about 
the fate and ecotoxicity of these materials in the aquatic 
environment (reviews, Moore 2<)l)(i; Nowack and Eucheli 
litiii; Handy ei al. 2U(iSa). There are many different types 
of manufactured nanomateriais (e.g., nanomeials. carbon 
nanotubes, Cwi fullerenes. composites, polymers! and the 
poieniial benefits to society are vasi including applicadons 
in environmental remediation, drug deUvery, electronics, 
building maierials. textiles, and cosmetics (Aitken et al. 
'(n)(>). However, data are needed for environmental risk 
assessment of these new materials; especially on uptake 
and biological effects (Owen and Handy 201)7; Crane el al. 
:0US; Handy et al. :tl(ISii, h). 
TIOT NPS are used in a range of commercially avail-
able products such as cosmetics, sunscreens, paini, and 
building materials {Aitken et al. 21106). The bulk form of 
ordinary TiOi powder is not considered toxic and has 
been used as a negative control in respiratory toxicity 
studies (e.g., Warheil et al. I'''>7), and as an inert dietary 
marker for fish nutrition studies (e.g.. Lied et al. iyH2). 
However, several studies with fine and ultra fine 
(<I1X) nm) Ti02 have demonstrated respiratory toxicity in 
rodents (e.g., Ferin and Oberdorster IMK5; Ferin et al. 
0 Springer 
940 C. S, RamsdCD et al. 
1991; Oberdorsier ei al. 1992; Bermudez el ai. 21M>4; 
Warheii el ai. 2<K)5). 
Only a few ecotoxicological studies have been carried 
out using TiO; NI^, and most of these have used water-
borne rather than dietary exposures. Daphnia magna 
showed mortality during exposure to TiO; NPs, depending 
on the method of MP preparation (Lovem and Klaper 
200fj)- aiang el al. (2(107) showed that expteure to TiO^ 
NPs can also influence the uptake of oiher pollutants, with 
carp experiencing 146% more Cd uptake in the presence of 
T1O2 NPs compared 10 Cd only controls. Recently, our 
laboratory exposed juvenile rainbow irout to 0-LO mg 1"^ ' 
TiO; NPs for up 10 14 days and found a range of toxic 
efTecis and organ pathologies including evidence of oxi-
dative stress, respiraiOTV toxicity, and erosion of the gut 
epithelium (Federici el al. 2ii(j7). The latter was probably 
caused by stress-induced drinking, and raised the possi-
bibty that Ti02 NPs might be toxic via the oral exposure 
route (.see Federici et aJ. .'Ini)?). 
To our knowledge, there are no tletailed reports of die-
tary Ti02 NP exposure in fish and only a few reports on 
oral toxicity in mammals. Wang et al. (2iMI7) exposed mice 
10 either nano-sized (25 or 80 nm) or fine (155 rnn) TiO; 
particles by single oral gavage. No acute mortality occur-
red, but changes to serum biochemistry and liver padiology 
were observed. Toxic effects have also been seen in mice 
exposed to oral nano copper or zinc. Chen ei al. (2(MKi) 
used a single oral gavage of Cu-NPs (108-1.080 mg kg"', 
23.5 nm NPs) in mice and reported pathologies in the 
kiditey, spleen and liver. Wang ei al. (2006) obs^^ed 
lethargy, vomiting, diarrhoea, and some mortality in mice 
exposed lo nano zinc via the oral route (5 g kg~' body 
weight. 58 nm NPs). Despite the fact that these oral studies 
on rodents have used large doses of NPs, there are some 
concerns about the dietary hazard. Notably, in both rodents 
and hsh metal accumulation in the internal organs raises 
the possibility that NPs may cross the gastrointestinal 
barrier. However, the effect of NPs on the nutritional 
performance of animals is currently unknown. 
The aim of Ihe current study was lo provide some of the 
first toxicological observations on sub-lethal dietary 
expcKure to Ti02 NPs in rainbow trout, and to enable some 
comparison with our previous experiments on aqiKous 
exposure (Fedcrici ei al. 2(iU7). Our goal wa.s simply to 
establish whether or not this nmierial was toxic via the 
dietary route compared 10 an unexposed control, and used a 
well established nutrition trial experimental design that is 
identical to our [devious work on dietary metals (e.g.. Cu. 
Handy ei al. 1*'')'': Shaw and Handy 2000). We Miopted a 
body systems approach similar lo Federici et al. (2007) and 
measured key areas of physiology such as growth, osmo-
regulation, haematology. biochemical responses of organs, 
and a range of nutritional parameters. In addition, because 
we have observed latent toxic effects of dietary metals in 
fish (e.g., Shaw and Handy 20(tfi), this experiment also 
includes a period on a control diet at the end of the 
exposure to look for posl-exposure effects. 
Methodology 
Experimental design 
Juvenile rainbow trout {n ^ 400) were obtained from 
Exmoor Fisheries, Somerset. UK, and held for 10 days in a 
stock aquaria with flowing, aeraled. dechlorinaied Plym-
outh tap water (see below). Fish were then transfetred into 
a recirculation syslem (with 10% water renewal per day) 
consisting of nine 120 1 experimental fibre glass aquaria 
(40 fish/lank: identical water conditions) and acclimated 
for 14 days pricrf" to experiments. Fish were individually 
weighed (mean ± SEM. n = 360. 21.63 ± 0,15 g) and 
three tanks per ireatmeni were randomly allocated. Fish 
were exposed in triplicate to <»ie of ihe following treat-
ments for 8 weeks: control diet (no added TiOj NPs), 10 or 
100 mg kg~' dry weight feed Ti02 NPs (see below for diet 
formulation). This was followed by a 2 week recovery 
period where all fish were fed the control diei. The TiO^ 
NP concentration in the feed was selected after considering 
T1O2 NP toxicity in our previous waterbome exposure 
experiments (Federici et al. 2iHi7) and our jwevious expe-
rience of dieiary metal toxicity in fish (e.g., Shaw and 
Handy 2(J06). Rsh were fed to satiation twice each day 
(1000 and 1600 hours), and behaviour was monitored 
during each feeding event. Care was also taken to ensure 
thai all the feed added to the tanks was eaten. The self-
cleaning design of the aquarium sysiem also ensured thai 
faecal waste was quickly removed from the tanks. Ti 
analysis of the water before and after feeding also con-
firmed that no TiO; leached from the food. Background 
levels of Ti remained low in the water (<25 ng l~'). 
Separate leaching experiments with food pellets showed no 
release of T\ from the food (data not shown). 
Water samples were taken each day for pH. temperature, 
and dissolved oxygen (all measured with a HACH HZ4(M 
multi meto-). Water samples were also collected Ihrce limes 
each week (prior 10 feeding) for total ammonia, nitrite and 
nitrate (HI95715, HI 93707, and HI 93728 Hanna Instru-
ments respectively). There were no treatment differences in 
water quality between tanks (ANOVA, P > 0.05). Vahies 
were (mean ± SBM. n = 68 or 30 samples) pH, 7.09 ± 
0.04; temperature. 15.46 ± 0.07''C; oxygen saturation. 
90.6 ± 0.48%; total ammonia. 0.29 ± 0.07 mg I"', nitrite. 
0.35 ± 0.06 mg P ' , and nitrate, 1.96 ± 0.18 mg r ' . The 
photoperiod was set to a 12 h l i^ i : l2 h dark cycle. The 
electrolyte composition of the dechlorinaied tap water used 
^ Spiioger 
Dietary exposure lo liianium dioxide nanopanicles iMl 
for the experiments was 0.3.0.1, and 0.4 mmol r ' f o r N a ' , 
K"*^  and Ca""" respectively. Fish were randomly sampled at 
the siarl of the experiment (initial fish), and then every 
1 weeks during the experiment for haemaiology. plasma 
ions, tissue elecliolytes, histopathology, hiochemisiry. 
nutrilional performance and growth. 
Titanium dioxide NP stock solution 
The titanium dioxide NPs used here was from the same 
batch that has been previously characterised by our labo-
ratory and are reported in Federici ei al, (21KI7). The 
preparation of slock solutions, and confirmation of the level 
of dispersion, was carried out according to Federici ei id. 
(2()fi7). Briefly, dry powder of TiO, NPs C'Aeroxide" P25 
TiO;, DeGussa AG. supplied via Lawrence Industries. 
Tamwonh, UK) made of (revised manufacturer's infor-
mation): crystaJ slruciure of approximately 2^'^ nilile and 
75% anatase TiOj, purity was at least 99*5 TiOj (maxi-
mum impurity stated was 1% Si), and an average particle 
size of 21 nm with a specific surface area of 
50 ± 15 m^ g~'. Chemical analysis of stock solutions 
revealed no metal impurities and the batch purity was high 
(data not shown), with a measured mean primary particle 
size of 24.1 ± 2.8 nm (mean d= SEM. /i = 100 electron 
microscope images, see Federici et al. 201)7), A 10 g P ' 
stock solution of TiO; NPs was made (no solvents) by 
dispersing the NPs in ulirapure (Millipore) water with 
sonication (bath type sonicator. 35 kHz frequency, Rsh-
erbrand FB 11010. Germany) for 6 h. 
Diet formulation 
The control diet was a commercial fish food: Advanced 
Fish Feed Trout Excel 18 (2 mm pelJels). with fish pro-
gressing onto a mixture of this feed and Trout Excel 30 
(3 mm pellets) at week 5 as their body size increased. 
ftoximaie composition of die diets was (% of dry diet from 
manufacturer's guidelines, Trou[ Excel .30 diet in brackets): 
lipid 18 (21); protein 50 (46|: ash 8 (8): fibre 1 (1); 
phosphorus 1.2 (1.2). In order lo obtain experimental diets, 
Ihe NP stock solutions (above) were sonicated for 8 h. and 
then either I or 10 ml of stock solution was added to 49 or 
40 ml of ultrapure water to make a 0.2 or 2.0 g l~' TiO; 
NP dilution that could be sprayed on to the food for the 10 
and 100 mg kg ' treatments respectively. The approach of 
spraying diets with metal solutions is a well established 
method in nutritional ecoioxicology (e.g.. Handy et al. 
20(15; Shaw and Handy 2[il>6) and is highly relevant to 
mimic the effecU of materials known to adsorb onto the 
surfaces of prey organisms. The diluted TiO; solutions 
were sonicated for a fiirther 15 min just before spraying to 
ensure even delivery of ihe material through the spray 
nozzle. One kg of commercial feed was place in a com-
mercial food mixer (Kenwood Catering IVofessional food 
mixer XKM810) and gradually sprayed with the appro-
priate Ti02 NP solution. The TiOi NP immediately coaled 
the feed, and wa,s then sealed in by spraying the food with a 
10% bovine gelatine (BDH. Piwle. UK) solution. The 
gelatine coat was allowed to dry, ai^er which the feed was 
transferred into airtight containers for storage. The control 
diet was prepared in exactly the same way. except thai the 
Ti02 solution was replaced by an equal volume of ultra-
pure water. Titanium metal concentrations in the diets were 
confirmed by ICP-OES following niuic acid digestion (as 
in tissue ion analysis below) and were 5.4 and 
53.fi mg kg~' feed weight of Ti meial respectively. Our 
calibradons showed that Ti metal forms 59.9'% of the TiOi 
(data not shown) and equates to recoveries of 90 and 89% 
of the nominal TiO; NP concentrations in the 10 and 
100 mg kg"' TiO^ NP dieLs respectively. 
Growth and nutritional performance 
Growth and nutritional performance were measured 
according to Handy et al. (]''M'>( with minor modifications. 
Briefly, food intake was calculated for each tank by weighing 
food containers before and after feeding. All fish were 
individually weighed at the start of the experiment, and every 
2 weeks thereafter. Individual fish weights were used in 
growth rate calculations. Specific growth rate (SGR). feed 
conversion rauo (FOR), and feed conversion efficiency 
(FCE). were calculated as previously described (Handy et ai. 
I'WQ) for: (1) the TiO; NP exposure phase (weets 0-8), (2) 
the recovery pha.se (weeks 8-10), and (3) the entire experi-
menl (weeks 0-10). Condition factor and hepatosomalic 
index (HSl) for each fish was also determined (Handy el al. 
I yyt)). The spleen index (SI% = spleen weight (g)/body 
weight (g) X 100) was also measured. Two fish per tank (6/ 
treatment, n = 5 for initial fish) were also terminally 
anaesthetised with MS222 at weeks 0 and 8, and stored at 
—20"C for proximate composition of the whole fish (ash, 
lipid, protein and moisture) according to Handy el al. (I yj'J). 
Haematology and analysis of blood plasma 
Haemaiology, plasma ions and osmometry were performed 
exactly as described in Smith et al. (2iKi7). Briefly, two fish 
were randomly collected from each tank (six fish/treatment 
and initial fish) at weeks 0, 2, 4, 6, 8, and 10 and carefully 
anaesthetised with buffered MS222. Whole blood was 
collected via the caudal vein into heparinised syringes, and 
the fish weight and tolal length was recorded. Haemato-
logical measurements included haemalocrit (Hci), haemo-
globin concentration (Hb). and calculated mean erythrocyte 
cell volume tMEV). and mean erythrocyte haemoglobin 
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content (MEH) according to Handy and Depledgc (1999). 
Whole blood (20 }i]) was fixed in Dacie's fluid for red and 
white blood cell counts. The remaining blood was centri-
fuged (13.000 rpm for 2 min. Micro Ceniaur MSE), and the 
senun collected. The serum was stored at —20°C until 
subsequent analysis of plasma ions and osmometry as 
described in Smith et al. (?iio7). Plasma protein was 
detennined using the Bio-Rad (Bradford) protein assay kit 
n . and plasma glucose was measured according to Sigma 
Diagnostics procedure No. 315 gluc(»e (TrinderJ. 
Tissue ion analysis 
Following blood sampling, fish were terminally anaesthe-
tised with MS222 and dissected for tissue ion analysis. 
Gill, liver, intestine, spleen, skinned muscle from the flank, 
and whole brain were harvested, then processed for ion 
analysis as described in Smith et ai. (2iK'") with minor 
modificadoDs. Briefly, tissues were oven dried to a constant 
weight, then digested in 1 or 4 ml of concentrated nitric 
acid. In order to disperse Ti02 MPs in the tissue digests, a 
few millilitres of an appropriate Triton x-IOO stock solution 
(prepared in ion-free ultra pure water) was slowly added to 
each of the digested tissue samples to achieve a final 
ctmcentralion of 2% Triton x-100 in each tube. Each 
sample was then diluted to a final volume of either 5 or 
20 ml with ultra pure water and analysed for Ti, Cu. Zn, 
Mn. Ca, Na and K by inductively coupled plasma optical 
emission spectrometry (ICP-OES. Varian 725 ES). Ana-
lytical grade standards and reference materials were used 
throughout. 
Biochemistry 
Biochemistry was pcrfwrned exactly as described in Smith 
et al, (2lHi7). Briefly an additional two fi.sh were randomly 
collected from each tank (6 fish/treatment, and initial fish) 
at weeks 0. 2, 4. 6. 8, and 10 for biochemistry. Gill, liver, 
intestine, and whole brain were removed and immediately 
snap frozen in liquid nitrogen, then stored at —80°C until 
required. Tissues (aboui OS g or the whole brain) were 
homogenised (Cat X520D with a T6 shaft, medium speed. 
Bennett & Co., Weston-super-Mare) in five volumes 
(2.5 ml) of ice-coid isotonic buffer [in mmol l~'; 300 
sucrose, 0.1 ethylenediamine tetra acetic acid (EDTA), 20 
(4-(2-hydroxyethyl)piperazine-1 -ethane sulfonic acid 
(HEPES)), adjusted to pH 7.8 with a few drops of Tris 
(2-ainino-2-hydroxylinethyl-1,3-propanediol)]. Crude homog-
enates were stored in 0.5 ml aliquols at —80°C until 
required. Tissue homogenates were analysed (in triplicate) 
for Na'^K^-ATPase activity (15 jil of homogenate). and 
tbiobartiituric acid reactive substances (TEARS, 40 jjj of 
homogenale) and total glutathione (GSH. 2 0 - ^ jil of 
homogenate) exacdy as described in Smith et al. (2(107). 
Statistical analysis 
All data were analysed by StatGraphics Plus version 5 1 . 
No tank effects were observed throughout the experiment, 
so data was pooled by treatment for statistical analysis. 
After checking for kurtosis, skewness and unequal variance 
(Banleit's test), data were tested for treatment or time 
effects by ANOVA followed by Fisher's 95% least-squares 
difference, al 95% confidence limits. For non-parametric 
data, where data transformation was not effective, the 
Kruskal-Wallis test was used and differences located by 
notched box and whisker plots. Results are presented as 
mean ± SEM unless otherwise specified. 
Results 
Dietary exposure to dtanium dioxide nanoparticles 
There was a small background incidence of mortality (2% 
in total), that is typical of juvenile trout in recirculation 
sysytems. and not a,ssociated with any one treatment. A 
total of nine mortalities were recorded during the experi-
ment: 2,4 and 3 fish from the control, 10 and 100 mg kg"' 
Ti02 NP treatments respectively. Most of diese fish were 
small and were probably subordinate fish that died as a 
result of aggression. The remaining fish did not show any 
visible signs of ill health and retained normal swimming 
behaviours throughout. 
Total Ti concentrations in the tissues of the fish are 
shown in Fig. I. Elevated levels of Ti02 (as Ti metal) were 
observed in fish from bodi TiOj NP treatments compared to 
the controls (Fig. I). The gill, gut and livers from both 
Ti02 NP uealments showed statistically significant 
increases in Ti compared to control from weeks 4 or 6 of 
exposure, and Ti levels generally remained elevated com-
pared to controls in the post-exposure period; especially in 
the fish from the highest TiOj NP treatment (Fig. I). 
Notably, hepatic Ti levels peaked at week 4 in the Ti02 NP 
treatments, and at the highest exposure concentration Ti 
levels showed a gradual but statistically significant 
decrease over time, suggesting some partial elimination of 
Ti from the liver (Fig. I). There was also a time effect in 
the intestine of c<Mitrol fish, with Ti decreasing over time 
(Fig. I). This reflects a reduction in the background dietary 
Ti intake associated with switching from farm food to our 
experimental feeds at the start of the experiment. Apart 
from some background noise, there was no treatment w 
fi Springer 
Dielary exposure lo lilanium dlonide nanopanicles 943 
M ( B ) Intesllm 
0 1-
4 e 
Time (weeks) 
10 
Time (weeks) 
t . 3 
B 10 
Time (weeks) Time (weeks) 
25- ( E ) Spteen 
ffi_Cfi^ai 
10 
3.0 
2.5 
. 2.0 
1.5-
1.0 
0.5 
0.0 
( F ) Uincle j 
B 10 
Time (weeks) 
BSSSH Initial Hsh I I Control t-ish 1=_J lU mg kg ^  riOj, 
Time (weeks) 
• • 100mgKg''TiO2 
Fig. 1 Tilanium nicta! levels in the gill (a), irtenlne lb), liver (cl. 
brain (d(. spleen (e) and (f) muscle of irouf after exposure lo 0 Iclear 
bam). 10 (srey bars) or 100 {black ban) mg kg" ' TiO; NP for 
i weeks, followed hy a 2 week recovery period (week 10) with all 
fish fed on oonnai food. The dashed line indicates the end of e.iipoiure 
and die return of all tish lo normal food ('recovery pha-w"). Diagonal 
hatched bar:t are initial (day 0) fish. Data are mean ± SEM. nmol Ti 
time-related changes in Ti levels in the muscle. The brain 
of exposed fish showed transient increases of Ti in both 
TiOi NP treatments al week 4 and 10 compared lo controls 
(Kniskal-Wallis. P < 0.05. Fig. I). The spleen showed the 
highest Ti levels of any tissue, and spleen Ti concentrations 
increased earlier than other tissues (week 2 instead of week 
4 or 6) in the treatments compared to controls (statistically 
significant. Km ska 1-Wall is. P < 0.05|. However, spleen Ti 
le\'els then sharply decreased suggesting that the exposed 
fish were able to regulate excess TiO; in Ihe spleen 
(Fig. I). 
g" dry weight tissue, ii = 6 fish. Differeni leners within a time point 
indicate significanl differences within each tissue (ANOVA or 
Krustal-Wallis. P < 0.051, # Significant time effect compared to 
initial tish (ANOVA or Kruskai-Walhs. P < 0.05). -+ Significanl 
time effect within treatment compared to the jrcvious lime point 
(ANOVA or Kroskal-Wallis. P < 0.05) 
Growth and nutritional performance 
Fish from all treatments gained body weight during the 
experiment (Pig. 2). with no statistically significant dif-
ferences in mean final weights (ANOVA, P > 0,05), or big 
differences in specific growth rates (overall SGR by week 
10; 2.30, 2.47 and 2.57<ii day"' for controls, 10 and 
100 mg k g ' ' TiO; respectively). No differences were seen 
in the lime to start feeding, or time spent feeding (data not 
shown), and food refusal or regurgilalion of feed was not 
observed. Mean daily ration size, FCR, and FCE were 
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recovery period with ail fish fed normal food (DO TiOj NP) for a 
funher 2 weeks. In panel {») data are mean ± SEM, n = 18 fish per 
treaiment at each time point. In panel (b) data aie (nean^ of iripMcaie 
tanks for each ircaimeni. The dashed tine indicates Ihc end of 
exposure and the return of all fish lo normal food I "recnvery phase" I 
similar for all treatments {c.g., overall FCR by week 10; 
1.22. 1.16, 1.05 for controls, 10 and 100 mg k g ' TiOj 
respectively). There were no lime or treaiment effects on 
condition factor or HSI (data not shown). However. Ihe 
spleen index increased twofold in fish exposed to Ti02 
compared to controls ai week 8 C^ of body weight, means, 
n = 5-6 fish); 0.08 ± 0,01, 0.15 ± 003, 0.16 ± 0.03 for 
controls, 10 and 100 mg kg"' TiOj respectively (ANOVA, 
P < 0.05). but recovered to control levels by week 10 
when all fish were fed the control diet. Carcass proximate 
composition was unaffected by TiOi exposure (protein 
remained between 53 and 54%: ash. 7% for all treatments), 
except fw a statj.stically significant decrease in lipid in Ihe 
carca.sses of fish fed Ihe 100 mg kg"' TiO^ diet at week 8 
compared to the controls or ^ e 10 mg k g ' ' TiOj treatment 
(ANOVA, P < 0.05). The % lipid was (means, n ^ 5-6 
fidi); 24.72 ± 1.38, 23.61 ± 1.30, and 20.42 ± 1.23 for 
controls, 10 and iOO mg kg"' Ti02 respectively. 
Haemalolc^ and blood plasma analysis 
Dietary exposure lo TlOj NPs did not cause any major 
haemaiological disturbances, with values remaining within 
the nwmal range fw trout. For example, whole blood 
haemoglobin levels remained between 5 and 7 g d l " ' , 
haematocrits between 30 and 35%, and red cell counti 
between 0.4 and 0,6 t^Us x 10^ mm' throughout the 
experiment. Total white blood cell counts were more var-
iable, and ranged between 13 and 30 cells x 10^  mm'' with 
no statistically significant ireatmeni effect; apart from a 
transieni increa.se in white blood cells at week 2 in the fish 
exposed to 10 mg kg"' TiO; NPs (ANOVA, P < 0.05). In 
the blood plasma, there were no treatment-dependent dif-
ferences in osmolarity. glucose or Na'*' concentrations 
(ANOVA. P > 0,05) with values remained between 252 
and 342 mOsm kg"' . 2.9 and 4.9 mmol 1"'. and 128 and 
169 mmol I"' respectively. However plasma K^ showed a 
small, but statistically significant increases at week 8 in 
both TiOi ireatmenLs con^ared to controls (means, n = 5-6 
fish); 4.3 ± 0.1. 4.5 ± 0.1, 4.9 ± 0.2 mmol P ' for con-
trols, 10 and 100 mg kg"' Ti02 NP ireatments respec-
tively. This effect on K"*" was lost by week 10. 
Tissue electrolytes, trace metals and moisture content 
Fish tissues (gill, intestine, liver, spleen, muscle, whole 
txaia) were analysed for the major tissue electrolytes (Na"*^ , 
K*, Ca""'^ ) and some trace clemenLs (Cu. Zn. Mn). There 
were no time or treaimeni effects on tissue K^ or Ca^* 
(data not shown; ANOVA or Kraskal-Wallis. P > 0.05). 
Tissue Na"^  did exhibit some transient changes which were 
statistically significant in the gill, liver and spleen 
(ANOVA or Kniskal-Wallis. P < 0,05). However no clear 
treatment-dependent trends were observed overall, with the 
Na ' data remaining within the normal range for rainbow 
Injul, For example, Na"^  concentrations for conlrols and 
100 mg kg"' Ti02 NP IreaimenI were (means, n = 6, 
Hmol g"' dry weight); 206.4 ± 38.0 and 361.2 ± 117.6 
(giU); 93.2 ± 4.0 and 152,1 ± 47.8 (liver); 66.4 ± 5.9 and 
141.1 ±67,1 (spleen). 
Exposure to dietary Ti02 NPs caused some statistically 
significant decreases in Cu levels in the intestine, brain and 
spleen of both TiOi treatments at some time points (Krus-
kal-Wallis, P <: 0.05, Rg. ^), Notably. Cu depletion in 
sfdeen (Fig. ?•) was coincident with the Ti peak in die tissue 
(Fig. I). Some tieatment-dependeni and transieni elevations 
in tissue Zn were also noted. Zinc levels in spleen of the 
to mg kg"' TiOj NP ireatmeni at week 4 were elevated to 
almost twofold that of control and the highest TiO^ treatment 
^ ^ r inger 
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Fig. 3 Copper levels in the gill (a), intestine (b). liver (c). brain (d), 
spleen iel and (f) muscle of troui after exposure lo 0 (clear bars). 10 
(grev ban) or 100 (black bars) rag kg" ' TiOi NP for K weeks. 
followed by a 2 week retoveiy period (week 10) with all tish fed 
normal food. The dashed line indicates die end of exposuic and the 
return of all tishionorxnal food ("recovery pbase"). Diagonal hatched 
ban iire initial (day 0) fish. Data are mean ± SEM. ijmol Cu g" ' diy 
weighl tissue, n ^ t fish, D^erenl letters within a lime point indicate 
significant ditfercnees wiltiiii each tissue (ANOVA or Kruskal-
Wallis. P <. O.OS), # Significant time effeci compared lo initial fish 
lANOVA or Kruskal-Wallis. /> < O.OS). -i- Significant time effect 
within ireaDneni compaied 10 the previous lime point (ANOVA or 
Kmskal-Wallis. P < 0.05) 
(Kruskal-Wallis. P < 0.05; means, n = 6, jimol g ' dry 
weight; 1.76 ± 0.19. 3.16 ± 0.71; 2.45 ± 0.69 for control, 
10 and 100 mg kg~' Ti02 respectively). Also in week 4. the 
brain tissue of fish from bo(h TiO; treatments showed sta-
tistically significanl increases in Zn compared lo controls 
(Kruskal-Wallis, P < 0.05. means, n = 6. jimol g"' dry 
weighl; 0.89 ± 0.02. 1.02 ± 0.02: 1.03 ± 0. II for control. 
10 and lOOmgkg"' TiO; respectively), although ihe 
effects in both these organs was lost by the end of the 
exposure phase. Tissue Mn was unaffected by exposure to 
dietary TiOi NPs (data nol shown), apart from a transienl 
increase in the Mn content of spleens from fish at the highest 
TiOi treaiment ai week 6 (statistically significant com-
pared lo controls, Knjskal-Wallis, P = 0.00659, means. 
J7 = 6, nmol g ' dry weighl: control. 0.016 ± 0,002; and 
100 mg kg"' TiOz NP ireatmenU 0.028 ± 0.010). Tissue 
moisture was not affected by dietary exposure to TiO; NPs 
(data not shown), apart from a transient decrease in spleen 
moisture conient in the highest Ti02 treaiment ai week 2 
(statistically significant compared lo controls. Kniskal-
Wallis. P < 0.0001. means, H = 6, as %: control. 71.8 ± 
2.9; 10mgkg- 'T iO2NP,65 .5±5 .2 : 100 mg kg""'TiOi 
NP. 58.4 ± 3.2). 
Na'*"K'^ -ATPase, TEARS and total glutathione 
Na'''K"^-ATPase activities in the gill and intestine were 
unaffected by TiOj exposure, but the brain showed around 
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50% inhibition of Na*K'*'-ATPase activity at the end of the 
exposure phase that did not recover (ANOVA, P < 0.05. 
Fig. 4). There was no apparent TiO? dose-effect within Ihe 
brain Na"'"K^-ATPase inhibibon, with the 10 and 
100 mg k g ' ' diets cauung the same level of inhibition. 
Fish exposed to Ti02 MPs generally showed a decrease 
in TBARS compared to controls al the end of the experi-
meni (Fig. 5). Significant differences were seen in the gills 
and intestine of Ti02 NP exposed fish at week 8 with 
maximum decreases of 49% (gill) and 50% (intestine) in 
tte 100 mg kg~' TlOi NP treatment i:Dmpared to the 
control. TBARS in both gill and intestine did not recover. 
TBARS in the liver and brain were unaffected by exposure 
lo TiOi NPs (ANOVA, P > 0.05). 
Total glutathione (GSH) levels were measured in the gill, 
intestine, liver and brain homogenates with only the gill 
showing statistically significant changes in GSH. Levels of 
total glutathione in the intestine, liver and brain remained 
stable throughout with no treatment-dependent effects 
(ANOVA, P>Q.05). Values ranged between 0.49 and 
2.13; 1.68 and 3.73 and 0.68 and 1.92 |.imol g"' wet weight 
lissi^ for intestine, liver and brain respectively. Following 
exposure to 100 mg TiOj NPs for 8 weeks, the gills dis-
played a statistically significant decrea.se in GSH compared 
to all other ireaimenLs and the initial lish (ANOVA. 
P < 0.05). Glutathione levels in the gills at week 8 were 
(means, n = 6): 1.28 ± 0.13, 1.46 ±0 .13 , 1.24 ±0.12 
and 0.92 ± 0.08 fimol g~' wet weight lissue for initial fish, 
control, 10 and 100 mg kg~' TiO^ NP treatments respec-
tively. This tre^meni-effect was lost after fish were 
returned to the control diet, and by week 10 no statistical 
differences were observed between treatments (ANOVA, 
P > 0.05; means, n = 6): 1.30 ± 0.12, 1.24 ± 0.16, and 
1.20 ± 0.10 t^mol g~' wet weight (issue for control. 10 and 
1(X) mg kg~' TiOj NP treatments respectively. 
Discti^on 
This study is one of the fir^l reports of dietary exposure to 
NPs in fish, and we show that Juvenile rainbow trout will 
cat diets containing Ti02 NPs, and can accumulate the 11 
in the gut and other internal organs. E>cspiie Ti accimiii-
lation. the fish had relatively normal growth rates, sug-
gesting that nutritional performance was [H'otected even 
though biochemical distiuiiiances occurred in other organs 
such as the brain. 
Dietary exposure protocols for TiOj NPs 
In our experiment we used a commercially available NP 
("Aeroxide" P25 Ti02 NPs) because of Ihe practical value 
to hazard assessment of using a material thai is found in 
TVne (weetel 
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Fig. 4 Na^K^-ATPase activity in ciiide homogenates of i te gill (•). 
tntestiiic (b). and brain <c) uf rainbow trout Ted 0 {clear bars). 10 
{grey bars) at 100 [black bam) mg kg" ' TiO; NPs for S weeks, 
folkrwedby 2 week recovery (week 10). The dashed line indicales the 
end of exposure and Ibc rettun uf all fi^ to normal food I "recovery 
phase"). Data are rncan ± SEM. n = 6 fish. Differe/u letters within a 
time poini indicate significant differences within each lissue 
(ANOVA or Kiuskal-Wallis. P < 0.05). # Significant time efTcci 
ccKuparcd to initial fish (ANOVA or Kniskal-WalliK. P < O.OS). 
Diagonal hatch bar are the initial fish oi rime zem c<d1ected 
immediately prior to starting die experimeiilal diets 
Springer 
Dietary exposure lo titanium dioxide nanopaiticles 947 
1.0 1 
a OB 
g 06 
in 
[L 
< DA • 
m 
03 
D.D 
(B) intestine 
I 
a b # 
ht4 I 
a# a# 
b# I 
Time (vweks) Time (weeks) 
Trnie (weeks) 
Ofl 
0 3 -
-K 0-3-
0.1 • 
(D) Brain 
e 10 
Time (weeks) 
^ ^ H initial Fish 1 1 Control Fish I , 1 lOmgkg iiO^ • • lOOn^gkg'TlO: 
Rg. 5 Thiobarbilnric acid reactive substances (TEARS) in the gill 
(B), intestine (b), liver <c) and brain (d) of rainbow tfoui fe<l 0. 10 or 
100 mg kg" ' TiO; NPs for 8 weeks, followed by 2 week recoverv-
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mean ± SEM, n = 6 fish. Different letters within a lime point 
indicate signilicanl differences within each tissue (ANOVA or 
Kniskal-Wattis, P < 0.05), # Significant time effect campared to 
initial fish (ANOVA or Kruskal-Wallis. P < 0.05). 4 Significant 
time effect within treatment compared lo the previous time point 
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initial ftsfi at time zero collected immediately prior to startinE the 
experimental diets 
many commercial products. We decided not to include a 
bulk TiO: (ordinary TiOi powder) as a "particle size" 
control (see discussions in Federici et al. liltiT; Crane el ai, 
2liu>i) because the proportions of differenl crystal struc-
tures, stoichiometry, zeia potential, surface area, aggrega-
tion kinetics, chemical reactivity, the presence of differenl 
impurilies associated with manufacturing processes, and 
many other properties between the P25 TiO; particles we 
used and ordinary TiOj powders are different (e.g., Slengl 
el al. 2in)7; Warheit et al, :ilHl~; Behnajady ei ai. 2II(IS: 
Uzunova-Bujnova el al. 2IH1S). Ii would therefore be 
extremely difficult to identify a particle s i« effect from all 
these other differences between commercially available 
bulk Ti02 powders and the commercial TiO: f^ "sed in 
our experiment. In addition, animal feeds already contain a 
myriad of different particulate mailer (the food matrix) and 
it is not possible to control ihe particle size of the food 
itself. 
There are also special ethical considerations for dietary 
TiO; experimenis, which are different from aqueous stud-
ies. Ordinary TiOi powders have been used for many years 
as an inert marker in fish nutrition studies (e.g.. Lied el al. 
I')H2: Wealherup and McCracken I'J'IIN; Mamun et al. 
2'II17), and are considered to be non-toxic in the food, A 
lypical TiOj powder inclusions of 1^ of dry mailer (i.e.. 
10 g kg~' food) is used in fish focxls; this is orders of 
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magnitude higher than itK TIOj NP inclusion in our 
experimeni. It would therefore seem lo be ethically ques-
tion^le lo repeal experiments with bulk Ti02 powders 
(and use more live fish), when the nutritional safety of the 
bulk material is already established. 
Furthermore, a bulk Ti02 control may also be uninfor-
matjve in a dietary study because of the background of 
natural titania already in the animal feed ingredients. This 
lype of problem is well known for studies on dietary iron 
where the metal is so abundant in the earth's crust and in 
all the feed ingredients {e.g., fish meal) that it is technically 
impossible lo make an iron-free basal diet (e.g., Carri-
quiriborde ei al. 'nii4). The same situation applies toTiO^. 
and we must accept that Ihe experimenter has limited 
control over ihe liiania levels in the basal diet. Attempts lo 
dialyse or otherwise remove the background Ti are also 
problematic, as any harsh ireaimem would compromise the 
nutriiionai quality of the food (e.g., accidental removal of 
other trace metals and vitamins). 
Dietary Ti02 NP exposure and titanium accumulation 
in the tissues 
The exposure can be regarded as sub-lethal, with a bacK-
ground 2% mortality (9 out of 400 fish died, no treatment-
effect) typical of spontaneous losses of Juvenile trout in 
aquaria (e.g., Handy et al. 1W)- Dietary Ti exposure was 
verified by the measured Ti in the feed, the fact that ihe fish 
ate Ihe food (Fig. 2). and thai measurable increases in Ti 
metal were found in ihe tissues of Ihe fish (Fig. I). but noi 
in the water. 
There are almost no reports of background Ti levels in 
juvenile rainbow irout. In this study values in Ihe control fish 
ranged between about 0.8-7 nmol g~' dw, depending on 
the tissue examined (Fig. I). and are broadly within the wide 
range reported for fish and shellfish (nmol-jiinol g~' levels, 
Bustamante and Miramand 2(til5; about 0.2 nmol g~' in 
Adantic salmon, Salmo salar, Dube et al. 2(M>.''). The values 
in controls (Fig. I) are lower than those we previously 
reported for trout (Federici et al. 2n07), bul this is easily 
attributed lo differences in the supply of stock trout and ihe 
natural background of titania. In the latter sOidy, the fish 
were <ibiained from a farm with higher naiural Ti levels in 
the environment, and the fish were e^ing a commercial farm 
food containing more natural TI. Nonetheless, trout showed 
measurable Ti accumulation in the gill, gut, liver, brain and 
spleen during dietary TiO^ exposure compared lo the con-
trols in ihis study (Fig. I). The levels of accumulation 
remained in the nmol g~' range, despite the large mg levels 
in Ihe food, suggesting thai only a small fraction of the 
diei^y dose was absorbed. TTiis is consistent with other 
dietary metal sUidies (reviews, Clearwater a ai. 2002; 
Handy ei al. 2iK)5). ForTi this is perhaps no surprise, given 
tte use of bulk TiOj powder as an inert digesiibiliiy marker 
where only 1% or l^s of the ingested dose is accumulated 
(Vandenberg and De La Noiie 20ni: Richier el al. 200.1). 
The behaviour of the NPs during the diet preparation also 
suggests low bioavailability. The solutions used to spray the 
NPs onio the food were initially dispersed (as reported in 
Federici ct al, 2IMi7). but the mmerial (not surprisingly) 
quickly aggregated onto the surface of the food matrix. 
Dietary metals often give a characteristic accumulaiic»i 
pattern, with meiat uptake into the gui mucosa (i.e.. the 
route of entry), and then transfer via the hepatic portal vein 
to the liver, and finally lo other internal organs (review. 
Handy et al. liW)^: e.g., dietary Cu, Shaw and Handy 2iln(i; 
Hoyle et al. 211(17). Dietary Ti02 NP exposure al-w seems to 
fit ihis general paiiem (Fig. 1). However. Ti did not clear 
quickly from all of the tissues after exposure (Fig. I). with 
the brain, liver, intestine and gill also showing elevated Ti 
concenlraiiiMis in treated animals compared to controls at 
ihe end of Ibe experiment. This is simitar lo the findings in 
mice which do noi clear Ti fi-om the tissues 2 weeks after a 
single oral exposure to TiOj NPs (Wang et aL 2007). 
Growth and nutriiionai performance 
Fish from al) treatments showed a steady weight gain and 
cumulative food intake, with no adverse effects of eidier 
Ti02 NP inclusion (Tng. 2), TTiere were also no treatment 
effects on mean raiion size, SGR, FCR, FCE. condition 
factor or HSl throughout the experiment- These observa-
tions indicate that dietary TiOj NI^ do not adversely affect 
gjowth or nutritional performance in rainbow trout at the 
inclusion levels and exposure times used here. This is 
similar to our previous studies on dietary metals where 
many sub lethal loxic effects can occiu ,^ but are not nec-
essarily reflected in a loss of growth (e.g., Cu, Handy el al. 
I'tW; Shaw and Handy 20()ft; Hoyle et al. 2lHl7). Indeed. 
Handy et al. (1^)"')) and Clearwater ei al. (2(H)2) argue thai 
fish will often adopt a strategy where growth is protected, 
with consequent sub-lethal effects on other physiological 
processes. The loss of carcass lipid from the fish fed 
100 mg kg"' TiOj NPs is consistent with this hypothesis 
(e.g., utihsed mofte. lipid than controls as part of a metabolic 
strategy lu maintain growth. Handy ei al. ly'W), rather than 
as a result of lipid peroxidation (noi observed) . 
Several studies have reported the potential for TiO; NPs 
to cause oxidative sucss (e.g., fish ceils. Reeves et al. 200H; 
trout in vivo, Federici et al. 2IK)7), However, TEARS did 
not increase, bui instead showed statistically significant 
decreases in the gill and intestine during TiO^ NP exposure 
(Fig, 5). This phenomenon has also been observed during 
waierbome SWCNT exposure in trout (Smith CI al. 2007). 
arKl in the absence of changes in the total glutathione pool, 
suggested thai the fish were probably up regulating other 
^Springer 
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anti-oxidant defences to cause a fall in TBARS. For fish, 
much of this anti-oxidani capacity comes from the food 
(Baker el al. l'*0«) and the continuation of food intake 
during this study probably enabled some critical protection 
from the oxidising effects of TiOa-
Haematology and ionic regulation 
Dietary TiOi NP exposure had no effect on haematology. 
or plasma ions (apart from a small transient increase in 
plasma K"*"), and the (issue electrolytes (Na^, K*. Ca^" )^ 
were normal. Na^K'^-ATPase activity was also normal in 
the gill and intestine (Fig. 4). Taken together these findings 
indicate that TiO^ NPs are not potent ionoregulatory toxi-
cants via the dietary route, and this is consistent with the 
findings for waterbome exposure to the same NPs tFederici 
el aL 211(17). 
Effects on the brain 
In this study, Ti accumulated in the brain of trout (Fig. I). 
and this has also been reported in the brain of mice fol-
lowing gut gavage (Wang et al. 2i)(i7). Notably in this 
study (Fig. 1), and In Wang el al. (5(107). the Ti accumu-
lation in the brain persi.sted 2 weeks after the exposure; 
suggesting that the brain does not clear Ti or does so very 
slowly. In terms of brain as a target organ, this experiment 
on Ti is similar lo dietary Hg exposure in fish where the 
brain tissue also accumulates metal during the exposure 
(Bemtssen ei al. Tddl). 
Brain tissue showed transient, but statislically significant 
depletions of Cu at week 6 in fish from both treatments 
compared to controls (Fig. '•). Federici et al. (2(>ir) also 
noted transient depletion of tissue Cu during Ti02 NP 
exposure, especially in the brain. The cause of the Cu 
depletion remains uncertain, but effects of Ti02 NPs on Cu 
transpiiriers in ihe brain cannot be excluded (e.g., inhibition 
of Cu-ATPases) given that the closely related Na'^ -K'*'-
ATPase is also inhibited (Fig. -1). Notably, the Na"^-K"'-
ATPase activity in the brain showed large decreases 
(around 5 0 ^ inhibition. Fig. -I), and this effect was much 
greater than thai observed with aqueous exposures to NPs 
in trout (TiOj, Federici ei al. 20(17; cart>on nanotubes. 
Smith et al. 2007). 
Zinc levels in the brain also showed some small, bul 
statislically significant, transient increases. This was also 
noted in the brain after 14 days of waterbome exposure to 
Ti02 NPs (Federici ei al. 2(X17). Elevations of brain zinc 
levels are implicated in many processes in the br^n, 
including neurci-endocrine Tunciions (e.g., Su ei al. 1'.'''7) 
and memory formation (Takeda et al. 2(HIS), We did not 
measure these neurological processes, but it is clear thai Ti 
exposure may cause neurological effects via interference 
with Zn homeostasis. The mechanism of Ti effect on tissue 
Zn (and Cut remains unclear, bul the fact that two different 
routes of exposure (via the water or the food) can produce 
similar trace element disturbances in the brain requires 
further investigation. 
Does the spleen protect the internal organs from TiO; 
exposure? 
The spleen showed a riq>id rise in Ti in week 2, prior to Ti 
increasing in the other internal organs (Fig. I), and spleens 
from exposed animals also increased in size during the 
exposure. One of the main functions of the spleen is to 
filter damaged cells and foreign material from the blood. 
The normal haematology in this study suggests the spleen 
continued lo function. However, Ti levels in the spleens of 
treated animals returned to control levels by week 4. and 
this was coincident wiih Ti elevations in olher internal 
organs (Fig. I); suggesting the spleen was not able to 
protect ihe olher internal organs from Ti exposure. Wang 
el al. (20(1"?) also noted increased Ti levels in the spleen of 
mice following a single dose (gui gavage 5 g kg~' of either 
25 or 80 nm diameter TiOj NPs). 
There was also some transient depletion of Cu in the 
spleen (Fig. 31. Copper depletion has long been implicated 
in the alteration of cell surface markers on splenocytes. and 
therefore the modulation of spleen function (Flynn 1''t<4). 
The effect of NPs on the function of the spleen and 
immunity in fish clearly requires further investigation. 
Hazard assessment implications 
This study demonslrates that fish can accirmulate Ti from a 
dietary TiOi NP exposure, and ihai a number of subtle 
physiological and biochemical disturbances occur. This 
information is collected against a long historic use of 
ordinary TiO; powder (bulk Ti02) in fish nutrition (and the 
food industry generally) where no such toxic effects have 
been observed. This al least provides circumstantial evi-
dence that there may be a different hazard from the com-
mercially available nano TiO^ product used in this study 
compared to ordinary TiOj powders used in foods. 
Perhaps a more important question for risk assessors 
interested in ecological food chains, is whether or not the 
hazard presented by TiO; NPs is more or less than other 
dietary metals (review. Handy el al. 2< i05). If this experiment 
is compared against dietary metal concentrations in other 
studies on salmonids where growth rale was maintained, but 
subtle biochemical disturbances occurred (e.g., Cu, 
5(W mg kg- ' . Handy ei al. mW; Zn, S90~l,fi20 mg kg^', 
Clearwater el al. 2(K)2; Inorganic Hg. 100 mg kg"', Bern-
issen et al. 20in): then TiO; NPs might be considered more 
toxic than dietary Cu and Zn, and at least as toxic as Hg. The 
© Springer 
950 C. S. Ramsden d al. 
human heallh hazard Irom eating contaminated lish is also a 
concern, but the risk from accidental ingestion of Ti02 NP 
contaminated [rout may be limited, because the Ti does not 
appear lo accumulate in the edible muscle at the coiKenira-
lions and time scales used here. 
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TIK use of lunoscalemaieriaU is gn>wlngexponenttaUy,bm there are alajcnncenu about the environment 
ro aquatic biota. Metal-cOTitain!r[SengineerKinanapanides{NPs) are an impoitanr group of these new maieials. 
and are often made of one metal (e.g..Cu.NPs«idAg-NPs). metal oxides (e.6,ZnO and Ttt>; NPs). or composite of 
several meiab.Tlte physiological effects and coxidly of trace metals in the traditional dissolved foitn are teiatiwiy 
wefi known and the uverati aim rfthis review was to use our existing conceptual framewotli of metal toxiaty in fish 
to compare and contrast the effrcts of nanomclals. Conceptually, there are some tundamen tal di/feraices that relate 
to bloavfliiabitity and uptake. The diemisliy and behaviour of nanometais involves dynamic aspects of aggregation 
theray, raUier than the equilibrium models traditionally used for free metal ions. Some NPs, such as Cu-Nft. may also 
release tree ntelal ions from the surface irfthe panicle. Fyok>gi[al uptake oTNPs is not likely via ton tranqxulers. but 
endocyiosis is a possible uptake mechanism. The body dislribuQon. tnetatxdisni, and excretion (rf nanometals is 
poorly undentood and hampeml by a lack of methods Ibr measunng Nl^ In tissues. Although data sets are stitl 
limiled. ernerging studies iwi the acute toxicity of naitoiTietats have so far shown that these materials can be lethal m 
fish in the mg-njl"' range, depewJingon the type of material Evidence wiggestsihai some nanometab can be 
more acutely loxtc to sotne fish thw dissolved fotms. For examine, juvenite zebrafish have a 4S-h LC )^ of about 0.71 
and 1.7S mg I ' for nano- and dissolved forms of Cu respeclivdy. The aaiie toxicity of inelal NPs is not always 
explained, or only pardy explained, t^ the preseiKe i/frM metal ions: suggesting that other novel mechanisms may 
tie involved in bioavailaMity. Evidence suggests ttiai nanomeuls can c^ise > range of sutriettul effects in tish 
indoding respiratoty toxicity,disturbances to trare elanenls in tissues, inhibition [rfNa "^K'-ATPase, and mddattve 
stress. Organ pathologies from nanometals can be found in a range of cngans indudmg the gill, liver, intestine, and 
brain. The^ subletfial effects suggest some commm features in the sublethal responses to nanometals compared to 
metal sahs-Elfecis an eatty life stages of hsh ate also emerging, with tepwts of nanomeiats crossing the chorion (e .^ 
Ag-NPs). and suggestions thai the nano-fbrms of some metals (Lir-NPs and ZnO NPs) may be n»re toxic ro embiyos 
or juveniles, than the equivalent metal salL It remains possifcJe that nanometals could interfere with, and/or 
stimulate stress responses in fidi; but data has yet to be collected on this aspect We condude thai nanomeials do 
have advise physiological effects on fish, and the hazard for some metal NPs wilt be <fifreTent to dw naditkyial 
dissirivtd Ibnns of metals. 
€P 2011 Elsevier Ud. All rights reserved 
1. IntTMhirtion 
The ecophysioiogy and toxicology of ii a te metals in fish has been 
the focus of extensive research for many years (Henry and Atchison, 
1991: Spty and Wiener. 1991; Wendelaar Bonga and Lock. 1992; 
Handy, 1996: Clearwater et al.. 2002; Kamunde and Wood. 2004; 
Handy et al.. 2005). Thb has led to a consensus view on the main 
effects of metals on fish, as well as the associated environmental 
hazards and risks (review, Campbell et al., 2006). It is well established 
that fish have essential nutrition requirements for trace metals (e.g. 
copper, zinc, and iron; Bury ei al„ 2003). and that some trace metals 
• (JnTespondingaiatior.TeL:+44 17S2 5S4600. 
E-mail abhra: ihandyi<plymiiiilh.acjj|i {ILD. Handy). 
are "non-essential" with no known or important biological role 
(e.g.. mercury and silver]. The bioavailability and biological uptake of 
trace metals by fish has been given special attention by researchers. 
These studies include detailed models of trace element speciation in 
water (e.g.. free ion activity models, van Leeuwen et a l , 2005) and 
investigations on the uptake of particular trace metal species by fish 
(e.g.. Playle et aL. 1993). The effects of abiotic factors in water 
chemistry, such as pH and water hardness, on metal uptake and 
toxicity are well known (e.g.. Cusimano et al.. 1986: Erickson et al.. 
2008) and models have been constnirted to predict metal toxicity 
{eg., biotic ligand models; Paquin et al.. 2002: Niyogi and Wood, 
2004). The target organs, mechanisms of sequestration and storage of 
metals in the biological systems of fish, and excretion have also been 
Studied |e.g_ Croseil ei al., 1997), as well as the effects upon flsh 
behaviour (review. Scott and Sloman, 2004), 
I)ieO-4120,'S - see (mnrraaiaTO 2011 Etsevlet Ltd. All ri^as reserved 
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In recent years, novel chemical engineering techniques have 
produced nano mate rials, and the application of these materials in 
products and processes is known as nanotechnology. Engineered 
nanomareiials comprise of numerous different physical forms and 
some of these materials have adverse effens on fish including; carbon 
nanotubes (e.g.. Smith et al,. 3007), carbon spheres called fullerenes 
(e.g., Ceo. Zhu etal.. 2007) and nanoparticles (Ws) made from metals 
[e.g. Cu. Criffift el al., 2007). metal oxides (e.g.. TiO;, Federici et al., 
2007), or composites made of several metals (e.g., quantum dots, 
KJng-Heiden et al.. 2009). Engineered NPs can also be made into many 
different shapes [e.g., wnres. rods or spherical particles), and can be 
hinctionalised with almost any type of surface chemistry. Thus even 
carbon-based nanomaterials can be functionalised with metals (e.g., 
metal-coated carbon nanotubes (Meng et al.. 2009) and metal 
encapsulated fiillerenes. known as endohedral metallofullerenes, 
(SliWiS, 1996)). Also in development are hybrid versions of (nano) 
materials containing more than one NP or metal (e.g., Zt\S:Cu, 
ZnS nanoparticies co-doped with Pb^"^ and Cu'~, Yang et al., 2001; 
Cu-doped CdSe nanocrystals. Meulenberg et al., 2004; CdS-TiOj 
nano-composite. So et a!.. 2004: Ag-Cu nanoparticle-doped dental 
amalgams. Chung et al., 2008; Cu-TiO^ nanocomposite coatings, 
Ramalingam et a l , 2009). This has led to considerable debate on how 
to classify these new materials, but engineered nanomaterials are 
generally considered to be materials with at least one dimension of 
less than 100 nm (Roco, 2003). This definition has been adopted by 
the British Standards Institution, the American Society for Testing 
Materials, and the Scientific Committee on Emerging and Newly-
Identified Health Risks [see reviews on NPs, Handy et al.. 2008a; 
Klaine el ai., 2008). However, it is important to note chat this is a 
somewhat arbitrary size cut off from the view point of ecotoxicity, 
and it may be prudent to also consider aggregates of NPs chat can be 
a few hundred nanometres wide (Handy and Shaw. 2007) or that 
have a distribution of particles around the nanoscale; but may have 
some primary particles larger than 100 nm (Handy et al., 2008a). 
The focus of this review is on nanomaterials that contain metals, e.%^ 
nanoparricles made of metal or metal oxides {hereafter referred to as 
nanometals). Some of the types of nanometals and their produa 
applications are outlined in Table 1, and although these uses will likely 
be continuously changing and evolving with commercial markets, l l is 
clear that these new materials can include particles made from different 
types of metals, including metals that are consider to be toxic in the 
traditional dissolved form (e.g., Ag, llogstrand and Wood. 1998; Cu, 
Handy, 2003; Zn, HogsTrand and Wood, 1996). It is therefore important 
to determine whether or not the alternative "nano" forms of metals are 
also toxic. Moreover, nanotechnology is a rapidly expanding industry. In 
2006 the nanotechnology seaor had achieved a moltibillion dollar 
market, with predictions that it will grow to a trillion US dollars by 2015 
(Aitken et al„ 2006). Lux business forecast also suggests that 
nanotechnology products are worth about 1500 billion dollars in 2010 
(http:; www,nanowerk.com 5pollighispotid= 1792.plip). The Woo-
tirow Wilson Intemational Centre for Scholars product inventory of 
nanomaterials, indicted that 1015 different nano-containing produas 
were on the market in 2009, and these products mostly involved metai-
based nanomateriais [http;//www.nanotechpmject.org/inventoriesr 
consumer.analysis.draii). Peer reviewed scientific reports also show 
that products containing nanometals are well represented (Hansen 
L't al.. 2008). it is therefore likely that nanomaterials ai? already being 
released into the environment (Owen and Handy, 2007; Ju-Nam and 
Lead, 2008; Gortschalk el al„ 2009). Modelling techniques have 
predicwd low pg \~' concentrations of NPs in the environment over 
the long term (Boxall et al., 2007), and this has been confirmed by field 
measurements for at least one nanometal (TiOj, Kaegi et al„ 2008). It is 
clear that the environmental hazard of NPs. and especially nanometals, 
needs to be addressed. The overall aim of this review is therefore to use 
our existing conceptual framework of metal toxicity in fish, and to 
compare and contrast this with emerging information on nanoforms of 
N^nopartirles in pnxluctiQn and exdmpln of cuiiml oi pFoposed use. 
Nanoparticle or TunomsP^rial ApplicallDn 
Aluminium oKide 
C&Q fu l l f rpn^s 
Carbon nanolubes 
(EinglEor mutci waited) 
Cevan\jC5 
Copptr or a^ipei oxide 
Cold 
Iron onide 
Iron sulphide 
Nanocrysials 
Nano-rod < 
Polymers 
Quantum dots 
SUka 
Silver 
TKanlum dioride 
Nana-viamins (some v i lamin i 
encapsulaiEd in nano-dellveiv 
vehicles] 
Zinc oxide 
Optical polishing, cosmcuci, and clothing 
HydEDgen storage, dnig de l iw iy . therapeutics. 
coatings and pigments, lubrication, and 
cosmerics 
Hydrogen storage, drug delivery, textiles, 
electronics, Viiater purification, and sporting 
equipmeni 
EJcrtronics, anti-oxldants, and car polish 
Lutiricaiion oil additive, elecitonics and 
ramputer processors, conductive coatings. 
prtnicE inks, sinfcnng additives, anti-ageing' 
cream and slun ccHiditioner. and mineral 
suFqtIeiTviiis 
Drug delivery, labels ibr immunocyiochemistry. 
and biological haiard d r i m i o n e.g.. ricEn, E roii, 
ami mineral supplerrMmts 
Uliraiilcrauon and oxidaoon reduction caialysi 
ReiTwval arorganochloiine pesticides from 
drinking water 
Insulalots and drug delivery 
Flectronics. sensors and sensir^ devices 
Tberapcutics, coaungs arsd pigments. 
lubrication, absorbents 
Medical imaging, photonics 
Photovaltauis, optics and optical devkes, tn^ 
gratfi i i painL and cosmetics 
Aniibaclerial uses in water trealmcni. fabric 
softener, clothing, soft loys, wound dressing, 
kitchen utensds and appliances, computer 
keyboards. Food storage containers, and baby 
prDducIs {e.g.cup5) and uses in cnntraceplioii 
and loorhpasip 
Paint sunscreen, cosmetics, capacitors, buiklmg 
materials, catalysi. air clearance, anci-bacierial, 
viral, algal, huigus arul mould coatmg for 
domestic baths, and sponmg equipment 
Vitamin E: food, beverages and cosnKiics. 
vitamins B12 and E: cosmetics 
Sunscteen, cosmetics, cosmetic reroorer. loot 
deodorant, and car polish 
Uata source: The Project on Emerging Narytrechnologies, The Woodrow Wilson biiemational 
Crsure for Scholars; http... wwwjidnottfhpro^ectorg'Jnveniorres-cijnsumeT,, 
metals. The issue of hazard is approached from the view point of body 
systems physiology of the fish, starting with water chemistry and 
uptake routes, and consideration of the toxicological principles of 
absorption, distribution, metabolism, excretion (ADME). Lethal toxicity 
and sub-lethal toxiceffects are described with some speculation on toxic 
mechanismslikelytobeofconcemfor nanometals, as well as the likely 
effects on the stiess response offish. Finally, consideration is given on 
the interpretation of physiological effects data on nanomaterials in the 
context of hazard assessment and whether or not the current 
approaches used for dissolved metals would also be "fit for purpose" 
for nanometals, 
2. Water chemistry and bioavailability 
The importance of water chemistry in the bioavailability of metals 
has been extensively investigated over many years. The main paradigm 
is that the free metal ion is the bioavailable chemical species, and 
therefore research has focused on identifying metal specianon in water 
and how this is influentsd by abiotic factors such as pH. and the 
presence of ligands in the water that may remove free ions (e.g., 
dissolved organic matter), anions that can complex metals or form 
anionic metal species (e.g., chloride and hydroxyl ions), or cations (e.g., 
H ~, Ca^", fJig^". and Na") that may be comjjeting for biological uptake 
v«th trace metals (e,g,.CusimanoetaL, 19B6;CampbelL 1995: Bervoets 
and Blusr. 2000: Wood. 2001; Pyle et al,. 2002: van Leeuwen and 
8^ Show. HD. Handy ; Envlninniciu ImmKMlMBil 37 (2011) J0B3-HST 1085 
Calceran, 2tXM: van Leeuwen ei al.. 2005: Erickson et aL. 2008). Fm 
elements that have different redox states, the level of oxygenation and/ 
or redox potential of the natural water may also be a consideration in 
calculating the metal speciation (e.g.. flie metalloid arsenic Cheng el al,. 
2009). However for most of the Sim pie equilibrium models {e.g, WHAM 
spedation model. MiNEQL), tlK main factors are the total contsntrafion 
of the metal. pH. concentradons of divalent cations (or total hardness of 
the waffir), and the electrolytes contributing to ionic strength (e.g, bulk 
NaO concentration in freshwater or seawater) (review. Wilkinson and 
Butfle. 2004). These simplified models are intended for practical use in 
predicting free metal ion concentrations, and have been applied 
successfijlly in hazard assessment for many years (e.g. corrections for 
water hardness or pK in metals legislation) and to predictive models of 
acute metal toxicity [eg., bkitic ligand models, BIM, Playle et aL. 1993: 
Mollis et al., 1997: Paquin el al. 2002). 
Tlie environmental chemistry and ecotoxidty of engineered NPs 
has recently been reviewed (see Handy et al., 2008a), This chemistry 
shares some superficial similarities with metai chemistry in those 
abiotic factors such as pH. the presence of divalent ions, and ionic 
strength can influence the colloidal behaviour (aggregation) of NPs. 
However, the reasons for these interactions are often fuiKlamentally 
different to chose for dissolved metals. Current metai specialion 
models are equilibrium models, whereas the behaviour of NPs is 
described in a very different way by dynamic process where the 
system is dependent on the amount of energy added to the NP 
dispersion and the physico-chemical properties of the particles 
(called DLVO theory, see Handy et al., 200aa for discussion). These 
physico-chemical properties include particle size, shape (aspect 
ratio), and surface charge (often measured as zeta potentials). The 
ability of a particle to colloid and aggregate with another particle will 
depend on these properties, as well as the kinetic energy of the 
particles, viscosity of the water and any drag on the particles, and the 
preseiKe of other materials in natural waters such as small peptides 
(e.g.. baaerial exudates) or macro molecules [e.g.. humic acids) that 
may provide steric hindrance of particle-particle interactions. Oearly. 
this is a fundamentally different chemistry to tfie metal sp«nacion 
models that are more familiar to the fish ecotoxicologist. 
However, there is also some common ground. One concept in NP 
toxicity is that the toxicity may be driven by the surface chemistry of 
the particles. The aggregation chemistry will be useful in predicting 
the effective surface area of Che material in the context of potential 
interaction with the organism, but the surface chemistry (reactivity) 
may inform on toxicity. These ideas are not yet proven by 
experimental data, but for example, one might expect a particle 
with an oxidising mrtal surface to cause oxidative stress on/in the 
organism. This is certainly the case for aC least one type of TiO; NPs 
which caused oxidative stress in trout (Federici et al.. 2IX17). So. 
perhaps metal reactivity rather than the concentration of the free 
metal ion will be more important in the case of NPs. Nonetheless there 
is a scenario where existing free metal ion models may apply, with 
some modifications. Some types of nanometals v«l! eventually 
dissolve (albeit slowly over several hours or days) by dissolution of 
metal ions from the surface of the particle. This is probably the case for 
nano-silver and nancKOpper in freshwater. In a study comparing the 
effects of three nanometals (nano-Cu. nano-Ag. and TiO^ NPs) with 
dissolved metals (salts of Cu and Ag at concentrations to match 
estimated dissolved ions from each NP), Criffitt et al. (2009) found 
that both dissolved and nanopatticulate forms of Cu and Ag increased 
metal levels in the gill tissue after 4fi h. Ct^per accumulation in the 
gill was similar following exposure to both soluble and nanoparticu-
late Cu: ^i)d the authors interpreted this as uptake of dissolved Cu 
frtHH the Cu-NP, Conversely, branchial Ag levels were much greater in 
fish exposed to Ag-NPs compared to dissolved Ag, indicating ttiat the 
NPs themselves (not dissolved Ag from the NPs) were contributing to 
the branchial Ag burden (Crifhtt et al.. 2009). As the auAor^ do not 
mention rinsing excised gills in, for example, ion-free water prior to 
analysis, it is possible that Ag-NPs associated with the gills, but not 
aauaily taken up into the cells, contributed to total burden. Though 
they do acknowledge the possibility of Ag-NPs being trapped in the 
mutxjus layer, this is not gill Ag burden perse, although it does suggest 
that nano-Ag could act as a respiratoiy irritant similar to other NPs 
(e.g.. SWCNT, Smith et al., 2007). Scown et al. (20101 also observed 
increased Ag burden In the gills and Ih^r of fish exposed to different 
sized Ag-NPs (10 and 35 nm particles compared Co bulk Ag and 
AgNO}]. though similarly no mention was made of rinsing tissue 
samples to remove associated, but not incemally localised. NPs 
(particularly relevant to gill samples) prior to analysis. However, 
mcreased hepatic Ag (twice that of the gilts) does indicate that there 
was some uptake and transport of Ag from the NPs, which the authors 
suggest, cannot be explained by dissolution of Ag ions alone. As gut Ag 
was not assessed ttie possibility of hepatic uptake via the gut (stress 
induced drinking and incidental NP ingestion) cannot be excluded. 
In situations involving dissolution. Che NP is acting as a "delivery 
vehicle' for the metal ions, and when the NP sticks to gill surface (for 
example) it awld release locally high concentiations of metai ions, or 
provide a suaained slow release of melal ions onto the epiihelia. In 
this scenario the free metal ion concentration would be driving 
coxidiy, and it would be relatively straight forward to add an 
empirical correCTion factor (measured experimentally) for the 
dissolution rate of fr^e metal ions for a known mass concentration 
of particles in a particular water quality. 
There is also evidence of "delivery vehicle" effects when the metal is 
present asa co-contaminant with a NP. This may be related to the ability 
of metals to adsorp to dw sur&ce of some negatively charged NPs 
(Handy et al., 200ab). For example, Zhang et aL (2007) exposed carp to 
TiO-2 NPs and found that tiie fish accumulated 146* more Cd in Che 
ptesence of the TiO? NPs compared to when fish were exposed to Cd 
alone. Similarly, carp exposed to the metalkiid, arsenic (As(V)), in the 
presence of TiOi NPs accumulated 132% rrrore As than fish exposed W an 
equalconcencrationof Asonly (SunetaL, 2007). Ina follow up study. 
Sun ei al. (2009) investigated die impact of TiOj NPs on arsenic 
speciation and the uptake in carp of the more toxic form: As (Dl). 
However, in separate spedation experiments (no fish), when intro-
duced to TiOj NP containing water under namral light. As (111) rapidly 
oxidbed to the less Coxic As (V), although experiments without sunlight 
resulted in less than 3* of As (111) changing to As (V). Therefore in the 
experimental condirimis used (i.e. under sun light), fish were not 
exposed to great amounts of As (111), although it remains to be seen if 
increased toxidty would manifest in fish living in conditions with less 
natural light Many NPs have a net negative charge (anionic surface) in 
natural water aixt the possibility of NPs increasing metal toxidty via a 
vehicle or mbmues effet dearly requires firrther study, 
3. Absorption of nariopartides compared to metal ions 
The mechanisms of metal upoke xmss biological membranes invt^e 
carrier-medial^ transport on metal km transpwters (reviews, Bury et al., 
2003: Handy and Eddy, 2004; Bury and Handy, in press). The biological 
uptake and unstirred layer diemistiyrffffs in fish gills has been retentiy 
reviewed in detail (see Handy et al., 2008b), and the main diffi;rertf«s 
between metal ions and NPs at5 summarised (Fig, 1). TT»e central issue is 
that NPs ace too big to use ion Dansponers. or paracellular ditfiision 
pathways, and that the tnost likely route of uptake is by endocyiosis 
pathways (Fig. I). If this is cnje, then the sdentific community will need to 
reconsider the basic assumptions in metal uptake, and revise them for 
ttanometals. For dissoh^ metals. bioavailaMicy is assumed to be a 
function of metal spedation since only certain metal spedes will fit tfie 
relevant ion transport pathway, and diflusion of metal ions through the 
hydnq)hDbic ewe of membranes is exduded (Campbell and Stokes. 1985; 
Campbell 1995; Escher and Sigg. 2004). 
For very small NPs (< 20 nm) that may tibtain a hydrophilic surface 
coat (e.&- steric effects coating the particle with phospholipids), or 
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achieve no net cliarge to become hydrophobic (e.g., positively charged 
nanotnetals that are incidentally coated with biological anions such as 
those found in mucus. Handy and (vlaundet. 2009): it remains 
theoretically possible for these materials to difftise through the 
cell membrane. We should therefore add a diffiisional component 
foe nanometal uptake (bar is both a funaion of particle size and 
the hydrophobicicy of the particle surface, Endocytosis should also 
be modelled, and here evidence may be drawn from trace metals that 
are known to use endocytosis pathvifays for uptake {e.g., Cu. Handy 
et ai., 2000). However unhke dissolved metals, it will not be the 
activity of a metal ATPase controlling the loading of intracellular 
metal-containing vesicles (e.g.. Cu ions via the Cu-ATPase), but 
instead, the bulk endocytosis of particles at Che apical membrane. 
Clearly, for the latter the control of the cylosketeton, membrane 
lumover, and related aspects of cell volume control will be critical, 
and metals are known to influence regulatosy volume decrease 
le.g.. Cu. Kramhafl et al„ 1988). The rate limiting step in NP 
uptake may not be the basolateral step as so often is the case 
for metdl ions (H^ndy et al, 2008b). However, if the nanometal 
dissolves to release free iom then the current uptake models would 
also apply. Some of Che apical events, such as the proteaive role 
of mucus, would also seem appropriate for f^Ps (Handy et al., 2008b), 
Smith et al. (2007) have already obsetved precipitation of carbon 
nanotubes in the gil! mucus of trout Similar to metal ions, the 
uptake site (e.g., gill and intestine) could also be a target organ for 
toxic effects. Some NPs are respiratoiy toxicants in fish and produce 
gill pathologies which are similar to those for metal ions (Federici 
ct al., 2007: Smith et al.. 2007). Similar lo surface acting metals (e.g.. 
Al, Handy and Eddy, 1989). it remains possible that some NPs can 
exert toxic effects without appreciable uptake of the metal into the 
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internal organs (e.g- short waterbome exposures ro TiOi. Fcderid 
era!.. 2007). 
4. Dtstribiitios. metabolism m d txcntian of lunonwtals 
Handy et al. {2008bi reviews the possible mechanisms of 
absorptioa dIstribotiDn, metabolism, and excretion [ADME) for NPs 
in fish. This review identifies nurrwrous knowledge gaps on the ADME 
of NPs, and most of this is centred on a lack of routine methods for the 
direa measurement of Pffs in tissues in order to establish body 
distributions and target organs. Current appnMches involve electron 
microscopy of dissected tissues, which is very labour intensive way of 
determining the presence or absence of nanometals (see Handy et al.. 
2008a for discussion of NP detection methotls). The developfiwnt of 
radiolabeQed metal NPs is needed, but even here there are technical 
concerns. For example, if the exterior of the NP is labelled with a metal 
isotope, i t may be passible for the label to become detached by 
dissolution of the NP in the tissue. Clearly, such methods will need 
thorough validatioa The detection of metai in fish tissues remains 
possible using acid digestions followed by ICP-M5 or ICP-OES for the 
metal of interest [e.g.. Federici et al., 2007: Ramsden el al., 2009). 
However, nanometals do not behave the same way as metal ions in 
ICP-MS, and standard protocols for metal digestion and analysis may 
not work for NPs. Substantia! modifications and revalidation of spike 
recovery tests, etc., are needed for nanometals. Some researchers 
report veiy poor recoveries of total tissue metal contents from 
nanometals (e.g., 28S. Scovifn el al., 2009). Such poor recoveries 
typically generate large error bars on mean data values for the metal 
contentoFindividual tissues, and it is likely that important di^erences 
in tissue metal content are lost due to poor resolution in the method. 
However careful adaptation of methods, involving correcting instru-
ment cahTirations for NPs. the addition of surfactants or dispersants. 
and careful stirring of samples while they are being drawn into the 
instrument can result in much improved metal recoveries (e.g, 
Ramsden ei al.. 2009). It is possible to idenrify target organs on the 
basis of biolc^cal effects, but as Federici et al. (2007) point out for 
TiOj NPs at the gills, surface acting toxicants can generate injury to 
internal organs through secondary means (e.g., diffusion of oxygen 
radicals). There is a concern that some oxidising nanometals could be 
potent surface acting toxicants, and therefore, injury to an internal 
organ does not necessarily confirm the presence of the nanometat in 
that organ. Nonetheless on the basis of biological efferts, a number of 
target organs have been suggested ior nanometais including the gills. 
gut. liver and brain (see below). These are also well known target 
organs for metal ions. 
Studies on the metabolism and excretion of nanometais are 
limited for similar technical reasons to those outlined above. Fish 
normally excrete trace metal ions via the liver as the central 
compartment in metal metabolism, with urinary losses usually 
being small {e.&, Grosel! et al., 1998). The gills may also be able to 
excrete metal ions from the systemic circulation by active efflux on 
branchial ion transport pathways, but this would not apply to 
naiKHnetals. The molecular weight cut off in the vertebrate kidney 
(circa 60kDa) would suggest that NPs would not pass through the 
gk}inerular fitter. This leaves the liver as the most likely route of 
excretion for nanometals (see discussion in Handy ei al., 2008b), Fish 
are known to deposit metal granules in tfie liver [e.g. Lanno et al., 
1987), and it would seem logical that nanometals could also form 
ftepatic deposits. It remains unknown if such deposits of nanometals 
exist or whether or not they would remain as inert storage granules 
in the liver, or be excreted via the bile in fish. 
5, Lrtha] toxicity of engineered nanoparticles in fish 
Only a few lethal toxicity tesB have been conducted using 
nanometals in fish (Table 2). The literature on fish and invertebrates 
indicate that acute lethal concentrations are in themg l ' . rather than 
(Ig r ' range. This suggests that metal-containing NPs. such as poorly 
soluble metal oxides, may have low toxicity. Concerns remain that 
nanometals tttat show dissolution of metal ions wil l show acute lethal 
toxicity in the MS I range. This is especially worrying for toxic metals 
where the nanoform may dissolve. Criftitt et al. (2007) reported 48-
hLCso concentrations of 250 p g r ' and 1.56 m g l ~ ' in adult zebrafish 
(Danio rerio) exposed to dissolved and nano-copper (80 nm primary 
particle size) respectively. However, following its addition to water 
50-60S of added nano-Cu mass was observed to fail out of suspension 
due to rapid aggregation of the NPs. Dissolution of Cu ions from the 
particles (defined as Cu present in the supernatant of samples 
centrifuged at lOO.OOOxg for 30 min) showed that dissolution was 
minimal over 48 h with concentrations of dissolved Cu not exceeding 
0.19 ± 0.05 mg r ' . representing less than O.H of the initial Cu added. 
Notably these dissolution experiments were conducted in the absence 
of fish. The relatively low rate of dissolution caused the authors to 
conclude that observed toxicity was not due to dissolved Cu aiorte. 
Subsequent work by Griffin et al. showed nano-Cu to be more acutely 
toxic to juvenile zebrafish than dissolved Cu, although this trend was 
reversed in adult fish (primary particle size 26.7 nm, CriRitt et si., 
2008). In the same study nano-Ag was seen to be less toxic than 
dissolved Ag to adult zebrafish (nano-Ag 48-h LC50 was more than 
300-fold higher than that of dissolved Ag, Griffin et al., 2008). Perhaps 
somewhat unexpectedly, l O m g l " ' dissolved Ag was not elevated 
enough to kilt 50% of juvenile (larval) zebrafish (compared to an LC50 
of 0.0222 m g r ' in adults and a nano-Ag LC50 of 7.20 mg l " ' ) -The 
latter data may emphasise life stage differences in the toxic responses 
of fish to nanometals with fathead minnow iPimephales promelas) 
embryos proving more sensitive to Ag-NPs than zebrafish larvae (95 h 
LC50 values of 125 and I J G m g l " ' for two different commercially 
available Ag-NPs respectively) (laban et aL, 2010). 
6. Sub-letlul effects of nanometais compared to aqueous 
metal ions 
The sub-lethal physiolo^ca! effiscts of waterbome metal exposure 
are vrell knovm (rewews. several metals: Wood, 2001: Ag: Ho^trand 
and Wood. 1998: Wood etak, 1999: Cd: Sprague, 1987; Cu: Tayloret aL, 
1996: Zn: Hogstrand and Wood, 1996). In contrast, the scientific 
community is in the early stages of collectii^ data on nanometals 
(Table 2). The lypical scenario for walertwme metal exposure involves 
scwne direct effects on gill funaions (reviews, McDonald and Wood, 
199^; Perry and Laurent. !993), These can include alterations to the 
osmoregulatoty (e.g., Cd. McCarty and Houston, 1975: Cites, 1934). 
add-base (e.g.. Cu, Taylor et al., 1996). or respiratory functions of the gill 
(e.g.. nickel. Pyle et ai.. 2002). Sub-lethal pathologies in the gill can be 
reflected by changes in mucous secretions reflecting an increase in 
mucous cdls and chloride cells in tite epithelium (e.g., Mallati. 1985). or 
evidence of oedema in the epithelium (cg^Solaet al.. 1995. Campbell 
et ai., 1999). Histological changes in the gill epithelium are also 
associated with adaptive biochemical change in response to metal 
exposure (e,g., metallothioneio induction in tfie gilL Dang et al.. 1999). 
Metals can also inhibit ttie branchial Na^'K'-ATT'ase (e.g„ Cu, Li el aL, 
1998). Following this initial disruption, the fish can then experience a 
general loss of braiKhial ionoregulatDry control, efflux of electrolytes 
from the blood over the gill epithelium, then subsequent cardiovascular 
collapse and death (review Handy, 2003 and references therein). 
Notably, rainbow trout display physiological responses influenced by 
social status. Sctioob of rainbow trout develop a social hierarchy where 
the more a^ressive fish in the school are dominant over often smaller, 
less aggressive fish in the group. When rainbow trout are exposed to Cu, 
the subordinate fish accumulate more waterbome Cu (and Na) than 
dominant animals (Sloman et ai., 2002), A similar phenomenon has also 
been seen in fish exposed to waterbome Ag and higfUiglus the 
Sumnwryafsni i l lescarr lcdout Into the (oKlclty of organic and inorganic narajpaiTlcTes to fish and fish cell lines. 
N^nnm.iwrla! and addltlnnjl i i i fnrmitton' Exposure cnndlHans Hsh ipecles Elftcti Study 
Ag-NPs {5-20 nm particir 5lztl 
^ •NPs (dry powder mean primary partkle i a at 
26,e±B.Bnm) slabilit«i wiit i OSt iodtuni 
drtalr s<ihili(ia wnlcaied wirh a pnibe Mldcator 
fnr six 0 3 ; fuUa prl»r lu doting 
Ag-NPs (partidF ;lzt of 10-20 nm; ilnck diluted with 
municipal water and riediiorliutcd 1 
AK-NPSI . I .S . 1S.3. 512,and lOB^nin meuUTCd 
tiuan panicle srze; I 
AK-NP5 f49.6 nm iiipan IMTIICICSIM. 93* purity), nock 
soniHtpil frir 1 l i l n2 m m b u n t j lollowpd by sMirinK 
fur 14 day? and nitrj imn 1200 nm) 
Ag-NPs (diy powder mean pjr t ic l t dtampter 
^B^ lB .Snm) , wnlcanon For 6s i n 1 s 
bursts pnnr lo dming 
*g-NP^ icomnwrcii l nanip nf Nanodd. P4rticle i l rc 
of 4,5 nm. da[j raken (mm manufaciureri 
wclu l i r ] 
Ag-NPi Ispherical patiiclr?, 5-20nm In dlamrirr) . 
sintk deinmsfd usinn Ion exrlMnge retln and 
iomcaled ( i t IDs prior In dosing 
Ag-Np! [twti tommpiclal Ag-NPs with nominal partide 
«izn of 3!j nm .ind slOOnm. both with 99,99% 
purity) somiati-d j i I S I i l i i l b t 1.5 h 
Ag-NPs (49,114, and 137 Ibulk] nm mean partlcie 
i\i.rii with sonlcaiion lot 3D min ptior lo 
exposure 
Ag-NPi 125 lun spherical partkiei) 
AI-NPs (dry powder mean primary panicle size ol 
41.7 ±8.1 nmj sonkaled with a probe jontcaror 
for six 0.51 pulses prior tn doling 
S - l O O j s l - ' (br72h 
D-IDmf;! ' lollDWed byeiiperlmcnt5Wilti li^h 
exposed 10 OiS-lJS-Sold (tie i r „ (Ixith for 
«h) 
0 - a O l i g l ' from 2.5 to ?3 hpf 
a-MQMMIbr13Dhpf 
0 -5D |« i - ' l b r9G hand 1^29 n ! l ~ * f t i r l O d ^ 
Zebraflsh [Danlo rerlo) embryos 
("jibraiish lOriPiin rerto) 
Zcbraflsh (Donla rerio) e m b i ^ 
ZebraHsh (Dmio rerio) efflhcyw 
Japanese medika ( O i y ^ loOpes) 
4-5niomJis tiid 
1000 i c l~ ' (representing ttte NCSp f()r4S h Zebrafish (ITuirin mia) 
0-2Q| iE r ' r b r u p i o M h 
24 h LCjD (conceniratlDti range not reported). 
fnllnwHi liy 0-120 mg | - ' for 34 h 
0 - S 5 m g | - ' f o r 9 6 h 
10 or 1 0 0 ^ 1 - ' torlOdays 
0 - f l m g l " ' f o r 4 a h r a d « i n ] a n d a - 4 i n E l " ' l l o r 
ISH h [emhryDsl, fbitowed by O-looo [ig I " ' far 
[>0day3 from embryo stage 10 
o - ]O rag i " ' l o r48h 
Rainbow tmut (Oiutirliyndm <ny<>tts] 
ZfbraHsh (Diiniorcno) 
Falluad minnow (Pim^pbiilei pmrnetas) 
embryos 
JiivsTilIc rainbow trout iOncorfiynclius myidss) 
Japanese meddka(Oiyzlaf iatipei) 
adults and eiribryos 
Zcbraflsh [Qmioienol 
Dnse-dependeni incrrases In monallly and dcncascs 
in hcan rate. HatthiiiB ofiiy affected at lilKliPit 
tre.itnipnl. Most NPs dcpnslied m tbc cell nucleus, but 
unifoim dislrlbutinn of Nl's was seen throiiKlmui the 
embryo. Body malfbraiannns in cmhryns exposed 
aiwve 50 m I " ' 
Ag-NP LC« of 7J17 mg i ' i n adult iish and 7.20 mg i " ' 
In larvae; less toxic than soliiblr Ag 
Dnw-depcndent effects included slow halching r,iles, 
ahnntmal ilcvolopmenl. and Inctcased caialase acltvlly 
suggested by the ai l Ihot i j tpasi lbly i inkedlo ejects nn 
gene expression from NPs entering Ihe cell nucleus and 
DOS initlanrf DMA djmace. 
Expoiutc to 250 uM ufeach Ag-W treatment resulted 
I" [wtticie siie ticpendcnt niotiality after 24 h (BO. M. 
36. and 3 t muiul i ty respectively] rising lo l lXft at 
120 hpf Upl.ilieuf Ag InlD ihc embryo nniseen in 
conlrnl H'^ li, 
Smill.ir 96 h lCv, values frirAg-NH and AgND, [34.6 
f 0.3 and 36,5 ± L a j i g l " ' lespccilvcly). Expression of 
sircss lelaied ncnes itidicated diOfrcnl modes of 
tnxlfi ly lierween Ag-NP^ pind ^niiibie Ag ions fAgNO,!. 
Gill filamonl width not jffecieil by Ag-NPs, Ihiiugh 
dissolved Ag initeascd wldti i by approximately 2-fold 
Branchial Ag ievels in NP exposed fish jimost idy 
highpr than fish exposed in a AR dose that matched ihe 
conccntralionofdissolupil Ag front Ihe Nl' i . mdirating 
that inracl Aji- NPs were assnclaied wiih liie gill. Similar 
pattern olBcrved In wliole body Ag measure raptils. 
4B. 72. and 96 h l.r,n couceniralions of 3.S, ^.0 and 
2.3 PR l~ ' respectively 
24 h LCv, Dl250mgl ', conceniraikin dependent 
increases In hepatk maiohdlaldehyde and Kital 
glutathione, ONA damage and apnptosis In liver. 
96hIC,,,uaiuesofS.4and iO.Sgmgi ' (or the35and 
<IO0 nm Ag-NPs respectivciy. Concentration 
dependent increase in larval abnnrmalities.TEM image 
analysis showed that burh types of Ag-NPs were 
prewni wllhm embryos foliowmg 24 h exposure. 
Low uptake with Ilie smallest panicles nmsi 
concentrated In gill tissue and liver (the I.Ktcr alnrg 
with the bulk Ag parricles). Nu tifects on lipid 
pcrnxldahon amongst any liraltnent (TBARS assay), 
althuugb possible evidence of oxidative metaJjoiism in 
gills oinsh exposed m49 nm Ag-Ni's. 
48 h LC i^, nf 1.03 mg I " ' lor adult Jisii. whilst 100* 
rmbtynmorulity waslnducedat 2 nigl ' Reiarded 
(levctoptnent and pigmentation seen In en^iyus exposed 
to > 400 (ig r ' Ag-NPs wllt i mnrpiioioglcal 
mailnimallons seen all AgNP ireatmcitls. 
Highest dose ( lOmg I ') nni elevated ennughTo 
estalilnh ar LC,nfor adults c i r i . i rv«: dissolved Al gave 
LC,i, cottccntratinnv nr7.32 mgi ' and over l O m g l " ' 
in aduili and laivae respectively. 
Asharanietal (ZOOSl 
r,rtffitTclaL(200Sl 
Veo and Kang (ZOOS) 
Bar-1laneia1.[2O09] 
Chae a al. (20091 
Crlflllt et aL (2003] 
Shahbaaadeh et ai. (2009) 
i3 io ic ta l . [Zoini 
LatMfTelal.120101 
Scown et »L (2010) 
Wueta l , (2010): 
GrifHn et aL (2008) 
Au-iunoDds |65nni length. 1S nm lUimeiirr: 
puhfied btf i l iv use i n d luipaided In Ugh 
purity watsr) 
rtii-MPMSJ. rs. 46.1. *nd 98.1 n m i n r « i i r « l 
nwan parttde •am] 
CdS qiHiiiuin dot i coi t« l in rhlol lermuutnl 
nif lhyl palyMliyli<n« {glycol 14.2 ± I nm) 
nsprndcd In w i i r r widinul turlaclanis 
Ciibnn HP; Cga ftdlerciwi |aeg'' '*aiM of 30-
lOOiunldti iMnedlnlctrahydroltiran ITHF) 
wlHi oymlftt ir ' i t imi ig 
Carbon W: Cgg rullercnn (10-200 nm .ifgrcgiUti) 
dlspnwd In w4Cer by silmnH :^2mon[ht 
Cir tn i i HP: Cwfullcienes (lO-2IKInm.itigrcgaUsl 
dlipenied In wMei wrilh THF nr by iitrnng 
lai 7: rannlhi 
CartKui NP: C M , C » and C«(OH)i i lullerenN 
n i s p c w M In DM50 [no iH^nury panicle lOe 
Riven. ag i r iS i t t i r i nKrd r to 'na iSD ia 1200 nin), 
Qrbnn NP: Cn futletcfles {ifgrtgOcs between Wi 
ind 300nm)dliperaedln water lye ld ie f stirring 
fdi 7da)>swllti9anic^rlDniHl)yuK[lfTHF 
Carbon W : Can ftdlerenc jggrcjtalri in impcnnon 
Carinn NP; C«i Fullerenes suspended in DUSO (no 
prinvuy pvticle t t ie given, iggregales rangid 
l i t i im=9QiD 1100 nm) 
OcbonNP: COTtnngtp-willEd. 1.1 nnimcii i i 
outside diuneter. 5 - 3 0 i n length) dlsperi«) In 
sodium dodecyl sulphate wl 'b 2 h sonication 
CartMn NP'cm"[j(ngle-wallrd, Mnw barcb at iHcd 
jbovF in Smiili ci d l . 2007) j n d Cnn lullErenct 
( u used above In Hiriirv ci a l . 3lK)7j 
Carbon NP: ClfT (vanouL formt Iwit t i or without 
funciionaliutlom) of tingle- and muttt-walled. 
d iamnen lO-SO nin, and singlp-wjiled lund tonu . 
dlamelrr 2-3 n m | 
CiO,-\Ps (25 nm panicle l u e l 
ToNPt (dry powder mein pnnMiy pjrUde ilze of 
l ( U ± 2 . 3 n n i l , sonlrared with i probe sonicatn' 
for six 0 3 1 pulws prior lo dosing 
cu-NPs (SO nm parOclu in agglnneniM >1 i m 
In dlimeter) 
7,OB>clo'patt ieteml"' i lngle-dn^' imo 
n iu lHne tnetocosnn for 12 d i y i 
0 -2S0|an lor l20hpf 
5.50. or 500 M r ' fat 21 ibys Uting I new 
i h r a u f ^ f y n n n 
0 5 o r l , 0 m B l ' f o ( « h 
05 mg I ' for 96 h 
0 5 m g l - ' h i r 4 e h 
I O O - S O O H I ' I brCigj iKlC7n.and 
SOO-SOOOW >-' for C»rDH)]. Irom 
24)ip(to9eitp(. 
0 -2Sl i |v /v ) f tw73h 
0-1.5 m g r T t i r S e h 
0-500W I " ' . with or withotir HjOj. 
DEM. aSO. NAC or leduced light. 
E ipoHda ' 24hpr((nSdays 
a . l -O.Smgl" ' tor lOdiy i 
SheepEhead Minnow [ClyprfiKKlaii vansgatui) 
Zebraflsh (Danta rsrfc) eoihyos 
Three-splned iHdilebacli fCasuraaaa 
acutearui) 
Urgemouih tus i (MiToptenis .ulrnoMRi) 
Fathead minnew IPImephdn pniiwliB) 
Fathead tninnow {nmeplKiIri ^Fomelai) 
Zebraflsh (Ditnlo rerto) embryos 
(dechorionated! 
Urval Zetnaflsh (Oaitto n n o l 
Zebraflsh {Danio iirlD) rmbivos 
Cdcchorionaredl 
Zebtafish IDonlo rerto] embiyoi 
(dechorionaipd) 
Rainbow troiu (Onrarfiyndius myUii} 
Oor SOOnigHVJCtUorCml'S'' diet furG weM^ Rainbow trout iOacorhyndius mykia) 
In vitro e iposure toO- lOMin t r ' fDc6or24h Rainbow trauMOnoir^ridiuimykissl 
tOOOmg l ' I(nin24 i o I20hp f 
o - t o m g l " ' l o r48h 
macrophage culture <ysiem 
Zehrafish IDanlo rBrio) embryo! 
2ehrjfl<ib (Donlo reno) 
0.1-15 mg I ' foi 48 h over TWO cxpEiimcnls Zebr^fithiDDnlo reno) 
Au-nanonKh did not cause amte toxlcolagy and fisb 
did noi accumulate detectable Ici/els ol Au in the sl lK 
brain or mutculDdieletal itstues Imdicjling low 
branchial and muneoiLS uplakr}. An was delected in 
combined samples odntemal ntgans and gut (ontent. 
Indlcaiing limited nral uplakr/accumiilatMin, 
Mnriality remained below 3% fw all ircaiments and nn 
evidenieufmorpbnlogicnl nuironnalioiw. Hiiwerer. 
upiakf of Au-NPs wfl^ ubierved. 
Elcvaied i e w ^ ol omdiwd gluraihione. rediited nen 
bill Id tnK activities, and 4/G hsh fmm ih rSOOpgl ' ' 
irtaimcnr di^playeil beparoccJIular nuclear 
pleonwrphism 
Reduced lijiid peioxid^Hon m gill and liver l i sue 
10.5 mg I ' treatmcni) :inii increased lipid 
pemiidannii in brain tissue (boib iiMrmenH)."' 
A 4 2 t d o w n regutalinnnrthepcrDxlsnmal lipid 
iranspaftet pmtein, PMP7n, 
lOOtmonaHty In Ibh eiposed (o Cw with IMF between 
b and IB h rnmparvd w none In Ihe sllncd C«|, group. 
The latter giuup had elevated branchial lipid 
perolddatiDn. pmsihly in the brain also, Change) In 
P450 protein ekprc-^ion diie ro incrvase^ in hepatic 
CVP2 -like-lso-enzymes. 
Exposure lo JOO mg 1 ' C M and C M caused an mctcasr 
m maltoimatiuns, pericardial edema, and monality, 
whilst higher cDiiceniiaiions (anordei of magnitude] 
o( C M I I O K I J , produced less pronounced cfleoi. 
Survival reduced In THf Cnj ami THP control 
ireatmenrs, bill nor in the water stirred litatmenL 
Minimal gene eipreisinn changes in the latter 
ireaiment cornpared To conrrol. whilst changes seen In 
TWFCMjndTUFcDnirnHisb deemed io be linked toa 
THFdegradaiioti pmdiicl ('y-butyolacione). 
Enibtyonlc deveiopmeni delayed and reduced hatching 
succc:.s-
Embrym expi»pd in decrea.sed light condibons 
generally experienced slgnificanily less morlailly and 
malfbimarions rlian other treatments. A dose 
depcndcni increase in toxicity seen m enituyos 
exposed wirh CSH Inhibitors (le.. OEM and R50). 
Do5c-dcpmdent rise In ventlhimii rates, gill piHlalaglrt 
(oedema, f l irted niiicocyies, hyperplasia|, a)d mucus 
secrelioii (with CNT pTetipdalion on gill mucut). Some 
dose-dependent changes in brain and gill Zn Or Cu 
occurred akmg with siaiisncally signllkaniincreaSFt in 
Na' /K * -ATFaK ainviiy in ihe gills and iiiresthie. 
Transient elevalton iweek >1<iiilv) In bt.un TZARS Ironi 
fish exposed to SWCNT. 
Dose dependent jncrrases in inllammalory gene 
expceiston (IL-l|iJ in all nrarnwnis, with 
hinclfainaUied nanotubes more stlmulainry than 
nonhinolonallied. 
Nn acuie loxldty and no Intestinal or skeletal defects. 
Highest dose of 10 mg I ~' was not enough m eslabliih 
an LCui in adults or larvae expiiwd to both nano-fonn 
and dissolved Co. 
NanDCOpper found lo be acutely toxic vvilh a 4S-LCuof 
15 mg I " ' , Dose dependent gill pathologies 
(proIKeration of epithelial cells and oedema of pnirury 
and secondary nlaments]. inhibiHon of braiKhkal N a ' ' 
K" -ATPase activily. ToXK effccls suggested ID be 
unexplained by the effects of dissolved Cu atone. 
Fenvei aJ.(200B) 
Ra<'ltaneial.r2a09) 
Sanders et al. (20081 
Olieid*t5»r(20041 
ObenWrslej e( al. (20061 
/hu et a l (200fiJ 
l lsenlKietal(2007) 
l-lenryetal. (2007) 
Zhu et l l . >2007) 
UsenHoeral (20081 
Smilheial. (2007] 
Frj icreta l . (20101 
Klaper et al. (2010] 
Ispa inaL (20091 
Grifhrteial. (20DB) 
CIrifflttetai. (20071 
(cmifniKd m tmt pwej 
1030 Lj. Show, fU), Hendy/eimwnnanttnamatioiua37(20Jt) 1083-1057 
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TlOj NPs (50 nm prtmay ptrtkie liie). nirbce i r a of 
J O t l O m ' g " ' . rotlie fann oysQI siructUR. with •) 
puiiiy ar:-%OX smicncd for30mln 
TlOjNPsfjverigepjnlcle^eirfZI nm| 
TiO] NP< (diy powder num panicle dumi^rpr of 
34.2*16.1 run);NPiiUeclioo!duHonsDni»tcd 
For lOmin 
HO) Nl^ (M.t ^ U nm mean paitide slie), dlspemd 
by nulcWIoa tor B h pHar D uuHng dry ^ed p d h u 
TIOj MPs [uuu ie Idmi. 3 nm mean paitide itae)i 
TIO, NPi (7W luUle, J5t aiuuse, 24.1 ± 2.B nm 
mean panicle siiel 
0-250 mgrMor 20 dayj 
]DSi± IJmi!l~''I10iNPslnp[eienceaf 
20aO ± 10.21« r ' Ai roc up ID 25 doyi 
UiWledaM' nl innavenously inJectEd NPl |mein 
dn» i.3mgNPtliE~' body weight] and 
um[ricd Im up In 90 dsyi 
0-lOD mg TlOi t4Ps Hg -' dieilbr a weds 
followed by 2 WRii lecovny 
Juvenile Conunan carp (CVprtmu oniib] 
Common carp lOv'niunirp'o) 
Rainbow trout {Oncarltynchiis myUai 
Rainbow tieut iOnenrhyaclaamyl^i 
In vtlto CNiXMUR to 0,1 -lOOOpi m l ' ' lar 24 ti Cnii-SI; goMSili (Ctrmlus mnuui) Mn celli 
InvimeiqMnmniuptDSOiig]"' NPi 
between 4 and 24 h depending upon astay 
TIO, tips (21 nm partlde ilie), nodi Mlutlon ncdOtM) Fl>h fed DopAndi mqgM previously expotnl ID 
forlDmin TiO^NPtfor I4days (meuumlTi 
cnncmtratiDfls in 2 D, mngnii jjioups of 4.S2 and 
61,09 mgg~' diy weiglit) 
ZnO-NPs (20 nm pilmary panlde size, ilwugh 
aggregates ranged brlween 1037 dnd 6923 nni 
depending an iliiKl, stock pirpaied by VIKDTHUS 
itittlng br 2 h Immedtaiely pnnr lo dosinK 
D.1-IQ0Rig|-'undieehpt 
RTC-Z ceDi; rainbow DOUE [OmnrhyiKlua 
nyldss) gonadal tissue 
ZebcanshrOiniarerlD) 
ZebraHih (Dunk) rerto) emtatyot 
No mottaUtm. ttiDUj^ Bih experienced dose Hwetal. (2009) 
dependent Incieases In respiralnry dtstira wlih 
[baiiges In SOO, CAT, POD Jnd IK) levels Indicating 
niiddtlve itreiK cITecCi (nxKi evident In thr liver). 
Accumulation of Ai in viscerj, gith jnd muHic Sunetal. (2009) 
sipiWcantly entunced by ihc presence of TIO, KPs. 
Tl aosinuilaiion in tbe likdncy which remained loi Scownetal. f2009) 
21 days wiih iignlflcani clearance by day RO, TIO] NPi 
kKSIed ii\ li^suc vesicles surroundntg the kidney 
tubules, ihoii^h kidney function not cnmpiomised (as 
indicated by plafiiu protein mC creatinine levels). No 
jcoimulalion in brain, gills, ipleen, or liver, Nn 
nrlilence nf lipid peroiidalioii in blond, livrcnc kidney, 
^o elfectt lo gmwili, unrritlonjl performance iii Ranuden et al, (2009} 
haenutolngy. Ti jccumuUTed in ttw gill, gut, liver, 
spleen, and brain (wiihTi nor tlcarii\|i in Mmearjiani 
ioHowing iKOVBiy). Diiiiirbaiices loCii jiidZn levels 
and a 501 inhibinoiinfNa'.K* ATPaie activity leen in 
the brain and a SOX ledurtinn in TEARS In the gill and 
iniesimf was observed durinj; exponire, ihriufth no 
changes trj total giutaihione, 
TiO, MPs. Ill die absence ol phoin-accivation, induced lUeW M al. I200S) 
Renunudc responses mosi llketyasa resuii offKie 
radical proffuctinn. 
No eli'valion in DNA damage In It>e absence of UVA VeversandJHa (200S] 
irradiation, Ihough iberewasa significant rediKlion in 
lySosiiin.ll Iniegrlty over 24 li eKpoiurc, UVA eiposure 
slgnificaiitty incieaied levels of strand biraks. 
HincQncciiiratlon CaclDiioriestthan I Inflshfed ZliueliL (2010) 
fiiiiijoiinaled I> mogmi shnm no IMomagnillcaiton of 
TIOj MPs. HnWFVet, dietary eiposure In TIO, NPs 
resulted in hijiberbodyTI burden Ihanseen in aqueous 
enposed fish in complementary enperimenB. 
Dose-dcpcndeni decrease in hau:hinE dies with hnv Zhu ei al (2009] 
inciiteiKf of pfncardlal edema observed 72 hpf Ul 50 
and lOOniR I ' treat men 15. atTeOinK aiionwimatcly 
iO*of embrvos by S6 lipf. Dissolvnl Zn n.n lessionc 
with nu evidence ol nuiUbnnations, (luidaiive siress 
suggested as one pnssit)lF cause nf toxicity following 
raised Imracelliilai levels of ROS in ZnO-MP eiposed 
embryos. 
THF; leirahydrofuran: Ag-NPs: silver nanopatilcles; AI-NPs: aluminium nanoparticles; Au^JPs: gold nanopartlclesr BSD: buthionlne suironimlne; CcOj-\Ps: cerium nanopanicies; CAT: caulase; CNT: carbon naiMDibes: Cu-Ws: copper 
nanapartlcles: CD.NI>S: tsbalt lunopaiticles: DEM: diethyl nuleaie: DMSO: dimethyl suKiidde; ^ N P s : Iron nanopartidK: CSH: reduced glutathione; HJh: hydrogen peroxide: hpf: hours post feriillsallon; WO: lipid peroKldackin: MDA: 
nialonduldehyde; MAC: N-acnylcystelne: Ki-NPsi nickel nanoparttcles; POD: pwoxldaie: S(-NPs; selenium nanoparticles; SIO;, NPs: tllica nanopartkles; SOD: lupeitixlde dismutase: TIO, NPs: tiunium dioxide nanopaitlctes: 2nO-NPs; zinc 
owlde nanaparticles. 
' Addltbnal infoimation as provided by the authors. 
*" Subsequent studies havecasi doubt on the souiM of tolklty with thedlspersantTHFiuggesrad as pivotal to toxic eilects seen (e,g. Henry cial., 2007). 
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possibility that toxic effects seen in fish following metal exposure may 
differ depending upon social rank {Sloman el al., 2003). 
Evidence is now also emerging thai some nanometals can also affect 
the gill in similar ways to dissolved metaJs, For example, exposuie to 
1 m g r ' T i O j NPs in rainbow trout caused oedema in the gills {Federici 
el ai., 2007). Gnfliit e! al. i 3007) found Chat exposure to nano-Cu caused 
concentration-dependent damage to the lamellae characterised by 
proliferation of epithelial cells and oedema of primary and secondary 
filaments whilst an increase in gill filament wndth wasobserved in aduh 
zebrafish exposed to nano-Cu, but not nano-TiO; or nano-Ag following a 
48 h exposure (C.iilfin ei al.. 2009). Notably in the later study gills 
exposed to nano-Cu showed significantiy widet filaments than those 
from soluble Cu exposures. A concentration-dependent inhibition of 
branchial NaVK'-ATPase activity was also observed in the nano-Cu 
treatments (Critfitl et al., 2007). Notably, Grifhtc et al. \2007l fcumd that 
the inhibition of Na'/K*-AT?ase by nano-Cu was not as great as 
dissolved Cu [inhibition in fish exposed to 0.25 m g l " ' CuSOa 
approximately 5-fold that exposed to the same concentration nano-
Cu). Other mectianisms of respiratory toxicity are also possible with 
metals, and for example, excess iron (irrespective of bioaccumulation) 
can result in iron (Iocs on the gills which can ciog the gills resulting in 
respiratory distress (Peuranen et al„ 1994: Dalzell and MacFariane, 
1999). This might also be highly relevant to other particles such as 
nanometals, but data remains to be collected on tiiis aspect 
Toxic effects of NPs on fish blood remain to be investigated. 
However, for TiOj NPs, there seems to be no major disturbances to 
blood cell counts or plasma electrolytes in rainbow trout [Federici ei al., 
2007) and no evidence of lipid peroxidation (TEARS assay) in rainbow 
trout blood plasma following intravenous administration (Scown el aL. 
2009). The effects of other nanometals on fish haemaiology, immune 
cells, and plasma biochemistry remain to be documented. Biochemical 
disturbances in internal organs have been noted, and in particular, 
oxidative stress is emerging as a potential mechanism of NP toxicity. 
Oxidativestress,and the induction of enzymes involved in anti-oxidant 
defence is well known for dissolved metals (e.g., Cd induction of 
^utathione peroxidaw (CPx) and superoxide dismutase (SOD) in fish 
muscle, Almeida er al„ 2002; Cu induction of SOD and catalase (CAT), 
Sanchez et al., 2005). Some nanometais can also cause oxidative stress. 
For example. Federici el al. (2007) exposed juvenile rainbow liout 0-
i ,Omgl~ ' TiOj NPs for up to Mdays, which caused a rise in 
thiobarbituric acid reactive substances (TBARS, an indicator of lipid 
peroxidation) in the gills, liver and brain, along with increased total 
glutathione (GSH) in the gills and depleted GSH in the liver. Following 
exposure Co 50 or 500pg ! " ' nano-cadmium sulphide (quantum dots), 
elevated levels of oxidised glutathione were observed in the gills of 
three-spined sticldebacks {Sanders et a!., 2008). Oxidative stress was 
also Implicated in a study exposing Japanese medaka to nano-Fe (Li 
ei aL, 2009). During the latter study both embryos and adult medaka 
experienced concentration-dependent decreases in the enzyme; super-
oxide dismutase (SOD). In adult fish, decreases in hepatic and cerebral 
SOD duringthe first frwdaysofexposurewere accompanied by reduced 
glutathione (CSH) levels in the brain. However, levels of both SOD and 
GSH returned to similar to control after 3 days and no differences were 
seen in levels of malondlaldehyde (MDA. as an indicator of lipid 
peroxidation) in the liver or brain throughout the exposure. This 
indicates that adult medaka were able to successfully protect against 
oxidative stress through antioxidant activity, which were then able to 
replenish following initial utilisation. Japanese medaka embryos 
experienced a different response. As with adult fish, there was a dose-
dependent depletion of SOD within hours of exposure, but this did not 
recover throughout the 8 days of exposure (most notably in the high, 
50mgl~ ' , treatment). Lipid peroxidation produa MDA was initially 
depleted follownng exposure, presumably regulated by antioxidants 
such as SOD, but as the experiment progressed a dose-dependent 
increase in MDA was seen, particularly in the SOrngT' treatment, 
which showed an almost 4-fold increase in MDA compared to control 
and lowestdoseFe-NP(0.5mgr') treatment by day 8. Adult fish also 
exhibited some histological and morphological alterations in the gills 
and intestine (cell swelling, hyperplasia and granulomas) which were 
deemed to be as a direct result of contact with the NPs (as evidenced for 
example by large aggregates of Fe-NPs on the gills and accumulation in 
the intestine, Li et al..20O9). Dietary Fehas previously been seen to cause 
lipid peroxidation in the liver and heanof African catfish (Baker etaL, 
1997). An increase in intracellular reactive oxygen species (ROS) was 
observed in zebrafish embryos expctsed to nano-ZnO and implemented 
in some toxic effects (see next section, Zhu et al., 2009). In vitro studies 
also show evidence ofoxidative stress from NPs in fish cell lines. Reeves 
et fli. [20081 in a study using goldfish skin cells [GFSk-Sl) demonstrated 
that TiO; NPs. in the absence of photo-activation, induced geitotoxicity 
most likely as a result of free radical productioa Vevers and jha (2008) 
exposed RTG-2 cells to TiO;. NPs with and without ultraviolet radiation 
(UVA) and found that whilst there was no elevation in DNA damage in 
the absence of UVA irradiation, there was a significant reduction in 
lysosomal integrity over 24 h expositre. suggesting that the nanometal 
was also capaMe of damaging the cells without UV activation. 
7. Toxicity of nanometdls to early life stages of fish 
Many studies have shown that the early life stages of fish are 
especially sensitive to metals (reviews, e,g„ Wc-is and Weis, 1991; 
Jezierska et aL, 2009), and that can lead to the loss of fish populations 
(e.g., acidic metal-containing spring snowmell. Havas and Rosseland, 
1995). There is also some evidence that some nanometals can affect 
the development and survival offish embryos. Asharani et al. (2008) 
exposed zebrafish embryos to silver-NPs and found the NPs 
distributed in the brain, heart, yolk and blood of embryos. Toxic 
effects included a concentration-dependent increase in mortality and 
delays in hatching. Developmental abnormalities consisted of twisted 
notochords, and slow blood flow associated with pericardial oedema 
and cardiac arrhythmia. Lee et al. (2007) developed techniques for 
imaging the transport of single sLlver-NPs (5-46 nm) through 
zebrafish embryos, and found that silver-NPs could penetrate the 
chorion via pore canals, wi th uptake kinetics characteristic of diffusion 
rather than active transport, in this study, concentration-de pendent 
increases in mortality were observed as well as deformities including 
finfold abnomialities, tail and spinal cord flexure/truncation, cardiac 
malformation, also oedema in the yolk sac and head. Silver NPs were 
also seen to attach to the surface of the chorion and later detected 
within fathead minnow embryos (though not conclusively deter-
mined to be Ag-NPs) after just 24 h exposure to one of two 
commercial Ag-NP products (see Table 2 for details) [Laban et al., 
2010). Yea and Kang (200S! saw significantly decreased hatching 
rates in zebrafish embryos exposed to nano-siiver. Furthermore, 
hatched fish displayed abnormal nolochords, weak heart beat, curved 
tails, and damaged or absent eyes. Catalase, an important antioxidant 
enzyme, was also induced in exposed embryos, possibly indicating 
oxidative stress as one mechanism of toxicity. 
Zhuetal. (2009) conducted a study to investigate the effects of an 
aggregated nanometal which had settled out of the water column in 
anattempt to mimic realistic environmental conditions. In their study 
reduced hatching rates and peiicardial edema were seen in zebrafish 
embryos exposed to nano-ZnO, which was not likely to be attributable 
to dissolved Zn from the NPs with a positive control group (exposed to 
dissolved Zn) experiencing far fewer toxic effects. Reactive oxygen 
species (ROS) generation was higher m nano-ZnO exposed embryos 
compared to exposure to dissolved Zn. although notably, embryos 
exposed to the latter showed up regulation of genes for enzymes 
involved oxidative stress responses. These genes were not up 
regulated in nano-ZnO exposed embryos, with levels below controls 
at some time points. The authors concluded that disruptions in the 
ability of the embryos to counteraa effeas from ROS cannot be 
discounted, with nano-ZnO exposed animals experiencing disnrptions 
BJ.aiaw.liD.HBnity/Emmirmmiiljarniatiimid37(20ll) I0S3-I097 1093 
to hatching rates and physical development that could possi t^ have 
been associated with oxidative stress. Reduced hatching rates were 
also seen in zebrafish embryos exposed to nario-Zn along with 
decreased survival, delayed embryo and larva! development and 
tissue damage (ukeration). However, exposure In the same study to 
bulk ZnO caused comparable effects and similar acute toxicity, with 
LD50 concentrations of 1.793 and 1.550 m g l ' for nanoscale and bulk 
ZnO respectively (Zhu et al.. 2008). In the same study exposure to 
titanium dioxide and alumina did not cause toxicity. 
Size and shape effects of a nanometal on fish embryos were 
investigated by Isjias ei al. 12009}. In their study, dechc«1onated 
zebrafishembryos were exposed to spherical Ni-NPs of different sizes 
(30.60, and 100 nm diameters} and a dendritic structure consisting of 
aggregated 60 nm particles (particle size distribution of 540 nm) v«th 
comparisons made to soluble Ni salts. Nickel NPs were equally, or less 
toxic than nickel salts (LDso), But. dendritic dusters were markedly 
more toxic than both NPs and soluble Ni. (LD50 of the three NPs 
between 221 and 328 mgl" ' .soluble Ni; 221 m g l " ' . whilst dendritic 
clusters had an L D M of 115mgl~')- interestingly, although both 
nano- and soluble nickel had similar acute toxicity, sub-lethal affeas 
manifested in different ways, with organ defects [similar in embryos 
exposed to Ni-NPs and dendritic clusters), absent in those exposed to 
soluble Ni. or at least until much higher concentiations. These effects 
included a thinning of the intestinal wall and skeletal muscle fibre 
separation. Analogous to data from nano-Cu experiments (previously 
detailed), the majority of toxic effects seen from nano-Ni do not stem 
from dissolved Ni released from ttie NPs. with Ispas et al. (2009) 
suggesting that only 2.4-3.8X of the observed toxicity was due to 
soluble metal. As discussed in the previous section, oxidative stress 
may be one mechanism of nanotoxicity in fish at the embryonic stage 
(e.g., Li et ai.. 20139). howcvera comparison of these effects in embryos 
exposed to dissolved metals is difficult due to the sparsity of data in 
the literature. This is most likely related to the difficulty in making 
such measurements in individuals due to the small size of embiyos. 
Numerous studies on tfte lethal and developmental affects of 
dissolved metals to early life stage fbh. have led researchers to suggest 
that emlnyos are less senative than larval Rsh (e.g.. Eaton etai.. 1978; 
McKimetaL, 1978; Dave. 1,985; Shazili and Pascoe. l986;Scudderet al.. 
1988; Ka^ i^aiiskiene and Stasiunaite, 1999). However. Johnson e[ ii 
(2007} arjue tliat embiyos exposed after the chorion has hardened may 
disiriay reduced sensitivity compared to those exposed beforehand (i.e.. 
< l h post-fertilisation) due to the protection afforded by this mem-
brane. Therefore, when using fish embryos in (ecc>)toxicotogy tests, 
includingthose with NPs.exposureshould commence within an hour of 
the eggs being laid in order to enable a mwe environmenlaily realistic 
appraisal of any effects (Johnson et aL 2007). although dechorionation 
pr^ents an alternative, albeit more unrealistic, optiorL 
8. DieUry exposure to oanometals 
The consensus view is that dietary metal exposure is rtie main 
mode of chronic exposure of wild Ssh to metals, and that whilst 
dietary metals are not acutely toxic, there can be long term sub-lethal 
effects (review. Handy et ai.. 2005). These sub-lethal effects can 
include dose-dependent effects on growth (Gearwater et ai„ 2005), 
although fish usually adopt a bioenergetic strategy that preserves 
grovirth at the expense of other aspects of metabolism (Handy et a l . 
1999; Campbell et al.. 2005a). The sub-lethal effects include increased 
costs of aerobic metabolism with subsequent changes in swimming 
performance (Campbell el al,. 2002) or the ability to compete for food 
(Campbell el al., 2005b). Fish can also show subtie pathological 
changes in the Ih^er (e.g.. fatly diange. foci of necrosis. Handy et al.. 
1999; Shaw and Handy. 2006) and evidence of Oransient oxidative 
stress (Baker et al_ 1998; Bemtssen et aU 2000; Hoyle et al.. 2007). 
The osmoregulatory effects of dietaty metal exposure are much less 
severe than via the aqueous route, although disturbances to tissue 
electrolytes and Na'^/K'^-ATPase are sometimes recorded (e.g., Hoyle 
etal., 2007). 
To our kttowledge. apart from a veiy recsit report hvm our 
laboratory [Ramsden et aL. 2009), tiiere is very littie information on the 
sub-lethal effects of dietary exposure to nanometals in fish. In mice, 
acuK toxic effects can be observed (often after a single gavage of mg 
doses of tlie nanometal). For example. Chen ei al. (2006) found that 
THno-Cu caused some pathology in tfie kidney, spleen and liver, some of 
which were classified as being severe or 'deadly severe'. Wang et al. 
(2006) observed severe symptoms of lethargy, with vomiting and 
diarrhoea for Ifie first few days, in mice orally exposed to nanoscale zinc 
Two mortalities occurred after the first week, vinth both animals 
showing aggregations of Zn partides in the intestine (Wanget al.. 2006). 
In a study by Wang et al, (2007) no acute toxicity was seen in mice 
exposed to either nano-sized (25 or 80nm) or fine (155nm) TiOj 
parrides by single oral gavage. However, changes to serum bkichemical 
parameters and cellular pathology in hepacocytes were noted. In the 
only detailed nutritional toxicity study of nanometals in trout. Ramsden 
ei al. (2009) dreerved no impact on growth or nutritional performatKe, 
but some changes to Cu and Zn levels in the brain, along with a 50% 
inhilfltion of brain Na~/K"-ATPase activity. Statistically significant 
decreases in TBARS in tfie gill and intestine compared to control were 
also seen during the experiment although no chariges to the total 
glutathione pool were observed. These data support the notion that 
nanometals touid produce similar subtie toxic effects to metal salts in 
thediet, without compromising growth. NotaHy. Ramsden etal, (2009) 
compared their results for 1102 NPs against the known hazard from 
other metals, and argued that based on sub-lethal effects without 
inhibition ctf growth, the dietary hazard from TiOj NPs was similar to 
mercury at equivalent oral doses. 
The main target organs for the dietary exposure route, and whether 
or not nanometals will accumulate in the edible flesh offish to present a 
human health risk, remains to be estaUbhed. Absorption efficiendes fw 
essential metals ranges finm around 30 to70* in the diet offish (Handy, 
1996). although values tor non-essential toxic metals can be only a few 
percent or less (rf the total oral dose (e.g., Cd, Franklin et ai„ 2005). There 
are no data on dietary uptake efficiency for nanometals in fish {fx 
rodents), but ttie data of Ramsden ei al, 12009) suggests that the uptake 
of T1O2 NPs will be a few % of the total dose and with similar target 
organs to othH- dietary riKtals. The effects of nanomeials on luminal 
chemistry in the gut, and the availability of nutrients from the gut lumen 
are unknown; as are the effects of nanometals on gut ftmction. 
Nonetheless, the drinking of contaminated water can result in severe 
erosion of the gut epithelium in trout (TiO; N I ^ Federici et al,. 2007). 
Tliis effect was not observed with dietary exposure via the fbtxl 
(Ramsden er aL 20O9). suggesting the presence of Ibod or organic 
matter in the gut lumen will have protective effects on the oral toxirity 
trfsomefifPsinfish, 
9. Stnss responses of fish and metal nanoparticles 
The stress responses of fish have been extensively irwesti^ted aix] 
indode two ^neric responses, ttie adrenergic response and a conixi-
drivCTi stress response Both these responses are well known during 
metal expcsure (see review by Handy, 2003 for Cu stress). Tlie adrenergic 
response invoh^es tiie elevation of adrenaline and/or ntwadrenaline in the 
blood following the stimulation of chromaffin cells in the anrerior (head) 
kidney and posterior cardinal vein to release stored catecholamines (Reid 
C! ai.. 1995: Sumpter. 1997). The noradrenaline is synthesised from 
dopamine via a Cu-dependent enzyme, dopamine (V hydroxylase, and 
tiie release involves an exocytosis patiiway from the ctiromaffin cells 
(Handy. 2003). The stimuli causing the release erf stored catediolamjnes 
indude stimulation of the sympathetic nervous system, disturtunces to 
local blood cttemistty (anoxia/addosis. high K*) and various neuropep-
tides released from iKHvcfwIinergic nerves (Sumprer, 1997; Reid et al,. 
1998: Haitdy, 2003). For exposures to dissolved metals, it is dear tiiat the 
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adreneigic response is stimulated by these mechanisms (Brown, 1993: 
Handy, 2003). Adrenaline and noiadrenaline levels have not yet been 
measured in fish following nanometal exposure to confirm if this is also 
the case for MPs. It would seem likely, since NPs are TMpiraiory toxicants 
in fish IFedericietaL. 2007: Smith etal., 2007) and tills should result in 
some respiralory acidosis to stimulate the adrenergic response. There is 
some evidence of brain injuiy from NPs in trout (Smith et al., 2007: 
Ramsden etal. 2009), but as yet it is unclear how this would change any 
neurostimulation of the chromaffin cells, or release of neuropeptides into 
the blood. Direa effects of nanometals on diromalfin cells are unknown, 
but one concern is that NPs accinnulated in the vesicular trafficking 
system in the cells could interfere with catecholamine release. 
The elevation of plasma Cortisol, in the short term, is a beneficial 
response to stress resulting in the release of red blood cells into the 
circulation and stimulation of ion uptake at the gills {e.g., McDonald and 
Milligan, 1997). The release of Cortisol from the intenenal tissue in the 
kidney is driven by stimulation of the hypoihalamic-pituitaiv-intertenal 
(HPI) axis via the secretion of precursor, adrenocorticotrophic hormone 
(ACTH), from Che pituitary. Speculation has been made on how metals 
may interfere with this process (Handy. 2003) including Co-dependent 
stimulation of prostaglandin Ej jPCE;) which can modulate the anteriot 
pituitary as well as neurological stimuiation of the hypothalamus, !t 
seems inevitable that this response will be influenced by brain 
pathology fixim NPs and nanometals are known to cause inflammation 
reactions, which could stimulate PCEj and therefore Cortisol release. 
10. Conclusions and a penpective on hazanJ assessment 
Data on the physiological effects of nanometals on fish are now 
emerging, and although the data set is limited with much research to be 
done, there is an indication that nanometals may not be as acutely toxic 
as dissolved metals. The data on sublethal effects show that nanometals 
do have adverse elTeas on fish, and thai some of these toxic effects are 
also well known for dissolved "metals (e.g., respiratory distress, 
inhibition of ATPases, oxidative stress), A key question is whether or 
not there are additional hazards from Che nanoform compared to the 
dissolved metal. This needs to be addressed on a case by case basis for 
each nanometal, but overall, the sublethal effects observed for NPs are 
[so far) comparable to existing metals. Unusual pathologies (e,g, in the 
brain offish) from NPs suggest that there may be additional or novel 
ha7.ard associated with the nanoscale. The neurological effects of NPs 
could be important in modulation of stress responses in fish, but this 
remains to be determined by experimentation. Critically, in order to 
advance our inCerpretation of physiological effects data, methods for 
measuring nanometals in tissues are lugently needed. 
The mechanisms of uptake and bioavailability of nanomeCals are 
likely Co be very different to dissolved metals, v/ith the former not being 
able to utilise ion transporters for the uptake of NPs. but instead using 
other mechanisms such as endocytosis. It is also dear that NP chemistry 
is veiy different to that of dissolved metals, and the equilibrium models 
we currently use to calculate free metal ion concentrations have limited 
theoretical foundation for its use with nanometals. The chemistiy of NPs 
is fundamentally different (dynamic instability, nM an etjuilibrium 
process), v«th perhaps one very important exception: the dissolution of 
free metal ions from the surfece of NPs. In the tatter case, it may be 
possible to apply existing biotic tigand mtxiels to the dissolved fraction. 
The metals community has also been working on more sophisticated 
models for the behaviour of metals in natural water which account for 
metal binding to soft colloids in Che water column (e.g_ humic acids), 
and Che compartmentaiisation of metals in other colloidal fractions 
(Rotureau and van Leeuwen, 200B: Duvai. 2009). Natural colloids 
ojjerate at the nanoscale. and it may be possible to develop 
bioavailability models for nanometals by incorporating knowledge on 
natural colloids (e,g.. Lead and Wilkinson. 2006) with aspects of metal 
speciarion. and the behaviour of engineered NPs, This would be an 
important step in enabling regulatory agencies to link the hazard 
information fi^om physiological effects studies with the environmental 
chemistry of nanometals. Ideally, the regulatory agencies would prefer 
to be able to apply corrections for water hardness. pH. ionsc strength, 
etc, in a similar way to dissolved metals. Particle theory suggests that 
such abiotic factors vnll be important, and while this may lead to 
empirical cOrteaionsCowaterquality standards that could be applied by 
regulators, one must no! forget that the reasons behind such corrections 
viall be fundamentally different to thai for dissolved metals. 
The advent of increasingly complex hybrid versions of (nano) 
materials containing more than one NP or doped metal, suggests it may 
be important to elucidate whether these nanohybrids exert a mixtures 
effect that would be equivalent to the sum of the individual metal 
components (or cause synergistic effects), and whether Che unique 
properties of Che material would require some novel approach to the 
issue of composite materials. Clearly, the stability of such composite 
materials in both the water and tissues may be critical In any mixture 
effect. This and other aspects of metal toxicity vrill need revisiting asnew 
nanomateriais emerge. 
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